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Abstract

This report documents the cement sorption database (SDB) for the cementitious near-field of
Switzerland’s future deep geological repository for low- and intermediate-level waste (L/ILW
repository). The current update of sorption values is based on earlier SDBs prepared within the
framework of the Swiss waste management programme. The updated cement SDB is intended for
use in safety assessment calculations. Sorption values were selected based on the values and
procedures reported in earlier SDBs, taking into account the results from in-house experimental
studies and from work published in the open literature. In contrast to previous SDBs, sorption
values were also assigned to the radionuclides considered for safety analysis in the fourth stage
of the cement degradation process.

In addition to the sorption values, this report also includes a compilation of sorption reduction
factors resulting from the presence of cement-derived colloids and important complexing ligands
as well as from sorption competition with iron-corrosion products and stable isotopes present in
the cementitious near-field. The sorption reduction factors linked to colloids and complexing
ligands were assigned on the basis of information on their concentrations in the near-field and
their complexing properties, while sorption reduction due to sorption competition was assessed
by estimating the effect of the solubility-limited concentrations of key radionuclides on the
sorption capacity of calcium silicate hydrates (C-S-H).
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Zusammenfassung

Dieser Bericht umfasst die Zusammenstellung einer Zement-Sorptionsdatenbank (SDB) fiir das
zementhaltige Nahfeld des Schweizer Tiefenlagers fiir schwach- und mittelaktive Abfalle (SMA-
Lager). Die vorliegende Aktualisierung der Sorptionswerte basiert auf fritheren Datenbanken,
die im Rahmen des schweizerischen Entsorgungsprogramms erstellt wurden. Die aktualisierte
Zement-SDB ist fir Berechnungen fiir den Langzeitsicherheitsnachweis vorgesehen. Die
Sorptionswerte wurden auf der Grundlage der in den friiheren Datenbanken angegebenen Werte
und Verfahren ausgewihlt, wobei die Ergebnisse aus eigenen experimentellen Studien und aus
Arbeiten, die in der freien Literatur verdffentlicht worden sind, mitberiicksichtigt wurden. Im
Unterschied zu den friiheren Datenbanken wurden auch Sorptionswerte fiir die dosisrelevanten
Radionuklide in der vierten Stufe des Zementabbaus zugeordnet.

Zusitzlich zu den Sorptionswerten enthédlt dieser Bericht auch eine Zusammenstellung von
Sorptionsminderungsfaktoren durch die Anwesenheit von zementartigen Kolloiden sowie
wichtigen komplexbildenden Liganden und durch Sorptionskonkurrenz mit Eisenkorrosions-
produkten und stabilen Isotopen, die im Nahfeld vorhanden sind. Die Sorptionsminderungs-
faktoren durch Kolloide und komplexbildende Liganden wurden auf der Grundlage der verfiig-
baren Informationen iiber ihre Konzentrationen im SMA-Nahfeld und ihre komplexbildenden
Eigenschaften zugewiesen. Die Sorptionsminderung durch Sorptionskonkurrenz wurde bewertet,
indem die Auswirkungen der 16slichkeitsbegrenzten Konzentrationen der wichtigsten Radio-
nuklide auf die Sorptionskapazitit von Kalziumsilikathydraten (C-S-H Phasen) beurteilt wurden.
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1 Introduction

1.1 Deep geological repositories for low- and intermediate level waste

In Switzerland, the Nuclear Energy Act requires the disposal of all types of radioactive waste in
deep geological repositories (KEG 2003). The basic feasibility of the safe disposal of radioactive
waste in a deep geological repository in a clay host rock was demonstrated by Nagra in Project
Entsorgungsnachweis (the term translates into English as “demonstration of disposal feasibility”)
at the end of 2002. This feasibility study was based on the potential Opalinus Clay (OPA) host
rock in the Ziircher Weinland area in Northern Switzerland and was supported by a detailed safety
case (Nagra 2002b, 2002¢, 2002a). At the time, two types of repositories were foreseen in
Switzerland:

e arepository for the disposal of low- and intermediate-level waste (L/ILW) arising from the
operation and decommissioning of Swiss nuclear power plants, from medicine, industry and
research and from those reprocessing operations that produce only low-level technological
waste,

e arepository for the disposal of high-level waste (HLW), comprising spent nuclear fuel (SF)
and vitrified HLW, as well as long-lived intermediate-level waste (ILW), primarily resulting
from fuel reprocessing.

Project Entsorgungsnachweis considered only the repository for SE/HLW/ILW, referred to in the
following as the HLW repository.

The choice of both the Opalinus Clay and the Ziircher Weinland was the result of a preliminary,
safety-based evaluation of potential host rocks, in which other possible options were also
evaluated but set aside by Nagra; host-rock and site selection were later carried out in a more
systematic manner following the Sectoral Plan for Deep Geological Repositories.

In September 2022, as part of Stage 3 of the siting procedure, Nagra formally proposed the
Nordlich Lagern (NL) siting region, which lies within Cantons Ziirich and Aargau, as the site for
a combined repository for all waste types, with Opalinus Clay as the selected host rock. Nagra is
currently in the process of preparing a general licence application for this site, supported by a
safety case. The documentation will be submitted at the end of 2024. The present report is one of
several required to demonstrate that the geological and engineered barrier systems of deep
geological repositories meet all safety requirements over the time period under consideration
(KEG 2003).

This report contains the cement sorption database required for the dose calculations for
radionuclide release from the L/ILW near-field to be performed within the scope of the safety
analyses. By design, a large amount of cementitious material will be used for the construction of
the L/ILW section of the repository as well as for the conditioning of the waste and the backfilling
of the caverns. The cementitious material contains a high proportion of ordinary Portland cement
(OPC). A large fraction of the waste is conditioned with cementitious materials. The waste drums
are placed in concrete disposal containers and the void space will be filled with cementitious
material. Metallic decommissioning waste, such as activated metal parts or activated concrete
blocks, will be disposed of directly in the disposal containers and filled with a cementitious
suspension. The disposal containers will be stacked in the L/ILW caverns and the void space will
be filled with a backfill mortar.
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Cementitious materials influence the geochemical conditions in the near-field and contribute to
the retention and slow release of radionuclides: 1) They create a high-pH environment that ensures
low solubility for much of the radionuclide inventory and contributes to the passivation of the
steel contributing to low metal corrosion rates. 2) The alkaline near-field creates hostile conditions
for microbial activity. 3) Many radionuclides are strongly bound to cement minerals, reducing the
concentrations in the cement porewater (CPW) and thus radionuclide mobility.

The sorption values on hardened cement paste (HCP) for the radionuclides considered for safety
analysis (hereafter referred to as dose-relevant radionuclides) are therefore key input data for the
calculation of the radionuclide release from the L/ILW near-field as part of the dose calculations
that Nagra will perform for the safety analysis (SA) within the framework of the general licence
application (RBG).

1.2 Objective of this report — a cement sorption database

The aim of this report is to develop a sorption database (SDB) containing sorption values for dose-
relevant radionuclides on cementitious materials for the SA calculations to be performed by Nagra
for a deep geological repository. Data from the open literature combined with results from in-
house research were used to select the sorption values, taking into account current information on
the waste inventories and the repository design. This cement SDB is the latest in a series that has
been published over the last almost three decades and updated each time to reflect the latest state
of the art. Wieland (2014) developed an SDB (CEM-14 SDB) for cementitious systems for use in
the SA of a deep geological repository for L/ILW within the framework of Stage 2 of the Sectoral
Plan for Deep Geological Repositories (“Sachplan geologische Tiefenlagerung — Etappe 2, SGT-
E2) of the Swiss waste management programme for radioactive waste. The latter report was an
update of previous SDBs prepared by Wieland & van Loon (2002) (referred to as CEM-02),
Bradbury & van Loon (1997) (referred to as CEM-96) and Bradbury & Sarott (1994) (referred to
as CEM-94) for the cementitious near-field of L/ILW and ILW repositories.

Already for the previous cement SDBs, the sorption values were selected on the basis of in-house
experimental data and literature data. In-house sorption studies were carried out with the sulphate-
resisting Portland cement CEM I 52.5 N HTS (Lafarge, France), which is currently used for the
conditioning of L/ILW in Switzerland. In the case of the previous SDBs, the sorption values were
selected by taking into account the three main stages of cement degradation.

Briefly, the stages can be characterised as follows. In stage I of cement degradation, the
composition of cement porewater (CPW) is dominated by the release of alkali hydroxides (NaOH,
KOH), which results in a pH of > 13. In stage II, the chemical composition of the alkali-depleted
CPW is controlled by the solubility of portlandite, which fixes [Ca]; at ~ 2 - 102 M and the pH at
~ 12.5. Stage III is reached when the portlandite is completely dissolved. In stage III, calcium
silicate hydrate (C-S-H) phases dissolve incongruently, which results in a pH decrease from 12.5
to 10 and varies the Ca and Si concentrations in CPW depending on the chemical composition of
the C-S-H phases, in particular the Ca/Si (C/S) ratio.

In the present study, stage IV of the cement degradation is also considered. Stage IV is reached
when all Ca-bearing cement phases (portlandite, C-S-H, AFt, AFm) are dissolved. The matrix is
dominated by carbonate or clayey minerals. Recent modelling showed that a cementitious near-
field could be significantly altered as a result of internal and external degradation processes
(Kosakowski et al. 2020, Kosakowski et al. 2023).
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The compositions of the cementitious materials in the different stages of the cement degradation
and the corresponding porewaters have been discussed in several reports (e.g., Wieland &
Kosakowski 2020, Kosakowski et al. 2023). The most important findings from these reports are
briefly summarised in Chapter 2. The composition of the cementitious materials and the corre-
sponding CPWs in equilibrium are used as key data for the evaluation of radionuclide sorption in
the different stages of cement degradation.

The sorption values listed in the tables are defined in terms of a distribution ratio, with Ry,
accounting for the partitioning as follows:

_ Quantity of a radionuclidesorbed per unit mass cement mi3 1)
Equilibrium concentration of the radionuclide in porewater | kg

The above equation corresponds to the disappearance of the radionuclide from solution due to
uptake by the solid. The amount of a radionuclide sorbed is given by the difference between the
initial radionuclide activity added to the cementitious system and the final activity in solution. An
experimental approach such as this does not provide specific information on the uptake mecha-
nism. The latter information can only be obtained on the basis of additional parameter variations
in wet chemistry investigations, such as measurements at increasing solute concentrations (iso-
therms) and reversibility tests, or spectroscopic investigations on the coordination environment
of the sorbate, which are often missing in sorption studies. Therefore, the mechanisms of the
radionuclide sorption on cement paste and cement phases are often poorly known and, for some
radionuclides, several mechanisms have been proposed to explain their uptake by cement paste.
In this study, an attempt is made not only to assign R4 values to each radionuclide, but also to
consider the radionuclide uptake process itself and the cement phases responsible for the uptake
process, i.e., the uptake-controlling cement phase.

Sorption reduction due to the presence of complexing ligands (formation of water-soluble
complexes), colloids (association of radionuclides with colloids, leading to an increased radio-
nuclide mobility) or due to sorption competition can have an effect on radionuclide sorption and
thus reduce the Rq value. The relationship between sorption value and sorption reduction factors
is represented by the following equation (see App. A for the detailed derivation):

R{
Fo, F

red,1 : red,2 .

RS = )

F

red,3

Freq1 is the factor accounting for the sorption reduction caused by dispersed colloids, Fred2
accounts for sorption reduction due to the presence of complexing ligands in certain waste forms
designated as waste groups 1 and 2 in Nagra’s waste inventory, and F.q3 accounts for sorption
reduction due to sorption competition.

The methodology followed for the dose calculations within the scope of the consequence analysis
is based on a so-called mixing tank approach with a homogenised, fully saturated near-field
(Nagra NTB 24-18 planned). It should be noted that partially saturated conditions within the
L/ILW near-field dominate the time period under consideration as shown by Papafotiou & Senger
(2016) and explained in Martin et al. (2023). However, as thermodynamic calculations can only
be performed for fully saturated conditions and as these conditions are a conservative abstraction
of the repository, a full mixing tank assumption is considered for the waste group classification.
Therefore, by analogy, the sorption values derived within the scope of this report are related to
fully saturated conditions. The derived sorption values are therefore conservative values with
regard to the mixing tank approach.
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This study provides a compilation of sorption values for stages I to IV of the cement degradation
(Tab. 7-1 and Tab. 7-7: ) and sorption reduction factors (Tab. 7-3 to Tab. 7-6) recommended for
use in the safety analysis for the RBG. The appraisal of sorption values and reduction factors is
documented by briefly summarising essential considerations and thoughts in the course of the
data selection.

1.3 Composition of hydrated cement and cement porewater at different
stages of cement degradation

Cement degradation in the cementitious near-field of an L/ILW repository is the consequence of
various processes, such as the decomposition of organic matter, the dissolution of siliceous
aggregates in hyperalkaline CPW, and groundwater ingress from the surrounding host rock
(Kosakowski et al. 2014, Kosakowski et al. 2020, Kosakowski et al. 2023). Cement degradation
accounts for the time-dependent evolution of the mineral composition of cementitious materials
in the near-field of the cement-based repository and the composition of the corresponding near-
field porewater in equilibrium with these materials (Wieland & Kosakowski 2020). The
degradation of cement in three main stages was predicted by earlier modelling studies
(Berner 1992, Hoch et al. 2012, Jacques et al. 2010, Kosakowski et al. 2014, Neall 1994) that
were developed on the basis of experimental data (e.g. Faucon et al. 1996). The three main stages
with a progressively lowering pH of the porewater with time are the main feature of the diffusion-
controlled models of cement degradation and can be generically summarised as follows:

Degradation stage I (DS-I): The first stage accounts for freshly hydrated cement with a pH of the
porewater between 12.5 and 13.5 at 25 °C. The solution composition is dominated by high
concentrations of free alkali metal ions, which are released from the clinker minerals during
cement hydration. Equivalent OH™ concentrations are generated to fulfil charge balance.

Degradation stage II (DS-II): The pH of the porewater is controlled by portlandite solubility. The
large inventory of the mobile alkalis has been significantly reduced due to uptake by alkali-
binding minerals or due to exchange with the solutes of the porewater of the surrounding host
rock. Solubility of portlandite fixes the total Ca concentration [CaJi at ~2 - 102 M and the pH at
~ 12.5. This stage is characterised by the presence of portlandite and C-S-H phases with a high
C/S ratio, along with other cement phases, in HCP.

Degradation stage III (DS-III): This stage follows when portlandite has completely dissolved and
the incongruent dissolution of C-S-H phases occurs and dominates the evolution of the cemen-
titious materials. As a result, the C/S ratio of the C-S-H phase changes from initially ~ 1.65 at pH
~12.5to~0.8 at pH ~ 10 (Atkins & Glasser 1992). Congruent dissolution of the C-S-H phases
occurs at the end of DS-III, thus buffering the pH at ~ 10 (Ochs et al. 2016).

These three main stages of cement degradation are characterised by the presence of typical cement
phases, such as portlandite, AFt phases (calcium aluminate ferrite trisubstituted or calcium alumi-
nate trisubstituted), AFm phases (calcium aluminate ferrite monosubstituted or calcium aluminate
monosubstituted), hydrotalcite, siliceous hydrogarnet and C-S-H. Progressing degradation of the
cementitious materials results in the complete dissolution of all Ca-bearing cement phases, which
is often designated as the stage IV of the cement degradation.

Degradation stage IV (DS-IV): The final stage of cement degradation is reached when all
Ca-bearing cement phases (portlandite, C-S-H, AFt, AFm) have dissolved. The pH is controlled
by incoming water and by equilibrium with carbonates (calcite) (Ochs et al. 2016). It should be
noted that the mineralogy in this stage resembles a geological formation mainly containing clay-
type minerals and carbonates rather than a cementitious environment (Jacques et al. 2010,
Kosakowski et al. 2020). This final stage can only be reached if the cement is carbonated with
considerable amounts of CO,, or if Ca is leached by high fluxes of incoming formation water.
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The latter process can be excluded as a possible degradation mechanism for a repository placed
in a low-permeability clay formation such as OPA (Kosakowski et al. 2014, Kosakowski et al.
2023), while carbonation due to the internal production of CO, from degradation of organics is
conceivable.

This report focuses on the first three stages of cement degradation, which are characterised by
specific phase compositions of HCP and the corresponding porewaters in equilibrium with these
cement phases. Information on DS-IV, including the compilation of sorption values, is added for
“what-if” scenario calculations in the safety analysis.

14 Update on sorption values and sorption reduction factors

The present update on sorption values has been made with reference to the previous reports,
CEM-94 (Bradbury & Sarott 1994), CEM-96 (Bradbury & van Loon 1997), CEM-02
(Wieland & van Loon 2002) and CEM-14 SDBs (Wieland 2014). Sorption values were revised
when new information and/or data became available that allowed changes or re-appraisals of the
data compared to previous SDBs. The sorption values have been selected either on the basis of
i) available in-house experimental data, ii) a survey of sorption values in the open literature, or
iii) chemical analogy.

The sorption values were re-assessed and divided into three categories for the development of the
updated cement SDB:

Not re-assessed, not revised: No new information and experimental data are available that allow
a re-evaluation of the sorption values previously recommended in NTB 14-08 (Wieland 2014).
Sorption values as listed in NTB 14-08 were not revised.

Re-assessed, not revised: New and relevant information and experimental data are available that
allow a re-evaluation of the sorption values previously recommended in NTB 14-08 (Wieland
2014). However, the new information and data do not require a revision of the sorption values as
listed in NTB 14-08. The values compiled in NTB 14-08 are retained and, if necessary, only
modified according to the different porewater compositions of the reference systems for Stage 2
of the Sectoral Plan and the RBG.

Re-assessed, revised: New and relevant information and experimental data are available that
allow a re-evaluation of the sorption values previously recommended in NTB 14-08 (Wieland
2014). The values are revised in accordance with the new experimental data and/or based on a
more in-depth knowledge of the sorption process. If necessary, the values are further adjusted
according to the different porewater compositions of the reference systems for Stage 2 of the
Sectoral Plan and the RBG.

The present evaluation of sorption values is based on the reference CPW chemistries in the
different cement degradation stages as outlined in Section 1.3. In the earlier SDBs (CEM-94,
CEM-96, CEM-02, CEM-14), degradation products of bitumen and cellulose, concrete admix-
tures and cement-derived near-field colloids were taken into account as perturbing factors that
could reduce radionuclide retention in the near-field. For this purpose, possible impacts on
radionuclide mobility were considered and quantified in terms of sorption reduction factors. In
the current update, a re-appraisal of the sorption reduction factors is undertaken with reference to
the earlier cement SDBs. To add a new aspect, the updated cement SDB also considers the
possibility of the effect of sorption competition on the radionuclide uptake in cementitious
systems.
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1.5 Considered dose-relevant radionuclides for safety analysis

The considered dose-relevant radionuclides for safety analysis were selected on the basis of an
analysis of the waste streams including a re-assessment of radionuclide inventories and simplified
transport calculations. The radionuclides belong to the element groups listed in Tab. 1-1. Most
radionuclides have been classified as dose-relevant in the previous stages of the Swiss waste
management programme. New elements have been added to the list of dose-relevant radionuclides
(*°Al, #1Ca, 2#/5ICf, Fe, "Hg, '*™Ho, *2Si) due to a new selection procedure resulting from
transport calculations for the RBG. The selection process for the sorption values of the new
radionuclides is documented in detail. The dose-relevant radionuclides in L/ILW include all
actinides and their daughters with long half-lives, as well as activation and fission products.

Tab. 1-1:  Considered dose-relevant radionuclides for safety analysis”

Element groups 1, 2 and 13 Cs, Ca, Sr, Ra, Al

Transition elements (first to third period) Ti, Fe, Ni, Zr, Nb, Mo, Tc, Ag, Hg
Element groups 14, 16 and 17 C, Si, Sn, Pb, Se, Po, Cl, I

Lanthanoids and actinoids Ho, Ac, Th, Pa, U, Np, Pu, Am, Cm, Cf

* Some radionuclides considered in previous SDBs are not discussed in this report due to their lower priority at the
current stage of safety analysis.

The sorption behaviour of a radionuclide is influenced by the redox state of the dominant aqueous
species. In this study, sorption values for reduced and oxidised species of a radionuclide are given
to account for possible variability of the redox potential in the cementitious near-field of a
repository. Although all realistic scenarios predict strongly reducing conditions in a cement-based
L/ILW repository in the long term (Kosakowski et al. 2023), sorption values for both reducing
and oxidising conditions in the first three stages of cement degradation are selected in this SDB
for the sake of completeness. It should be noted that oxidising conditions prevail in the early phase
of a repository, while reducing conditions are expected to establish soon after repository closure
mainly due to the large amount of steel in the near-field that binds oxygen by oxic steel corrosion.
Wersin et al. (2003) recommended a reference En potential of -230 mV for reducing conditions.
Kosakowski et al. (2023) give an Ex range between 445 mV for cement degradation stage I and
~ -604 mV in stage Il and up to -379 mV in cement degradation stage III (see also Tab. 2-3).
Tab. 1-2 shows the oxidation states of the redox-sensitive radionuclides under the oxidising and
reducing conditions of an L/ILW repository as considered in this study.
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Tab. 1-2:  Redox states of redox-sensitive elements in aqueous media under highly alkaline
conditions considered in this study

Element Oxidising conditions | Reducing conditions
Se +VI +IV/-11
Mo +VI +VI
Tc +VII +HIV
Ag +1 0
Hg +II 0
Sn +IV +IV
Po +IV +II
Pa* +V +V
U +VI +IV
Np +VI+V +IV
Pu +VI+V +IV

5

The same Pa redox state has been assigned to oxidising and reducing conditions as no evidence for
Pa(IV) under alkaline, reducing conditions exists (Hummel et al. 2022).
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2 Cement porewaters and phase assemblage

2.1 Thermodynamic modelling of the porewater composition and phase
assemblage for cementitious systems

Within the framework of the general licence application, cement porewater compositions and
compositions of the cement materials have been defined for the three stages of cement degradation
of the cementitious systems representative for the near-field of an L/ILW repository. These data
define the chemical reference conditions for various subsequent modelling studies (e.g., solubility
limits for dose-relevant radionuclides, complexation of radionuclides by ethylenediaminetetra-
acetic acid (EDTA)) carried out for the development of the cement SDB. The properties of the
cementitious systems should adequately represent the expected chemical conditions of the near-
field over the time period under consideration for an L/ILW repository.

The general description of the three stages of cement degradation has been presented above
(Section 1.3). Nevertheless, the specific conditions in these stages have to be determined for a
particular repository system based on thermodynamic calculations. The thermodynamic model
used to calculate the reference porewaters and the phase assemblage of HCP for the L/ILW near-
field is based on the equilibrium of a cement representative of a cement-based near-field in three
stages of cement degradation with representative porewaters, in particular OPA porewater in later
stages of degradation (see Section 2.3). It can be assumed that the initial composition of the OPA
porewater is strongly altered in equilibrium with cement paste, which is why the initial OPA water
composition plays only a minor role for the modelling. A detailed description of the approach
used to define the HCP compositions and their equilibrium cement porewaters in the three stages
of cement degradation can be found in Kosakowski et al. (2023). In the following, a summary is
provided, which includes the description of the model and the modelling approach as well as the
resulting HCP and porewater compositions in the three different cement degradation stages.

In a realistic scenario, it is assumed that the redox state is mainly reducing during the lifetime of
the cementitious near-field because the available oxygen is rapidly consumed by oxic metal
corrosion and microbiological activity after closure of the repository. The redox potential is then
determined by Fe-containing minerals resulting from anoxic corrosion of steel present in the
cement barrier. This scenario is also applied in the thermodynamic calculations of the cement
porewaters in the three degradation stages of HCP. The present cement SDB therefore contains
radionuclide sorption values for the reducing conditions to be expected during the period of
concern for the repository. Oxidising conditions were predicted by Kosakowski et al. (2023) only
for the porewater in DS-I, as they are not relevant in the later degradation stages of HCP in a deep
geological repository. For the selection of sorption values under oxidising redox conditions in
DS-II and DS-III, it is assumed that the same cement minerals control sorption as under reducing
conditions.
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2.2 Model description

Selection of a representative cement

A CEM I-type cement is currently foreseen for the production of the in-situ concrete elements,
the cavern filling mortar and the concrete containers, and it could also be used in container-filling
mortar. A CEM 1 52.5 R (from Jura Cement, Switzerland) is provisionally considered as a repre-
sentative cement for the porewater calculations (see Kosakowski et al. 2023 for more details).
The composition of CEM I 52.5 R is listed in Tab. 2-1.

Selection of the OPA porewater

For equilibration with concrete in DS-II and DS-III, the OPA in-situ porewater from the Nordlich
Léagern and Ziirich Nordost (NL-ZNO) siting regions was defined as the reference OPA porewater
(OPAW-NL-ZNO-22 in Kosakowski et al. 2023) (Tab. 2-2). It is to be noted that OPAw_ NL-
ZNO-22 is assumed to be representative for the repository in the NL siting region selected for the
repository by Nagra.

GEMS version, database and model implementation

All calculations were carried out using the updated PSI-Nagra thermodynamic database (TDB)
2020 (Hummel & Thoenen 2023), implemented in the GEM-Selektor version 3.9.3, and the
CEMDATA18.1 TDB for cement phases (Lothenbach et al. 2019). They were adjusted by G.D.
Miron for compatibility with the PSI-Nagra TDB 2020 at the level of equilibrium constants, i.e.,
1 bar and 25 °C. Activity coefficients of aqueous species were calculated based on the specific
ion-interaction theory (SIT) for aqueous species using parameters compiled in the PSI-Nagra
TDB 2020.

The CSHQ solid solution model of C-S-H (Kulik 2011) is used and also integrated in the
CEMDATA18.1 TDB (Lothenbach et al. 2019), which reproduces the water content of C-S-H
including the gel porewater of C-S-H. In this report, information on the mass (volume) of gel
porewater in C-S-H was needed to create a workaround that avoids an underestimation of the
accessible porosity and the mass/volume of the aqueous phase per given mass of concrete, which
in turn could lead to an overestimation of the ionic strength.

Porewater and solid phase compositions were modelled for the three representative cement
degradation stages (DS-I, DS-II, DS-III) (Kosakowski et al. 2023) (Tab. 2-3). For use in
the present SDB, the reference variants with an average porosity of 20% as defined by
Kosakowski et al. (2023) are used, i.e., during the early DS-I phase, oxidising redox conditions
are characterised by a pe value of 7.5 (Ex = 443 mV, “oxic” conditions). Reducing conditions at
a later stage in DS-I are assumed to be imposed by the presence of magnetite (Fe;Oas(cr)) and
Fe/Al siliceous hydrogarnet (SHG; C3(AF)SossH) at equilibrium (pe = -6.76, Ex = -399 mV,
“reducing conditions”). During cement degradation stages Il and III, redox conditions are
assumed to be buffered by the presence of magnetite and pyrite (FeS)(cr) (DS-1I: pe = -10.2,
Ex=-604 mV. DS-III: pe =-6.4, Ex = -379 mV, “reducing conditions”).

The different redox states are implemented in the GEMS project by removing more oxygen from
the bulk composition to mimic the influence of iron corrosion, which would form iron oxide (e.g.,
magnetite). Increasing the removal of oxygen moves the redox state from oxidising, via a suboxic
state, to a strongly reducing state (cf. the “negative addition” of O in Tab. 2-3). A detailed
discussion of the applied modelling procedures can be found in Kosakowski et al. (2023).
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Composition of CEM 1 52.5 R
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From Wieland & Kosakowski (2020), Tab. 8, with extensions

Chemical composition

Elemental composition

Normative phase

Sk

Compos CEM_I_52.5R composition

[g/100g] [mol/100g] [g]
SiO; 20.0 Al 9.61 - 1072 Alite 64.7
AlO3 4.9 Ba 6.52 - 107 Belite 14.5
Fe 03 3.3 Br 1.25-10° Aluminate 5.9
CaO 63.5 C 227102 Ferrite 8.5
MgO 1.8 Ca 1.13 Gypsum 3.0
MnO 0.1 Cl 2.54 - 10 Hemihydrate 0.6
SrO 0.059" F 1.58 - 103 Anhydrite 0.1
BaO 0.01™ Fe 4.13-102 Periclase 0.3
KO 0.7 H 1.33 - 10! Calcite 1.8
Na,O 0.2 K 1.49 - 102 Dolomite 1.7
LOI"™ 2.0 g/100g | O Mg 4.47-102 Quartz 0.4
CO; 1.0"" Mn 1.41- 1073 CaOfree 0.64
H,O 1.1946™ Na 6.45 - 107
SO3 32 (0] 2.29
Br 0.0001™ S 4.00 - 102
Cl 0.009" Si 3.33- 10!
F 0.03™ Sr 5.69 - 10
P,0s 0.2""
TiO; 0.3
0> (mol) -0.00264"**
Total (without 97.8 102.14
LOI, P,0s, TiO2)
Total (with SrO, 100.0
BaO, Br, Cl, F; no
P,05,TiO»), g

ok

Average content in clinkers from Moir & Glasser (1992)
Minimum values for clinkers using data from Bhatty (2003) available from the website

https://www.cementequipment.org/home/everything-you-need-to-know-about-minor-elements-in-cement-
manufacturing (accessed 11th January 2022)

modified to achieve 100.0 g total

' Ignored

stk ok

seokokskok ok

LOI = loss on ignition, assumed to be 1.0 g/100 g CO2 and 1.0 g/100 g H20. Set to 4 of LOIL, H2O content

Oz removed to make Oz-rich gas phase unstable, yet remain at oxidising redox conditions
Normative cement composition from Caruso et al. (2017)
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Tab. 2-2:  NL-ZNO-22 porewater composition
Described in Kosakowski et al. (2023) (OPAw_NL-ZNO-22; Tab. A-2)

Porewater composition

OPAw_NL-ZNO-22

log p(COy) [bar] -2.20

pH 7.10

pe -2.83

Ionic strength [mol/kgy] 0.319
Molality [mol/kgy]

Al 2.09 - 10

Ba 1.57 - 107

C 2.21-1073

Ca 2.03 102

Cl 0.240

F 1.74 - 10

Fe 2.56 - 107

K 2.13-103

Mg 1.45 - 1072

Mn 8.24 - 107

Na 0.215

S 2.29 - 102

Si 1.72 - 10

Sr 3.70 - 10*
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Tab. 2-3:  Geochemical conditions (solids, porewater composition) in DS-I, DS-II, DS-III
assuming a hydrated cement porosity of ~20%, oxic/reducing conditions in DS-I
and reducing conditions in DS-II and DS-III
Kosakowski et al. (2023)

Parameters DS-I DS-I-mt DS-II-mt-py DS-III-mt-py
(oxic) (reducing) (reducing) (reducing)
Porosity [%] 20.14 20.599 19.73 20.51
pH 13.11 13.113 12.682 9.89
pe 7.5 -6.659 -10.236 -6.42
En [mV] 445 -393.2 -604.36 -379.0
Ionic strength [m] 0.184 0.182 0.288 0.327
Solutes [mol/L]
Na 3.64 - 1072 3.64 - 102 0.187 0.113
K 1.44 - 10! 1.44 - 10! 6.68 - 102 8.92- 107
Ca 2.76 - 1073 2.76 - 1073 1.37 - 102 7.10 - 1072
S (sulphate) 9.04 - 10+ 9.02 - 10+ 8.91-10* 1.34 - 1072
Cl 4.41-103 441-103 0.209 0.238
Cinorg 5.74 - 107 5.74 - 107 1.58 - 107 8.41-10°
Si 3.60 - 107 3.60 - 107 8.91-10* 5.88 - 10+
Al 2.63 - 107 2.63 - 107 1.62 - 10 7.7 - 107
Fe 3.23-108 3.22-108 2.60 - 10°® 1.5-107
Mg 1.89 - 10 1.88 - 10 478 - 107 9.06 - 10°¢
Major solids of hardened / degraded cement paste [weight (wt.) %]
C-S-H 333 333 36.67 67.53
- C/S ratio 1.58 1.58 1.59 0.70
Portlandite 17.6 17.6 17.33 0
Ettringite 9.9 9.9 10.12 0
Al/Fe siliceous 10.2 10.2 0 0
hydrogarnet
OH-hydrotalcite 2.75 2.75 2.75 0
Calcite 26.1 26.1 24.46 17.19
Monocarbonate 0 0 6.39 0
Friedel’s salt 0 0 0.37 0
Gypsum 0 0 0 2.60
Ferrihydrite 0 0 0 0
Magnetite 0 0.025 1.73 1.15




NAGRA NTB 23-07 14

Tab. 2-3:  Cont.

Parameters DS-I DS-I-mt DS-II-mt-py DS-III-mt-py
(oxic) (reducing) (reducing) (reducing)
Pyrite 0 0 0.02 0.01
M-S-H 0 0 0 2.56
Chabazite (zeolite) 0 0 0 8.865
23 Consequences of the compositions of HCP and CPW for SDB
development

In this section, the differences in the compositions of the porewaters and the cementitious
materials are briefly discussed with respect to possible consequences for the development of the
cement SDB for the RBG. A comparison is made with the composition of the porewater and the
cement paste (CEM I 52.5 N HTS) used for the development of the previous cement SDB for
Stage 2 of the Sectoral Plan (reference system in NTB 14-08, Wieland 2014) (Tab. 2-4). The most
important parameters to be considered in the appraisal of sorption values are: 1) the concentrations
of Na and K, 2) the Ca concentration, 3) the pH, 4) the concentrations of anions (in particular
CI), 5) the mineral composition of the cementitious material.

Effect of alkalis and Ca®"

The alkalis influence Cs(I) sorption, while Ca(II) has an influence on the sorption of the alkaline
earth metals (Sr(Il), Ra(Il)) and the anion sorption onto C-S-H phases. Several studies report
that aqueous Ca concentrations below ~ 2 - 10° M give rise to negative surface charges (e.g.,
Labbez et al. 2007, Pointeau et al. 2006, Viallis-Terrisse et al. 2001). Above this treshold of Ca
concentration, a charge reversal occurs at the C-S-H surfaces, which promotes the sorption of
negatively charged anions.

Effect of pH

The pH values of the reference system used for NTB 14-08 (Wieland 2014) and the anticipated
systems modelled for the RBG documentation are similar for DS-I and DS-II, but about an order
of magnitude lower for DS-III (Tab. 2-3 and Tab. 2-4). Differences in the pH can be attributed to
differences in the total alkali concentrations controlled by alkali uptake by C-S-H phases and
zeolites. The lower pH for the anticipated system in DS-III modelled for the RBG is a
consequence of the higher margin assumed for this degradation stage (C-S-H degraded to C/S 0.7
instead of C/S ~ 0.8).

In the case of strongly hydrolysed metal cations in alkaline conditions, e.g., Pb, U(VI) and Np(V),
the variations in the pH may change the proportions of the concentrations of the hydroxyl species
in solution. These changes give rise to variations in the extent of uptake of strongly hydrolysed
cations by cementitious matrices in relation to the pH and thus account for the differences in the
sorption values recommended in the cement SDB. However, it should be noted that uncertainty
ranges by a factor of 2 for the moderately sorbing metal cations and a factor of 10 for the very
weakly and strongly sorbing cations, respectively, were already assigned in the CEM-14 SDB
(Wieland 2014). This is therefore considered to already take into account the small pH deviations
in DS-I and DS-II. For DS-III, the reference pH 11.07 used in the CEM-14 SDB is retained in the
appraisal of sorption on degraded HCP, as pH = 9.89 (Tab. 2-3) represents conditions at the very
end of the degradation stage. Hence, it may be assumed that the hydrolysis behaviour of the dose-



15 NAGRA NTB 23-07

relevant radionuclides is comparable to the reference and anticipated systems at each stage of
cement degradation, indicating similar species distributions in the systems and negligible effects
on sorption. Furthermore, it is assumed that the uncertainty ranges assigned to the sorption values
already cover changes in the speciation of the metal cations caused by the small difference in the
pH between the reference and the anticipated systems.

Tab. 2-4:  Geochemical conditions (solids, porewater composition) for cement paste, CEM I
52.5 N HTS in DS-I, DS-II, DS-III used in the SDB for Stage 2 of the Sectoral Plan

Wieland (2014)

Parameters Stage 1 Stage 11 Stage 111
Porosity [%] 20 20 18
pH 13.1 12.54 11.07
En [mV] -529.9 -498.1 -180.7
Ionic strength [m] 0.168 0.098 0.150
Solutes [mol/L]

Na 9.68-10 4.21-102 0.104
K 7.27-10 3.30-10° 2.55-102
Ca 2.43-1073 1.80-102 5.35:10°
S (sulphate) 6.24-10* 4.70-10° 7.81-107
Cl 2.46-10* 3.74-102 0.123
Cinorg 4.46-10° 8.04-10° 1.67-10°
Si 4.34-10° 3.42-10° 3.45-10*
Al 2.61-10° 6.89-10° 1.15-10*
Fe 2.11-107 5.58-10°8 3.86-10°8
Mg - - -
Major solids
C-S-H C-S-H C-S-H
Portlandite Portlandite
Ettringite Ettringite
Monocarbonate Monocarbonate
Calcite Calcite Calcite
OH-hydrotalcite OH-hydrotalcite OH-hydrotalcite
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Effect of SO4* and CO5?

Differences in the pH (OH" concentration) and the concentrations of CI-, SO4* and COs* could
have an effect on the speciation of cations (e.g., actinides, etc.) and consequently on the extent of
uptake of metal cations by the cementitious materials. However, it has been noted that hydrolysis
dominates the speciation under high pH conditions, which allows to largely ignore the
complexation of the dose-relevant metal cations by SO4* and COs* present at much lower concen-
trations compared to OH". The concentrations of SO4* and CO3* show notable differences in all
three stages of cement degradation. These anions could potentially act as complex-forming
ligands with metal cations such as actinides and lanthanides. However, speciation calculations
performed for a selection of important metal cations in the context of Stage 2 of the Sectoral Plan
revealed that even at the lowest OH™ concentration (pH = 11.07), variations in anion concentra-
tions (SO4*, COs%) only negligibly affect speciation (Wieland 2014). For example, the calcula-
tions showed that the concentrations of metal-sulphate complexes of dose-relevant metal cations
(Co, Ni, Ag, Sn(IV), Pb, Th, U(VI), Np(IV), Pu(Ill), Pu(IV), Am) are negligibly low at an SO4*
concentration of 7.88 - 10> M and a pH of 11.07 as hydroxo complexes dominate and make up
more than 99% of the aqueous species. The calculations further showed that the proportions of
metal-carbonate complexes is negligibly small at a pH of 11.07 as compared to the concentration
of the hydroxo complexes for all the above-mentioned metal cations (cf. Wieland 2014). We
therefore believe that even the lower pH value (pH = 9.89) calculated for CPW at the end of
DS-III and the slightly higher SO4* concentration (1.3 - 102 M) would not significantly change
the metal speciation and that metal-hydroxo complexes still dominate speciation under these
conditions. It can be assumed that SO4> has no significant effect on the speciation of metal cations
in any stages of cement degradation due to the significantly higher stability of the hydroxo
complexes. This further applies to metal-carbonate complex formation under the carbonate
concentrations expected in DS-III (8.41 - 10° M).

Effect of CI

A maximum CI" concentration of up to ~ 0.24 M has been predicted for the porewater of the
reference system in equilibrium with the NL-ZNO-22 porewater (Tab. 2-3). In Wieland (2014)
the speciation of the dose-relevant metal cations (Co, Ni, Ag, Sn(IV), Pb, Th, U(VI), Np(1V),
Pu(IlI), Pu(IV), Am) at an elevated salinity (with assumed Cl" concentrations ranging between
0.124 M and 1.282 M) and a pH of 11.07 has been modelled. These calculations showed that the
formation of aqueous chloro complexes changes the speciation of only very few radionuclides at
a pH of 11.07. For example, the speciation of Ag is dominated by AgCl, AgCly, AgCl:* and
AgCls* complexes, while for other metal cations, such as Zr, Sn, Pb and in particular all the
actinides, hydroxo complexes are thermodynamically more stable than chloro complexes. Hence,
hydrolysis of metal cations determines the species distribution even at the highest Cl" concentra-
tion in the pH range > 11. As a result of this finding, reduced sorption should be considered at an
elevated CI' concentration in the case of Ag (and Hg), while for all the other cationic radio-
nuclides, the effect of enhanced CI" concentration on the uptake by HCP is considered negligibly
small (Wieland 2014). We therefore assume that Cl- has only a negligibly small effect on the
speciation of most metal cations even in the pH range between 9.89 (end of DS-III) and 11.07
(reference state of DS-III). Note, however, that Cl- must be considered as a competing anion for
the uptake of anions (e.g., I- and Se-oxyanions) by cementitious materials (Wieland 2014).

In summary, there is evidence that the effect of metal complexation by CI', SOs*, COs* on
speciation can be ignored in all stages of cement degradation as the thermodynamic stability of
the hydrolysis products dominates. The formation of chloro complexes with Ag and Hg is the
only exception, for which Rq = 0 is assumed in this cement SDB for all stages of cement
degradation.
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Effect of Si

The Si concentrations of the CPWs are ~3.6- 10° M in DS-I, ~9 - 10* M in DS-II and
~6 - 10* M in DS-III (Tab. 2-3). These values are comparable (difference less than a factor of 5)
to those used for the development of the CEM-14 SDB (NTB 14-08, Wieland 2014). Speciation
calculations performed for a selection of important radionuclides under the conditions of a low-
pH shotcrete porewater with a pH value and Si concentration similar to those calculated for DS-III
in this report revealed that Si concentrations in the given range cannot compete with OH for
complexation. Their effect on the speciation is therefore negligible (Thoenen 2012 cited in
Wieland 2014). The thermodynamic complexation constants used for these earlier calculations do
not significantly deviate from those selected in the more recent PSI-Nagra TDB 2020 (Hummel
& Thoenen 2023) used in the present report. Therefore, the conclusion of Wieland (2014) that the
formation of silicate complexes is negligible in low pH shotcrete porewaters is also valid for the
radionuclide speciation in DS-I, DS-II and DS-III. Furthermore, Hummel et al. (2022) performed
speciation calculations to determine the solubilities of the metal cations included in the present
SDB under the porewater conditions in DS-II. These calculations confirm that silicate complexes
do not play a significant role under DS-II conditions.

Effect of HCP composition

In addition to the composition of the porewater, the composition of the cementitious materials,
i.e., the cement phases present in the three stages of cement degradation, also has an effect on the
uptake of metal cations and anions. Therefore, the composition of HCP must be taken into account
in all stages of cement degradation when assigning sorption values. It has been found that the
same cement phases are present in DS-I as modelled for the present cement SDB (Tab. 2-3) and
previously used for the development of the cement SDB in Stage 2 of the Sectoral Plan, with the
exception of the AFm phases (monocarbonate). The absence of AFm phases in the current
modelling for the RBG can be attributed to the new thermodynamic data available for Al/Fe
siliceous hydrogarnet. These data have been determined experimentally in recent years (Dilnesa
et al. 2014a, Lothenbach et al. 2019) and were therefore not available for the earlier modelling in
Stage 2 of the Sectoral Plan and NTB 14-08 (Wieland 2014). The modelling shows that Al/Fe
siliceous hydrogarnet is the most thermodynamically stable Al/Fe-containing cement phase,
which is formed at the expense of AFm phases. AFm phases are only present in the form of
monocarbonate in DS-II and are not present at all in DS-I and DS-III (Tab. 2-3). It should be
noted that thermodynamic modelling determines the most thermodynamically stable composition
of HCP, which is considered representative of the long-term near-field evolution of a deep
geological repository. This means that AFm phases can be observed experimentally in fresh HCP
due to kinetic control of phase formation, which may affect the sorption values determined in
short-term sorption experiments. However, these AFm phases are not expected to be present in
HCP aged for hundreds or thousands of years.

In DS-III, C-S-H phases, calcite and zeolites are the predominant solid phases according to the
current model of the cementitious system (Tab. 2-3). In contrast to previous modelling, ettringite
is predicted to be thermodynamically stable in DS-I and DS-II, while it is unstable in DS-III as
Al is preferentially accommodated by zeolites. This is related to the fact that the porewater
composition for DS-III has been selected to represent the final stage to include cement phases.
The porewater compositions selected in Stage 2 of the Sectoral Plan implied a less degraded
cementitious material. It should be noted that C-S-H phases and calcite are the only solid phases
present in all three stages of cement degradation.

AFm phases were considered an important cement phase for anion retention in previous cement
SDBs (Wieland 2014). In the current evaluation of sorption values for the RBG, AFm phases are
only considered to be present in DS-II in the form of monocarbonate. It is known that AFm phases
show a strong preference for CO;* anions in their interlayers compared to other anions (Aimoz
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etal. 2012, Appelo 2021, Mesbah et al. 2011, Mesbah et al. 2012, Nedyalkova et al. 2020). Thus,
monocarbonate is not considered a good sorbent for anions and, in the present SDB, is therefore
not considered further in the selection of sorption values for the long-term retention of anionic
radionuclides in a deep geological repository.

The new assessment of the composition of the cement materials requires C-S-H phases and
ettringite rather than the AFm phases to be considered as the relevant cement phases contributing
to anion retention. The other cement phases present in the cement materials at the different stages
of cement degradation such as portlandite, Al/Fe siliceous hydrogarnet, calcite, zeolites, hydro-
talcite, etc. are presently not considered when evaluating anion retention due to limited experi-
mental information. The main solid phase relevant to the sorption process of the dose-relevant
cations, C-S-H, was observed in all stages of cement degradation in the reference systems used
for NTB 14-08 (CEM 52.5 N HTS) and the RBG (Tab. 2-3), irrespective of the degradation
process by carbonation or reaction with silica (Wieland & Kosakowski 2020). The retention of
cations in the cementitious near-field in the three stages of the cement degradation can thus be
evaluated according to NTB 14-08 (Wieland 2014). However, improved knowledge of the long-
term evolution of the mineral composition of degrading cementitious materials, in particular the
absence of AFm phases, requires a re-evaluation of anion retention for the development of the
new cement SDB compared to NTB 14-08 (Wieland 2014). The re-evaluation of anion retention
is essentially based on the idea that C-S-H phases also play a key role for anion sorption in a deep
geological repository.

Tab. 2-5:  Mineral composition of cement paste, CEM I 52.5 N HTS, after about 3 years of
hydration (w/c = 1.3) considered in the development of the CEM-14 SDB for Stage 2
of the Sectoral Plan

Wieland (2014)
Cement phase Portion in CEM 152.5 N HTS
[wt -%]
C-S-H 51
Portlandite 20
AFt phases (ettringite) 8.9
AFm phases (i.e., monocarbonate) 9.7
OH-hydrotalcite 1.6
Calcium carbonate 1.1
Non-hydrated clinker minerals 7.7

The following paragraphs summarise the specific considerations for each stage of cement degra-
dation and are based on a comparison of porewater and cement mineral compositions presented
in Tab. 2-3 for the RBG and in Tab. 2-4 and Tab. 2-5 for Stage 2 of the Sectoral Plan.
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DS-1

Alkalis: The total alkali concentrations of the porewaters used for the development of the
CEM-14 SDB (NTB 14-08, Wieland 2014) and those calculated for the RBG are comparable
(difference within a factor of 2). This suggests that sorption values for Cs uptake by HCP
previously recommended in NTB 14-08 can be retained.

Calcium: The Ca concentration of the porewater used for the development of the CEM-14 SDB
(NTB 14-08, Wieland 2014) and that calculated for the RBG are similar. This suggests that
sorption values previously recommended in NTB 14-08 for the uptake of Sr and Ra by HCP can
be retained.

pH: The pH values of the porewaters considered for the development of the CEM-14 SDB
(NTB 14-08, Wieland 2014) and those calculated for the RBG are similar (pH 13.1 and ~ 13.2,
respectively), indicating that, at the given high OH" concentrations, hydrolysis determines the
speciation of the metal cations.

SO and COs*: The concentrations of SO4> and CO5* in the porewater modelled for the RBG
are similar to those of the porewater used for the development of the cement SDB in NTB 14-08.
The concentrations of both anions are in the submillimolar range and therefore well below the
OH" concentration. As a consequence of this, the effect of both anions on the speciation of metal
cations can be neglected under the given conditions, so that no effect on their uptake by HCP is
to be expected.

CI': The CI concentration of the porewater considered for the development of the CEM-14 SDB
(NTB 14-08, Wieland 2014) is about a factor of ~ 20 lower than that calculated for the RBG. The
CI" concentration is in the millimolar range and thus has no effect on the speciation of metal
cations (Wieland 2014). Nevertheless, a possible effect of Cl- on the uptake of other anions (e.g.,
I) needs to be addressed in the current appraisal of sorption values.

HCP: The phase composition of HCP considered for the development of the CEM-14 SDB
(NTB 14-08, Wieland 2014) (Tabs. 2-4 and 2-5) and that predicted for the RBG (Tab. 2-3) are
similar with C-S-H phases, portlandite, ettringite and calcite as the main cement phases. Only
monocarbonate is absent in the new cement composition and replaced by Al/Fe siliceous
hydrogarnet, which is a result of the new CEMDATA18.1 TDB for cement phases (Lothenbach
et al. 2019). The proportions differ for some minerals, which is taken into account when assigning
sorption values when appropriate. Note again that the thermodynamic data for SHG are new and
therefore, this mineral did not appear in the modelling of the cementitious system considered for
NTB 14-08 (Wieland 2014). Overall, however, the same sorption-relevant cement phases are
present.

DS-11

Alkalis: The total concentrations of the alkalis in the porewaters used for the development of the
CEM-14 SDB (NTB 14-08, Wieland 2014) are significantly lower (~ 0.045 M) than those calcu-
lated for the RBG (~ 0.25 M). This difference in concentration, which is higher by a factor of ~ 5,
must be taken into account when assigning sorption values for Cs uptake by HCP in DS-II. This
is related to the fact that the composition of the CEM I 52.5 R used for the calculation of the CPW
has a higher alkali content in comparison to the CEM I HTS considered as the reference cement
in Stage 2 of the Sectoral Plan.

Calcium: The Ca concentration of the porewater used for the development of the CEM-14 SDB
(NTB 14-08, Wieland 2014) is similar to that of the porewater calculated for the RBG (difference
by a factor of < 2). This suggests that sorption values previously recommended in NTB 14-08 for
the uptake of Sr and Ra by HCP can be retained.
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pH: The pH of the porewaters considered for the development of the CEM-14 SDB (NTB 14-08,
Wieland 2014) and calculated for the RBG are comparable, indicating that hydrolysis determines
the speciation of the metal cations of both porewaters.

SO/ and CO5”: The SO+* concentration of the porewater modelled for the RBG is higher (by a
factor of ~ 20) compared to that of the porewater used for the development of the CEM-14 SDB
(NTB 14-08, Wieland 2014). However, the COs* concentrations are similar in both porewaters.
Nevertheless, as with DS-I, the concentrations of both anions are in the submillimolar range and
thus well below the OH™ concentration. As a consequence of this, it is assumed that the effects of
both anions on the speciation of metal cations can be neglected under the given conditions, so that
no effects on their uptake by HCP are to be expected.

CI': The CI' concentration of the porewater considered for the development of the CEM-14 SDB
(NTB 14-08, Wieland 2014) is about a factor of ~ 7 — 10 lower than that of the porewater calcu-
lated for the RBG. The CI" concentration is in the submolar range (< 0.238 M) but has no influence
on the speciation of metal cations under the given hyperalkaline conditions (Wieland 2014).
Nevertheless, a more detailed appraisal of the effect of Cl” on the sorption of dose-relevant anions
is necessary.

HCP: The phase composition of HCP considered for the development of the CEM-14 SDB
(NTB 14-08, Wieland 2014) and that predicted for the RBG are similar insofar as the C-S-H
phases, portlandite, ettringite, monocarbonate and calcite are the main cement phases. While the
proportions of these cement phases may vary, this is taken into account for the assignment of the
sorption values when appropriate. Overall, the same sorption-relevant cement phases are present.
Note, however, that a possible contribution of AFm phases to the long-term retention of anions
in a deep geological repository is not further considered in the current evaluation of sorption
values.

DS-II1

Alkalis: The total alkali concentrations of the porewaters used for the development of the CEM-14
SDB (NTB 14-08, Wieland 2014) and calculated for the RBG are comparable (difference less
than a factor of 2). This suggests that sorption values for Cs uptake by HCP previously
recommended in NTB 14-08 can be retained.

Calcium: The Ca concentration of the porewater used for the development of the CEM-14 SDB
(NTB 14-08, Wieland 2014) is lower (factor of ~ 10) than that of the porewater calculated for the
RBG. This suggests that the enhanced Ca concentration must be taken into account when
assigning sorption values for the uptake of Sr and Ra by HCP in the updated cement SDB. In
addition, high Ca concentrations create a positive charge on the surface of the C-S-H phases,
resulting in a higher affinity for anions and thus stronger anion sorption.

pH: For the development of the updated SDB, the same reference pH value of the porewater in
DS-III (pH 11.07) is considered as previously for the CEM-14 SDB (NTB 14-08, Wieland 2014).
The pH at the end of DS-III as calculated for the RBG differs by 1.2 pH units (pH 9.89) as a result
of the selection process of the DS-III porewater composition. This has been chosen to correspond
to the final stage of DS-III. Yet even under these conditions, hydrolysis still determines the speci-
ation of the metal cations in the porewater, with some exceptions such as Fe(I), Ni(II) and Np(V).
For these latter metal cations, speciation may be influenced by other complexing ligands,
particularly carbonate and sulphate. As a reference pH value of 11.07 is assumed for the appraisal
of the sorption values in this SDB (see the discussion on the effect of pH, above), the effect of
carbonate and sulphate complexes on the Rq values for Fe(I), Ni(II) and Np(V) is not taken into
account.
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SO/ and CO5”: The SO4> concentrations of the porewaters used for the development of the
CEM-14 SDB (NTB 14-08, Wieland 2014) and calculated for the RBG are comparable
(difference less than a factor of 2), while the COs* concentration of the RBG porewater is even
lower by a factor of ~2. SO4* forms only weak complexes with metal cations and, therefore,
significant effects on the speciation of metal cations are not to be expected under the given high
pH conditions. This also applies to the complexation of metal cations by carbonate, which is
expected to be present at concentrations in the submillimolar range.

Cr': The CI' concentration of the porewater considered for the development of the CEM-14 SDB
(NTB 14-08, Wieland 2014) is lower by about a factor of ~ 2 than calculated for the RBG. The
CI concentration is in the submolar range (~ 0.240 M), which corresponds to the chlorine content
of the reference OPA porewater from the NL-ZNO region (see Mader & Wersin 2023), but does
not impact the speciation of metal cations under the given hyperalkaline conditions (Wieland
2014). However, as with DS-II, a more detailed appraisal of the effect of Cl" on the sorption of
dose-relevant anions is required in DS-IIIL.

HCP: The phase composition of HCP considered in the development of the CEM-14 SDB (NTB
14-08, Wieland 2014) differs from the composition predicted for the RBG, as the new thermo-
dynamic data for Al/Fe siliceous hydrogarnet have been considered in the current modelling. The
current modelling for the RBG implies that C-S-H phases, calcite and zeolites are the main
sorption-relevant cement phases in DS-III. The modelling for NTB 14-08 showed that, besides
C-S-H phases and calcite, ettringite and hydrotalcite are present. The difference in the composi-
tion of the cementitious system does not affect the sorption values of metal cations recommended
in the CEM-14 SDB, as C-S-H phases were considered to be the uptake-controlling sorbent in the
development of the CEM-14 SDB. However, a possible effect on anion sorption due to the
absence of ettringite must be taken into account.
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3 Selected sorption data for cement degradation stages I to I11

3.1 Not re-assessed, not revised sorption values

There are no sorption values in the category “not re-assessed, not revised sorption values” in the
updated cement SDB because new experimental data have been published for all dose-relevant
radionuclides in recent years or because new information on the sorption properties of the
radionuclides became available.

3.2 Re-assessed, not revised sorption values

This section includes all radionuclides for which a re-assessment of the sorption values has been
made because new experimental data have been published in recent years or because new consid-
erations have been made about the sorption properties of the radionuclides. However, based on
the available information, it was not necessary to revise the sorption values recommended in
NTB 14-08, while adjustments have been made in accordance with changes of the porewater
chemistry of the reference systems in Stage 2 of the Sectoral Plan and the general licence
application.

3.2.1 Lanthanides and actinides

Previously not considered sorption data for lanthanides and actinides (An(IV), An(V), An(VI))
on HCP are available from wet chemistry studies, such as the uptake of actinides by C-S-H phases
(Haussler et al. 2018, Tits & Wieland 2018, Wolter et al. 2019a, Wolter et al. 2019b), as well as
studies on degraded Nirex reference fault backfill (NRVB) (Baston et al. 2012) and on lanthanide
and actinide uptake by NRVB (Felipe-Sotelo et al. 2012) and Pu sorption on HCP in the absence
and presence of isosaccharinic acid (ISA) (Tasi et al. 2021). NRVB is a highly porous cementi-
tious material, containing ~ 26 wt.% ordinary Portland cement (OPC), ~ 10 wt.% hydrated lime
(primarily calcium hydroxide), and ~ 29 wt.% fine limestone aggregate (primarily calcite) as the
solid components of the raw mix and reacted with ~ 35 wt.% water. NRVB is produced at a
relatively high w/c ratio of 1.37. It was estimated that HCP contributes ~ 50 wt.% to the bulk
weight of NRVB.

All new sorption data reported in the past years corroborate strong interaction of lanthanides and
actinides with HCP.

Lanthanides and trivalent actinides

The neutral aqueous species, i.e., Ln(OH)s(aq) and An(OH)s(aq), are the dominant hydrolysis
products in the pH range relevant to cementitious systems (pH ~ 11- 13.5) (e.g., Ochs et al. 2016,
Tits & Wieland 2018, Wang et al. 2012). Therefore, as hydrolytic species are present, hydrolysis
is expected to have a constant effect on Ln/An(III) uptake by cementitious materials in the given
pH range.

In-house sorption studies with Am(III), Eu(IIl), and Cm(III) on HCP made from HTS cement and
C-S-H phases (effective C/S ratio = 0.75 — 1.25) indicate strong uptake of these elements with Rq
values typically ranging from 100 to 1,000 m?/kg at solid contents of the experimental systems
(solid-to-liquid (S/L) ratios) ranging from 0.1 to 1 g/L. Uptake was observed to be linear over a
large concentration range (equilibrium concentration in solution from 1072 —2 - 107 M) (Tits &
Wieland 2018).
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Héussler et al. (2018) studied Am sorption onto C-S-H phases with target C/S ratios ranging from
0.7 to 1.8 and S/L ratios varying between 0.5 and 20 g/L. The pH varied between 10.5 in the
equilibrium solution with a C-S-H phase with an effective C/S of 0.75 and up to 12.5 in the
equilibrium solution with a C-S-H phase with an effective C/S of 1.65. The authors determined
sorption values for Am(IIT) > 100 m*/kg at an S/L ratio of 5 g/L on all C-S-H phases irrespective
of the C/S ratio. Furthermore, the measured Rq values reveal no dependence on the S/L ratio above
1 g/L. Hence, the work of Haussler and co-workers supports earlier findings of a strong sorption
of lanthanides and trivalent actinides onto C-S-H phases (e.g., Tits et al. 2003, Tits & Wieland
2018) and HCP (Stumpf et al. 2004).

Felipe-Sotelo et al. (2012) determined an Rq4 value of 662 £ 23 m?/kg for Eu uptake by HCP made
from OPC and in equilibrium with an artificial NRVB porewater with a pH of 12.8. Comparison
with sorption values determined on NRVB suggested that the limestone flour, which is one of the
three main components of NRVB, is the main uptake-controlling component for Eu retention in
NRVB. The latter finding is supported by earlier work showing strong interaction of trivalent
lanthanides and actinides (e.g., Eu*"* Am**, Cm**) with calcite in wet chemistry studies (e.g., Curti
et al. 2005, Lakshtanov & Stipp 2004, Tits et al. 2005). This is due to specific coordination in the
calcite structure by Ca?" substitution as indicated from spectroscopic investigations (e.g.,
Hellebrandt et al. 2016, Marques Fernandes et al. 2008, 2008b, Stumpf & Fanghinel 2002,
Stumpf et al. 2006, Wolter et al. 2019a). It should be noted that the limestone content in NRVB
is ~ 29 wt.%, whereas the calcite content in HPC made from OPC (e.g., sulphate-resisting HTS
cement) is significantly lower (~ 4 wt.%) (e.g., Lothenbach & Wieland 2006). Thus, a cautious
approach is taken by assigning the sorption value of trivalent actinides for use in SA solely on the
basis of sorption measurements on HCP, as calcite may also contribute to the retention of trivalent
actinides in calcite-enriched cementitious environments.

Wolter et al. (2019a) studied Cm(III) uptake by C-S-H phases (target C/S ratios = 1.0 and 2.0)
and portlandite as well as Cm(I1I) uptake by the alteration products calcite, vaterite, and aragonite
formed during carbonation of the two cement phases. Rq values of 1.2 and 2.7 m3/kg were reported
for the two C-S-H phases with target C/S values of 1.0 and 2.0, respectively, which is almost two
orders of magnitude lower than values recently reported by Héaussler et al. (2018) and Tits &
Wieland (2018). The authors noted that incomplete phase separation during centrifugation may
give rise to the presence of Cm(Ill)-carrying colloidal material, which eventually enhances the
apparent aqueous Cm(IlI) concentration. The efficiency of phase separation, in particular the
degree to which colloidal matter is removed from solution, clearly determines the quantification
of the partitioning between solid and liquid phases in case of strongly sorbing radionuclides such
as lanthanides and trivalent actinides (Cowper et al. 2006, Wieland 2014). The luminescence
studies reported by Wolter et al. (2019a) further corroborated earlier findings (Tits et al. 2003)
that two non-equivalent Cm(III) species exist in the C-S-H structure with a C/S ratio of 1.0. These
have been assigned to Cm(III) taken up in the interlayer of C-S-H phases and Cm(III)-Ca replace-
ment in the polyhedral CaO sheet of the C-S-H structure (Tits et al. 2003). Nevertheless, the
authors observed a weak signal in the excitation spectrum of the C-S-H phase with a C/S ratio of
2.0, which was red-shifted as compared to the signals of the two Cm(III) species associated with
C-S-H. It should be noted that the latter phase was synthesised at a high target C/S ratio of 2.0,
thus leading to a mixture of ~82 wt.% C-S-H (effective C/S ratio ~ 1.65) and ~ 18 wt.%
portlandite (Tits et al. 2014a). The additional signal observed in the excitation spectrum was
assigned to Cm(III) uptake by portlandite. Note that the same signal was previously observed in
luminescence investigations on Cm(I1I) uptake by HCP (Stumpf et al. 2004).

The new wet chemistry studies support the notion of a strong retention of lanthanides and trivalent
actinides by cementitious materials. Thus, retaining an R4 of 100 m*/kg for lanthanides (e.g., Ho)
and trivalent actinides (e.g., Ac, Cm, Am) for use in safety analysis calculations in all stages of
cement degradation (Tab. 7-1) is supported by all these studies.
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The following sorption values are recommended for the uptake of lanthanides and trivalent
actinides by cementitious systems (see also Tab. 7-1):

Stages I, I and III: The sorption values are retained as previously recommended in NTB 14-08
(Wieland 2014), i.e., an R4 of 100 m*/kg, for all stages of cement degradation.

Th and tetravalent actinides

The neutral aquo species An(OH)4(aq) is the dominant hydrolysis product in the pH range relevant
to cementitious systems (pH > 10) (e.g., Ochs et al. 2016, Tits & Wieland 2018, Wang et al.
2012). There is evidence to suggest that the aqueous Th-silicate species (Th(OH);(SiO(OH)3);*
might exist at high silica concentrations (> 10 M) and low Ca concentrations (< 10~ M) (Tits &
Wieland 2018). However, such conditions are hardly even achieved in DS-III for which [Ca]yq
~0.07 M and [Si]aq ~ 5.88 - 10* M is reported (Tab. 2-3). For this reason, it is currently assumed
that the concentration of Th-silica complexes is negligible even in DS-III and further that
hydrolysis has no effect on the uptake of Th and tetravalent actinides by cementitious materials
as only one hydrolysis product exists over the pH range of interest.

Felipe-Sotelo et al. (2012) determined an Rg of (5.8 &+ 1.0) - 10°> m*/kg for Th(IV) uptake by HCP
prepared from OPC and in equilibrium with an artificial NRVB porewater of pH 12.8. Compari-
son with the sorption values determined for NRVB indicated that, in NRVB, HCP was the main
sorbing component in the case of Th, as Th uptake by limestone flour and hydrated lime, the other
main components of NRVB, was found to be about an order of magnitude lower. Baston et al.
(2012) previously reported unconsidered sorption data on the uptake of Np(IV) by untreated
NRVB (pH 12.2) and NRVB aged to DS-III by leaching with deionised water (pH ~ 10.5). Very
strong uptake of Np(IV) was observed with Rqvalues > 5 - 10* m*/kg by untreated NRVB and in
the leached state. The authors noted that, in most experiments, the final Np(IV) concentrations
were close to or below the analytical detection limit, indicating a maximum measurable Ry value
of 100 m3/kg.

Héussler et al. (2018) reported an Rq of 200 m*/kg for Th(IV) uptake by C-S-H phases with C/S
ratios ranging from 0.76 to 1.46 and S/L ratios varying between 0.7 and 19 g/L. The authors
further assigned the same Ry value to Pu(IV) uptake by these C-S-H phases (R4 = 200 m?/kg).
Tasi et al. (2021) observed significantly stronger uptake of Pu(IV) by HCP at S/L ratios between
2 and 4 g/L (log°R4 = (3.3 = 0.6) m*/kg). Neither of the two studies reported more specific infor-
mation on the uptake mechanism of Th(IV) and Pu(IV) by C-S-H phases and HCP.

The in-house sorption data with Th(IV) and Np(IV) on C-S-H phases compiled in Tits & Wieland
(2018) indicate Ry values ranging from 200 to 1,000 m*/kg. The large scatter is believed to be a
consequence of experimental challenges associated with the quantification of the R4 values of
strongly sorbing radionuclides at a low content of C-S-H phases (S/L ratio=2 - 10* kg/L). Kinetic
studies indicate neither time-dependence of the sorption values nor a dependence of the sorption
values on the C/S ratio of the C-S-H phases (C/S ranging from 0.75 to 1.6) and the equilibrium
pH (pH ranging from 10.4 to 13.3). In the case of Th, high sorption values (R4 > 200 m*/kg) were
also determined in conditions representative of DS-III (C/S = 0.75, pH = 10.4), indicating that
Th(OH)4(aq) dominates Th speciation under these conditions. This further supports the idea that
Th-silica complexes have only a negligible effect on the uptake of Th by C-S-H phases even in
DS-IIL

All above studies clearly indicate very strong sorption of Th and tetravalent actinides onto HCP
and C-S-H phases, the main component of HCP. Th uptake by HCP can be rationalised based on
the assumption that C-S-H is the uptake-controlling cement phase for Th and the tetravalent
actinides in HCP. The large variation in Rq values can further be explained by the experimental
challenges associated with the quantification of the sorption of strongly sorbing metal cations in
cementitious systems. We thus conclude that the new experimental data support earlier appraisals
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indicating very strong interaction of Th and tetravalent actinides with cementitious materials
(Wieland 2014, Wieland & van Loon 2002), which allows an R4 of 100 m*/kg to be retained for
Th and other tetravalent actinides (U(IV), Np(IV), Pu(IV)) in the three cement degradation stages
(Tab. 7-1).

The following sorption values are recommended for the uptake of Th and tetravalent actinides by
cementitious systems (see also Tab. 7-1):

Stages I, Il and II: The sorption values are retained as previously recommended in NTB 14-08
(Wieland 2014), i.e., an Rq of 100 m?/kg, for all stages of cement degradation.

Hexavalent actinides (DS-I and DS-II)

Several studies have reported new sorption data on the U(VI) uptake by cementitious materials
(Baston et al. 2012, Felipe-Sotelo et al. 2012, H&ussler et al. 2018, Ochs et al. 2018, Tits &
Wieland 2018) and investigations into the sorption mechanism of U(VI) binding to C-S-H
phases by using spectroscopic techniques and performing molecular dynamics simulations
(Androniuk & Kalinichev 2020, Kremleva et al. 2020, Wolter et al. 2019b). In contrast, infor-
mation on Np(VI) retention by cementitious materials is sparse. To the best of the authors’
knowledge, the in-house compilation of sorption studies with Np(VI) on C-S-H phases is the only
new source of information currently available (Tits & Wieland 2018).

Baston et al. (2012) reported R4 values for U(VI) uptake by untreated and leached NRVB, while
Felipe-Sotelo et al. (2012) quantified U(VI) sorption onto untreated NRVB and the main
components of NRVB, i.e., HCP prepared from OPC, limestone flour and hydrated lime. The
sorption values listed by Baston et al. (2012) range from 42 to 95 m*/kg for untreated NRVB in
equilibrium with an artificial NRVB-porewater with a pH of 12.9 and from 120 to 190 m*/kg for
leached NRVB in equilibrium with leach solution with a pH of 10.5. The sorption values given
in Felipe-Sotelo et al. (2012) are as follows: Rq=33.7 + 0.5 m*/kg for U(VI) sorption onto NRVB
and Ry = 20.0 £ 0.2 m*/kg for U(VI) uptake by HPC prepared from OPC, both determined at
pH 12.8 — 12.9. The sorption values for NRVB and HCP agree very well as HCP is the main
component of NRVB (~ 50 wt.%). Felipe-Sotelo et al. (2012) concluded that HCP is the uptake-
controlling component in NRVB on the basis of a comparison of the sorption values determined
with U(VI) on the individual components. The results reported by Baston et al. (2012) further
suggest that U(VI) uptake by NRVB, or HCP, respectively, increases with a decreasing pH, i.e.,
from pH 12.9 corresponding to DS-II to pH 10.5 corresponding to DS-III.

High sorption values were also determined for U(VI) uptake by C-S-H phases (Haussler et al.
2018, Tits & Wieland 2018). Haussler and co-workers assigned an Rq of 100 m*/kg to U(VI)
uptake by C-S-H phases with C/S ratios ranging from 0.76 to 1.46, thus indicating no pH
dependence of the sorption process. This result is in contrast to those reported by Tits & Wieland
(2018). These authors observed a decrease of the Ry value for U(VI) sorption onto C-S-H from
~ 1,000 m*/kg at pH 10 (C/S = 0.75) to ~ 30 m*/kg at pH 13.3 (C/S = 1.82). The latter sorption
value is somewhat higher than the one determined in the case of U(VI) uptake by untreated HCP
in artificial CPW of pH 13.3 (Rq = 2 m*/kg, Wieland 2014), assuming the presence of 50 wt.%
C-S-H in HCP (Tab. 2-5). Overall, there is clear evidence that the extent of U(VI) uptake by
cementitious materials depends on pH, i.e., uptake decreases with increasing pH, which further
indicates the importance of hydrolysis. It should be noted that the concentration of the hydrolysis
species UO»(OH);” and UO»(OH)4* increases with increasing pH. This means that U(VI) sorption
by HCP is likely to increase during its degradation from DS-I to DS-II, and eventually to DS-III.
This trend in U(VI) uptake was already evident in previous studies reviewed by Ochs et al. (2016).
Previous appraisals of U(VI) uptake by HCP led to the following recommended values:
Rq =2 m’/kg for DS-I and Rq = 20 m*/kg for DS-II and DS-III (Ochs et al. 2018, Wieland 2014).
The new set of sorption data allows a re-evaluation of U(VI) uptake by HCP in DS-III, while the
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sorption values for DS-I and DS-II are retained. An increase in the R4 value for DS-III from
20 m3/kg to 100 m/kg is justified given the consistently strong uptake of U(VI) by cementitious
materials observed under conditions representative of DS-III, as reported in the above-mentioned
studies.

Earlier spectroscopic investigations suggested U(VI) incorporation into the C-S-H structure with
a coordination environment of U(VI) comparable to that in uranyl silicates (Harfouche et al. 2006,
Macé et al. 2013, Tits et al. 2011). Nevertheless, unequivocal discrimination between surface-
bound U(VI) and U(VI) species hosted in the interlayer of C-S-H phases is challenging on the
basis of evidence provided by synchrotron-based or laser-induced, luminescence-based studies.
It is conceivable that both types of species exist in U(VI)-containing C-S-H systems. Quantum
chemical modelling studies in combination with conventional geometry optimisation
as reported by Kremleva et al. (2020) and molecular dynamics simulations in combination with
the potential of mean field calculations published by Androniuk & Kalinichev (2020) enabled
investigations on the binding mechanism of U(VI) on C-S-H phases. The study of
Kremleva et al. (2020) supports the hypothesis that interlayer bonding of U(VI) can exist and
considerably contribute to U(VI) uptake by C-S-H phases. However, the coexistence of several
sorption complexes was indicated as no single sorption complex exhibited all geometry features
in a comparison between modelled structural parameters and those determined in spectroscopic
investigations (Kremleva et al. 2020). Androniuk & Kalinichev (2020) showed that ternary
complex formation between UO»(OH);™ and Ca?" at the C-S-H surface plays an important role in
the overall sorption process of U(VI). The two main mechanisms controlling U(VI) uptake by
C-S-H phases are UO,*" binding to unoccupied deprotonated silanol groups, a mechanism likely
to prevail under near-neutral conditions, and the formation of ternary surface complexes between
the uranyl hydrolysis products and Ca®" under strongly alkaline conditions. The latter conclusion
is supported by the wet chemistry studies reported by Tits & Wieland (2018). These authors
showed that Np(VI) sorption onto a TiO surface is significantly increased under alkaline
conditions in the presence of Ca®’, thus supporting the idea of the formation of ternary surface
complexes between the hydrolytic species of hexavalent actinides and Ca*".

The following sorption values are recommended for the uptake of hexavalent actinides by cemen-
titious systems (see also Tab. 7-1):

Stages I and II: The sorption values are retained as previously recommended in NTB 14-08
(Wieland 2014); i.e., an Rq of 2.0 m*/kg for DS-I and an R4 of 20 m*/kg for DS-IL.

Stage III: see Section 3.3.1.
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3.2.2 Alkaline and earth alkaline metals

Caesium — DS-I and DS-II

Garcia-Gutiérrez et al. (2018) investigated Cs migration by carrying out in-diffusion experiments
on cylindrical mortar samples prepared from several cement types (CEM I, CEM II, CEM IV)’.
The presence of different pathways for Cs diffusion in the different cement pastes was postulated
in accordance with a double porosity system of the matrices. Apparent diffusion coefficients, D,
were determined, ranging in value between 6.0 - 103 m/s and 1.0 - 10" m/s. Sorption values for
Cs* could not be extracted from this study as porosity data for the cementitious materials were
not reported.

Felipe-Sotelo et al. (2014) investigated Cs diffusion through NRVB. The authors determined
through-diffusion of Cs in a radial configuration under equilibrium conditions using NRVB-
equilibrated water as solvent (pH 12.4 — 13). They estimated the partition ratios (Rq values) of Cs
on NRVB at 0.2 — 2.3 - 10 m?/kg from modelling the elution profiles recorded in the diffusion
experiments. The Ry value for Cs on HCP was estimated on the assumption that Cs is prefer-
entially taken up by HCP rather than lime and limestone and further that the portion of HCP in
NRVB amounts to ~ 50 wt.%. The R4 values range from 0.4 to 4.6 - 10 m*/kg. These values
correspond to previously recommended sorption values for Cs uptake by HCP in DS-I and DS-I1
and thus support previously selected sorption values for use in SA.

Arayro et al. (2018) published a computational study of Cs sorption onto C-S-H phases. At Cs
loadings below 0.19 mol/kg, Cs adsorption in the interlayer was preferred to Cs adsorption on the
nanopore surface, while Cs adsorption onto the surface preferentially occurred at higher loadings.
Furthermore, Cs uptake into the interlayer of C-S-H phases was found to increase with a
decreasing C/S ratio. The conclusions are in line with experimental data and corroborate the
current selection of Rq values for the different stages of cement degradation (Tab. 7-1).

Tamura et al. (2017) studied the uptake of Cs by C-S-H phases (C/S ratios = 0.4, 0.8, 1.2 and 1.6)
in the presence of carbonate (0, 10 mM, 100 mM, 1,000 mM). The authors observed no effect on
the Cs" uptake at the lowest carbonate concentrations, while an increase of Cs™ uptake was
indicated at carbonate concentrations > 100 mM. Similarly, Park & Jang (2018) observed a
positive carbonation-induced weathering effect on the Cs* uptake by a paste prepared from
Portland cement. Carbonation gave rise to decalcification of the binder gel (presumably C-S-H
phases), while adsorption of carbonate resulted in a negatively charged surface of the binder gel.
A completely carbonated paste showed the highest Cs* uptake. In these conditions, C-S-H phases
had been converted into silica gel and the Al-containing phases (AFm, AFt) into an alumina gel.
Both gels carrying a negative charge under alkaline conditions can enhance Cs" uptake in a
strongly carbonated HCP as compared to pristine C-S-H phases. It should be noted that the
carbonate concentrations of the cementitious systems relevant to the Swiss disposal programme
range in value between ~ 0.008 and ~ 0.06 mM in the three stages of cement degradation (see
Tab. 2-3). Hence, we infer that the effect of carbonate on Cs* uptake by C-S-H phases is limited
in these systems and can therefore be ignored in the current assessment of sorption values in
stages I — III of cement degradation.

I See https://www.beton.wiki/index.php?title=Zementarten, accessed 25 September 2023.
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Jang et al. (2017) investigated Cs uptake by alkali-activated cements (i.e., fly ash- and slag-
containing binders activated by a sodium hydroxide and sodium silicate solution) in comparison
to a reference prepared from Portland cement. Batch sorption experiments were carried out with
crushed materials in Cs-containing solutions, whose compositions were not in equilibrium with
the cementitious material. The authors determined sorption values of 0.23 m*/kg for Cs sorption
onto HCP, while sorption values were even higher in case of the alkali-activated materials (0.41 —
1.47 m?/kg). The experimental set-up and the measured zeta potentials of the suspended materials
indicate that the sorption properties of Cs correspond to those observed on C-S-H phases with a
low C/S ratio. Thus, the experimental conditions chosen by Jang et al. (2017) correspond to those
of a strongly altered cementitious environment, i.e., typically observed in DS-III. The sorption
values reported by Jang and co-workers are about two orders of magnitude higher than the
recommended value for DS-III in NTB 14-08 (Wieland 2014). We refrain from adjusting the
sorption value for Cs on the basis of the new experimental data reported by Jang et al. (2017)
because the experimental conditions, especially the compositions of the pore solutions, were not
reported in the required level of detail and cannot be reconstructed.

Li & Pang (2014) investigated the uptake of Cs by a mortar containing a slag cement and quartz
aggregates (0.08 — 2 mm particle size). The blended binder contained 30% OPC, 65% ground and
granulated blast furnace slag (GGBFS) and 5% silica fume. The binder was reacted at a
water/binder (w/b) ratio of 0.45. The mortar was prepared with a binder/aggregate ratio of 0.47.
The weight content of HCP was estimated at ~ 52 wt.% on the assumption that the total amount
of slag reacted, while the content of the paste only amounts to ~ 32 wt.% if 50% of the slag had
reacted. Reactivity of the slag was not reported by Li & Pang (2014). Sorption studies were carried
out by immersing crushed mortar into an artificial solution (pH 13.4), which had a composition
of a porewater in close equilibrium with the solid. The authors determined the uptake kinetics.
They observed a fast uptake of Cs by the mortar as sorption equilibrium was attained within
20 days. The distribution coefficient (Kq4) was determined to be 1.4 - 10~ m*/kg for Cs*. Sorption
values for Cs on HCP can be estimated to range in value between 2.8 and 4.4 - 107 m?/kg. The
sorption values for Cs estimated based on the study of Li & Pang (2014) are about a factor of
5to 9 higher than the values recommended for DS-I in NTB 14-08. The estimated values are
based on the assumption that the experimental conditions established in the study of Li & Pang
(2014) correspond to those in non-degraded HCP and that the proportions of reacted slag
correspond to the values estimated as above. Overall, the sorption values estimated on the basis
of the new experimental data are in good agreement with the values recommended in NTB 14-08,
which refer to uptake by HCP prepared from OPC. This is presently the reference scenario for the
safety analysis.

The following sorption values are recommended for Cs uptake by cementitious systems (see also
Tab. 7-1):

Stage I: We retain the values recommended in NTB 14-08 (Rq =5 - 10"* m?/kg) because the alkali
concentrations are similar for the reference system considered in NTB 14-08 (Wieland 2014) and
the anticipated system for the RBG (Tab. 7-1).

Stage II: In NTB 14-08, an R4 of 5 - 10~ m?/kg was assigned in view of the low alkali concen-
trations (~ 4.5 - 102 M). The alkali concentrations of the porewaters of the cementitious system
modelled for the RBG, however, are higher by about a factor of 5 (~ 0.25 M). As a result of the
higher alkali concentrations, the Rq value is correspondingly reduced by a factor of 5 (R4 =
107 m3/kg) (Tab. 7-1).

Stage III: see Section 3.3.2.



NAGRA NTB 23-07 30

Strontium

Bar-Nes et al. (2018) studied the effect of irradiation and carbonation under atmospheric
conditions on the leaching of Sr from cement paste prepared from OPC. The authors observed
that irradiation of the paste (dose rate = 24 Gy/min, total dose = 5.0 - 10° Gy) had no effect on Sr
uptake by the paste. In contrast, carbonation enhanced Sr uptake due to the formation of
carbonated zones. Carbonation results in the decalcification of C-S-H phases, AFt, and AFm
phases, which further causes the precipitation of silica and alumina gels. Park & Jang (2018)
postulated such a conversion, which led to enhanced Sr>" uptake by a strongly carbonated HCP.
Silica and alumina gels carry a negative surface charge under alkaline conditions, which is higher
than that of C-S-H phases. Thus, the observations reported by Bar-Nes and co-workers may
explain higher sorption values for Sr** in DS-IV of cement degradation compared to Sr*" uptake
by calcite. Nevertheless, the observation has no consequences for the appraisal of the sorption
values, which are assigned to stages I — III of cement degradation.

Jang et al. (2017) also investigated Sr uptake in addition to Cs uptake by alkali-activated cements
in comparison to an OPC reference. The experimental conditions were identical to those
previously described for the sorption studies with Cs. Sorption values for Sr were determined at
0.5 m*/kg for OPC and ranged in value between 0.77 and 1.27 m*/kg in the case of the alkali-
activated cements. The sorption properties of Sr correspond to those observed on C-S-H phases
with a low C/S ratio. As previously mentioned, the experimental conditions selected by
Jang et al. (2017) correspond to those of a strongly altered cementitious environment, i.e.,
typically observed in DS-III. The sorption values reported by Jang and co-workers are about two
orders of magnitude higher than the recommended value for DS-III. As with Cs, we refrain from
adjusting the sorption value for Sr based on the new experimental data reported by Jang et al.
(2017) due to lack of detailed information on the experimental conditions.

Li & Pang (2014) also investigated the uptake of Sr by the mortar containing a slag cement and
quartz aggregates (0.08 — 2 mm particle size). The system was identical to the one used for the
sorption studies with Cs as described above. The authors observed a fast uptake of Sr by the
mortar as sorption equilibrium was attained within 20 days. The distribution coefficient (Kq) for
Sr was determined to be 7.58 - 102 m3/kg. Sorption values for Sr on HCP can be estimated to
range in value between 0.15 and 0.24 m?/kg. The sorption values for Sr estimated from the study
of Li & Pang (2014) is less than a factor of 3 higher than the value recommended for DS-I in
NTB 14-08 (Wicland 2014). Overall, the sorption values estimated on the basis of the new
experimental data are in good agreement with the values recommended in the previous SDB. Note
again that the sorption values recommended in Tab. 7-1 refer to uptake by an HCP prepared from
OPC, which is presently the reference scenario for the safety analysis.

The following sorption values are recommended for Sr uptake by cementitious systems (see also
Tab. 7-1):

Stage I: We retain the values recommended in NTB 14-08 (R4 = 0.1 m*/kg) because the Ca
concentrations are similar for the reference system considered in NTB 14-08 (Wieland 2014) and
the anticipated system for the RBG (Tab. 7-1).

Stage II: In NTB 14-08, an R4 of 102 m*/kg was assigned in view of the higher Ca concentration
in DS-II compared to DS-I (Tab. 2-3). The Ca concentration of the porewater considered in
NTB 14-08 (Wieland 2014) and that of the cementitious system modelled for the RBG are similar
(see Tab. 2-3 and Tab. 2-4). Therefore, an Ry of 102 m?/kg is retained (Tab. 7-1).

Stage III: In the case of the cementitious system modelled for the RBG, the Ca concentration of
the porewater in DS-III is about an order of magnitude higher than in DS-II (Tab. 2-3). As a
consequence of this, an Rq of 10 m*/kg, which was assigned to DS-II, is accordingly reduced by
a factor of 10 (Rq = 10 m*/kg in DS-III) (Tab. 7-1).
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Radium - DS-I and DS-11I

Kittnerova et al. (2020) published a comparative study on Ra and Sr interaction with a C-S-H
phase (target C/S ratio = 1.4), several HCPs prepared from CEM [, CEM II and CEM III cements,
respectively, and two concretes made with the CEM I and III cements. CEM 1 is an OPC, while
the CEM 1I Portland cement contains another component (here CEM II/A-S which contains a
blast furnace slag) and CEM III refers to blast furnace slag cement (Kittnerova et al. 2020). The
sorption studies were performed by contacting crushed materials with simulated (synthetic) CPW
with pH 12.4 — 12.6, which, in the case of HCPs and concretes, corresponds to a porewater
saturated with Ca(OH),, and the C-S-H phase was suspended in its mother solution (pH 12.1).
Therefore, the sorption values reported by Kittnerova et al. (2020) are representative of the
conditions in DS-II.

The sorption values reported for the CEM I HCP are considered to be relevant to the current
appraisal. Rapid sorption was observed in line with other studies (e.g., Lange et al. 2018, Li &
Pang 2014). Distribution ratios were found to range in value between 0.008 and 0.015 m*/kg for
Sr, with some dependency on the S/L ratio of the experimental system, while about an order
of magnitude higher sorption values were determined for Ra (range 0.04 — 0.1 m*/kg) (Kittnerova
et al. 2020). Note that a difference of one order of magnitude was also observed for Sr and Ra
uptake by the C-S-H phase with an C/S ratio of 1.4 (R4 ~ 0.1 m3/kg for Sr; R4 ~ 2 m*/kg for Ra)
(Kittnerova et al. 2020). Nevertheless, sorption onto HCP cannot be correctly quantified based on
the measured sorption values on the C-S-H phase and on the assumption of the proportion of
C-S-H in HCP amounts to 50 wt.% (Sr: R4 ~ 0.05 m*/kg (est.) and Rq ~ 0.008 — 0.015 m*/kg
(meas.); Ra: Rq~ 1 m*kg (est.) and Rq ~ 0.04 — 0.1 m*/kg (meas.). This discrepancy indicates that
a C-S-H phase with a C/S ratio of 1.4 may not represent a C-S-H in HCP. Note that C-S-H phases
with a C/S ratio ~ 1.6 are expected to dominate in HCP in DS-II.

The new experimental data on Sr and Ra sorption on HCP reported by Kittnerova et al. (2020)
support the values recommended for use in the safety analysis (Tab. 7-1).

New experimental studies on the Ra uptake by cementitious materials were also published by
Lange et al. (2018) and Olmeda et al. (2019). Olmeda et al. (2019) investigated the uptake of Ra
by cement phases (C-S-H, C-A-S-H) and cement paste made from a cement-type CEM V contain-
ing 23 wt.% fly ash and slag. The sorption studies with Ra on the C-S-H phases (C/S ratios = 0.8,
1.0, 1.2, and 1.6) were carried out in their mother solutions, i.e., the solutions in equilibrium with
the solids as achieved during synthesis (pH 10.4 for C/S = 0.8, pH 11.4 for C/S=1.0, pH 12.19
for C/S=1.2, and pH 12.37 for C/S = 1.6). Hence, the former two C-S-H phases are representative
of DS-III, while the latter two C-S-H phases are representative of DS-II. The four C-A-S-H phases
had C/S ratios of 0.8 and 1.2, respectively, while the Al/Si ratios were 0.05 and 0.2 for each of
the two C/S ratios. The pH values of the mother solutions were pH 10.2 and 10.4 where the C-A-
S-H phases had a C/S ratio of 0.8, and pH 11.4 and 11.0 where the C-A-S-H phases had a C/S
ratio of 1.2. Uptake of Ra by the CEM V paste was determined in equilibrium with pore solutions
of unperturbed cement (pH 13.2) and corresponding to DS-II (pH 12.2).

Olmeda and co-workers observed rapid adsorption on the cement phases and the HCP with
sorption equilibria attained within approximately 14 days. For the present study, the distribution
ratios for Ra uptake by C-S-H phases were estimated on the basis of the reported experimental
data as follows: Rq ~ 14.5+5.0 m’/kg for C/S = 0.8, Rq ~7.1 1.1 m*kg for C/S = 1.0,
R4~ 5.8+0.9 m¥/kg for C/S = 1.2, Ry~ 0.6 + 0.1 m*/kg for C/S = 1.6. The distribution ratios for
the C-A-S-H phases were estimated as follows: Rq ~ 8.9 = 1.1 m*kg for C/S = 0.8 and Al/Si =
0.05, R4 ~21.9 £ 4.1 m*/kg for C/S =0.8 and Al/Si= 0.2, R4~ 9.3 £ 1.0 m*/kg for C/S = 1.2 and
Al/Si = 0.05, Rg ~ 128.8 £31.1 m¥/kg for C/S = 1.2 and Al/Si = 0.2. A comparison of the Rq
values indicates a trend to stronger Ra uptake by C-A-S-H compared to C-S-H. Olmeda et al.
(2019) reported the following sorption values for the HCP: R4 = 0.583 m3/kg in the pH 13.2
porewater (DS-I) and R4 = 0.492 m*/kg in the pH 12.2 porewater (DS-II).
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Lange et al. (2018) carried out batch-type sorption studies with Ra on various cement phases
(specifically C-S-H phases, ettringite, monosulphate, monocarbonate, hydrogarnet) and HCP
prepared from OPC and a low-pH mortar made from a blended cement mix. Sorption studies were
carried out by contacting weighted amounts of dried solids with a solution that had been
pre-equilibrated with the respective solid material at the same S/L ratio. In the case of the cement
phases, sorption measurements were also carried out on the solids in contact with the mother
solution (equilibrium achieved during synthesis). Both experimental set-ups imply that the
sorption measurements were carried out in conditions close to solid-liquid equilibrium.
Eventually, sorption measurements were also carried out in an artificial, alkali-rich CPW
(pH > 13), representing conditions in DS-I, and a Ca(OH),-saturated solution (pH = 12.3),
representing conditions in DS-II. The C-S-H phases had target C/S ratios of 0.9 (pH = 11.9 of the
mother solution) and 1.4 (pH = 12.1 of the mother solution). Thus, their compositions correspond
to those of C-S-H phases in DS-II.

Lange and co-workers observed fast uptake kinetics under all conditions, with sorption equilibria
typically attained within 30 days. Strong uptake of Ra by C-S-H phases (target C/S ratios = 0.9
and 1.4) was observed at pH 11.9 (R4 = 22.5+4.0 m*kg) and 12.1 (Rq = 1.8 £ 0.7 m3/kg),
respectively, while slightly weaker uptake was observed at pH 13.2 (Rq = 13.3 + 2.4 m?/kg for
C-S-H 0.9 and Ry = 0.95 + 0.38 m3/kg for C-S-H 1.4). It is to be noted that the uptake of Ra by
the Al-containing cement phases (ettringite, monosulphate, monocarbonate, hydrogarnet) was
much weaker with Ry values ranging between 0.004 and 0.139 m?/kg. It is further to be noted that
the differences in the Rq values between the Al-containing phases and C-S-H phases cannot be
attributed to differences in the surface areas. The results support the idea that Ra is preferentially
taken up by C-(A)-S-H phases in HCP. Lange et al. (2018) reported an Rq of~ 0.06 m*/kg for Ra
uptake by the HCP at an estimated pH of 12.6. Thus, the experimental conditions are
representative of DS-II. However, significantly higher sorption values were determined on the
low-pH cement paste (Rq > 10 m3/kg at pH < 11.8), which seem to correspond to the conditions
in DS-IIL

The sorption values listed in Tab. 7-1 have been selected based on earlier sorption studies with
Ra on HCP reported by Bayliss et al. (1988), Holland & Lee (1991) and Tits et al. (2006). The
experimental data suggest higher uptake of Ra by HCP in DS-I compared to DS-II in accordance
with the higher Ca concentration in DS-II compared to DS-I. Therefore, C-S-H phases and in
particular Ra-Ca competition is considered to play a decisive role in the uptake process. The new
studies reported by Lange et al. (2018) and Olmeda et al. (2019) support the above rationale.
Lange et al. (2018) show that Ra uptake is significantly stronger by C-S-H phase than by
Al-containing cement phases, supporting the idea that C-S-H phases are the uptake-controlling
cement phase in HCP. It should be noted that the study of Olmeda et al. (2019) indicates even
stronger Ra uptake by C-A-S-H phases compared to C-S-H phases at the same C/S ratios of the
solids. Lange et al. (2018) determined an R4 of ~ 0.06 m?/kg for Ra uptake by an HCP made from
Portland cement at pH 12.6, which corresponds to conditions relevant to DS-II. This value is in
very good agreement with the presently recommended value Ry = 0.05 m*/kg for DS-II (Wieland
2014). Note that, under conditions representative of DS-II, the Rq value was about an order of
magnitude higher for HCP made from a cement blended with fly ash and slag (R4 = 0.492 m3/kg
at pH 12.2). Interestingly, Ra uptake by the blended cement was comparable for DS-1 (Rq =
0.583 m*/kg at pH 13.2) and DS-II (Rq = 0.492 m*/kg at pH 12.2) (Olmeda et al. 2019). In view
of these new data, the lower sorption value for Ra uptake by HCP in DS-II compared to DS-I as
given in the CEM-14 SDB (Wieland 2014) is retained in accordance with differences in the Ca
concentrations of the two CPWs and the idea that Ra-Ca exchange on C-S-H phases is the
dominant sorption mechanism.

The studies of Lange et al. (2018) and Olmeda et al. (2019) disclose a controversial aspect in the
reported sorption data. While both studies indicate C-(A)-S-H phases as the uptake-controlling
cement phases for Ra in HCP, the high sorption values observed for Ra uptake by C-S-H phases



33 NAGRA NTB 23-07

contradict the comparatively weak uptake observed on HCP in DS-II. Note that the weight content
of C-S-H in HCP ranges between 46 and 60 wt.%. Therefore, we would expect sorption values
on HCP (DS-II) >0.3 m’/kg using the sorption data on C-S-H 1.4 and 1.6 reported by
Lange et al. (2018) and Olmeda et al. (2019), respectively. Direct measurements of Ra uptake by
HCP in conditions relevant to DS-II, however, result in R4 values of ~ 0.05 m’/kg. Note that
agreement between measured Rq values on HCP and those estimated based on the Ra uptake by
C-S-H phases is better in DS-I.

The studies of Lange et al. (2018) and Olmeda et al. (2019) also aimed at developing a mechanistic
picture of Ra uptake by cementitious materials either by atomistic or thermodynamic simulations.
Olmeda et al. (2019) modelled Ra uptake in terms of an Ra-Ca exchange process. Ra-Ca
replacement may occur at negatively charge silanol sites on the surface and in the interlayer space
of C-S-H phases. The results from the atomistic simulations reported by Lange et al. (2018)
indicate that Ra-Ca replacement in the C-S-H interlayer space is a plausible sorption mechanism,
especially for C-S-H phases with a low C/S ratio. This mechanism could explain the strong Ra
uptake by HCP and C-S-H phases in DS-III of cement degradation.

Grambow et al. (2020) proposed a decreasing affinity of the alkaline earth elements in the order
Ra*" > Ba®" > Sr** for the interaction with C-S-H phases based on ion selectivity coefficients
by also considering the recently published studies on Sr and Ra uptake by Kittnerova et al. (2020)
and Ba uptake by C-S-H phases (Missana et al. 2017). This order anti-correlates with the
binding energy of the water molecules in the coordination shell of the divalent earth alkaline
metals, which increases with decreasing size of the metal cation (Mg** > Ca*" > Sr** > Ba?)
(Rodriguez-Cruz et al. 1999). The binding energy of water molecules bound to Ra** was found to
be the weakest among the divalent alkaline earth metal ions (Matsuda & Mori 2014). This finding
implies that replacement of the hydration shell by ionic bonding to structural coordination sites
of C-S-H phases is facilitated with increasing size of the metal cation in the order Ra?>* > Ba*" >
Srt,

The following sorption values are recommended for Ra uptake by cementitious systems (see also
Tab. 7-1):

Stages I and II: We retain the values recommended in NTB 14-08 (Wieland 2014) (Stage I: R4 =
0.5 m¥/kg; Stage II: Ry = 0.05 m’/kg) because the Ca concentrations are similar for the reference
system considered in NTB 14-08 and the anticipated system for the RBG (Tab. 2-4 and Tab. 2-3).

Stage III: see Section 3.3.2.
3.2.3 Transition and other metals

Nickel

In NTB 14-08, the R4 value of Ni uptake by cementitious materials was estimated in terms of a
“shared solubility” approach (see Chapter 4). This approach was chosen due to ample evidence
showing that Ni uptake in cementitious materials is controlled by isotopic exchange with stable
Ni present in the cementitious materials. The overall aqueous Ni concentrations (stable Ni*
radioisotopes of Ni) control the solubility of the stable Ni phases, mainly in the Ni(OH)x(s) and
Ni-Al layered double hydroxide (LDH) phases (Scheidegger et al. 2000, Johnson & Glasser 2003,
Vespa et al. 2006, Wieland et al. 2006, Wieland 2014). The majority of these studies was carried
out on fresh HCP. To the best of the authors’ knowledge, there is no information in the literature
on the presence of solid Ni phases in DS-II and DS-III. Kosakowski et al. (2023) calculated the
compositions of concrete in DS-I, DS-II and DS-III based on a representative composition of
concrete possibly considered to be used in the L/ILW emplacement caverns according to the
current concept. The calculations of the cement porewater and degradation are given in
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Kosakowski et al. (2023). These calculations show that the solid phase composition of concrete
in DS-IIT does not contain LDH phases (e.g., hydrotalcites or AFm phases) in contrast to the
compositions in DS-I and DS-II. However, this does not necessarily also exclude minor amounts
of Ni-AL LDH phases from being present in concrete in DS-III. The exact composition and
thermodynamics of these Ni-Al LDH phases are still poorly understood. Hence, their stability
during the concrete degradation process cannot be predicted.

Assuming isotopic exchange with stable Ni present as a solid phase in the concrete, the Rq value
for Ni retention in concrete is estimated to be 0.41 m*/kg (Section 4.2). This value is considered
for the three stages of concrete degradation. Missana et al. (2022) measured Ry values of
~ 0.3 m*/kg and ~ 6.3 m*/kg for the “*Ni uptake by C-S-H phases with a C/S of 1.6 and a C/S of
0.8, respectively. Taking into account that C-S-H phases make up approximately ~ 37% and 67%
of the concrete composition in DS-II and DS-III, respectively, this would mean that the overall
R4 values are ~ 0.1 m’kg (DS-II) and ~ 4.2 m*/kg (DS-III). In case of DS-II, this Rq value is
comparable to the R4 value obtained assuming isotopic exchange (0.41 m?/kg), noting that the
presence of LDH phases was predicted in the thermodynamic modelling for DS-II. In the case of
DS-III, however, the C-S-H-based R4 value is much larger. For reasons of conservatism, the lower
Rq4 value determined by isotopic exchange is assumed, which implies that the retention of **Ni by
concrete in DS-III could be controlled by isotopic exchange, as in DS-I and DS-II.

The study of Felipe-Sotelo et al. (2012) on the Ni uptake by NRVB shows that the linear sorption
range of Ni is very narrow, i.e., ranging from 10® M < [Ni].q < 107 M, which is in accordance
with the results published by Wieland et al. (2006). The authors concluded that the mechanism of
removal of Ni under repository conditions is likely to be precipitation, thus corroborating the
approach proposed earlier in NTB 14-08 (Wieland 2014). The R4 value estimated on the basis of
shared solubility requires information on characteristic parameters of the L/ILW near-field, such
as the amount of HCP and total volume per metre of cavern length as well as porosity, and on
concentrations, such as the Ni content of HCP and the Ni concentration in solution. The Ni
concentration in alkaline cement porewater in equilibrium with HCP was found to range in value
between ~ 10”7 M (Felipe-Sotelo et al. 2012) and ~ 10 M (Felipe-Sotelo et al. 2016, Garcia et al.
2018a, Wieland et al. 2006). In NTB 14-08 (Wieland 2014), the solubility of B-Ni(OH).(cr), a
candidate mineral for solubility control of Ni, was calculated to be 3 - 10°® M at pH 12.5 using
thermodynamic properties reported earlier (e.g., Hummel et al. 2005, Hummel et al. 2002). Note
that this concentration was considered by Wieland (2014) for estimating the sorption value of Ni
based on the shared-solubility approach. The presence of the hydrolytic species Ni(OH)s™ gives
rise to the expected, relatively high Ni concentration of 3 - 10° M in cement-type porewaters at
pH 12.5. Studies by Palmer & Gamsjéger (2010) and, more recently, by Brown & Ekberg (2016)
and by Gonzalez-Siso et al. (2017), however, indicate the neutral species Ni(OH)z(aq) as the only
hydrolytic species, suggesting an absence of Ni(OH);™ and thus lower Ni concentrations in the
alkaline range. In fact, Gonzalez-Siso et al. (2017) determined the solubility of B-Ni(OH).(cr) at
pH > 10 in the range of 2 - 10* M to 10”7 M. This range is more than an order of magnitude lower
than the previously estimated solubility of B-Ni(OH),(cr) at pH 12.5, i.e., 3 - 10° M. Note that in
the shared-solubility approach, the Ry values increase with decreasing aqueous concentrations of
the element of interest. In NTB 14-08, an Rq of 0.32 m*/kg was reported as the best estimate for
the Rq value of Ni applying the shared-solubility approach and using an Ni concentration of
3 - 10°M. It should be noted that using the new experimental data for the B-Ni(OH):(cr)
solubility in alkaline conditions would increase the R4 value by more than an order of magnitude.
For the current appraisal, however, we take a cautious approach by retaining the R4 value reported
in NTB 14-08 (Wieland 2014). A lower Ni concentration, however, was used to estimate the
upper limit of the sorption value of Ni in the cementitious environment.
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The following sorption values are recommended for Ni uptake by cementitious systems (see also
Tab. 7-1):

Stages I to III: The “shared solubility” approach for estimating the sorption values of Ni was
retained as detailed in NTB 14-08 (Wieland 2014) (see also Section 4.2). Recalculation resulted
in an Rq of 0.41 m*/kg based on the updated near-field parameters and solubility calculations.

Lead

The oxidation state +II dominates in the Eu-pH space relevant to a cement-based repository
(Brookins 1988, Pourbaix 1974), and Pb(OH).(aq) and Pb(OH)s™ are the main hydrolytic species
above pH 10.

Ochs et al. (2016) published a comprehensive compilation of earlier sorption measurements with
Pb on cement phases and HCP. These earlier data were also used to assign sorption values in
NTB 14-08 (Wieland 2014). To the best of the authors’ knowledge, no new experimental sorption
data have been reported in recent years. Zak & Deja (2015) carried out a spectroscopic study of
the microstructure of Pb-containing C-S-H phases and investigated the leaching behaviour of Pb.
The authors concluded that Pb can be effectively immobilised by the C-S-H structure, which is in
line with the notion of strong sorption as reflected by the Ry values assigned in this study
(Tab. 7-1). However, no specific information on the uptake mechanism of Pb in C-S-H phases
was reported by Zak & Deja (2015).

Therefore, the current appraisal of lead sorption to cementitious materials still has to be based on
the earlier experimental sorption data compiled by Ochs et al. (2016) and Wieland (2014). Ochs
et al. (2016) recommended the following Ry values for the different stages of the cement
degradation: R4 = 0.5 m3/kg for DS-I, R4 = 3 m*/kg for DS-II, and R4 = 30 m3/kg for DS-III. The
values recommended by Ochs et al. (2011) are consistent with those recommended earlier in
NTB 14-08 (Wieland 2014), and they are retained in the current appraisal (Tab. 7-1).

The following sorption values are recommended for Pb uptake by cementitious systems (see also
Tab. 7-1):

Stages I to III: The sorption values recommended in NTB 14-08 (Wieland 2014) are retained, i.e.,
an Ry of 0.5 m*/kg for DS-1, an R4 of 3 m*/kg for DS-II, and an R4 of 30 m*/kg for DS-III.

Niobium

The oxidation state +V is the most stable among the four oxidation states ranging from +Il to +V,
and +V was observed even under highly reducing conditions (Baes & Mesmer 1976, Brookins
1988). The principal chemical form under acidic conditions is NbO,". Neutral species (HNbO; or
Nb(OH)s) dominate under slightly acid to neutral conditions. The anionic species Nb(OH)s or
even Nb(OH)-* are the prevailing hydrolysis species above pH 7 (Baes & Mesmer 1976, Talerico
et al. 2004). In highly alkaline solutions, several studies provide evidence for a significant
decrease of the Nb(V) solubility in the presence of Ca, attributed to sparingly soluble ternary
Ca-Nb(V)-OI/OH(s) solid phases (Talerico et al. 2004, Pointeau et al. 2004a, Yamaguchi et al.
2020, Tachi et al. 2020, Cevirim-Papaioannou et al. 2022) and for the existence of ternary
Ca-Nb-OH complexes in Ca-containing alkaline solutions (Yamaguchi et al. 2020, Jo et al. 2022).

Wang et al. (2012) and Ochs et al. (2016) assigned sorption values for Nb(V) based on earlier
studies already cited in NTB 14-08 (Wieland 2014). The authors recommended an R4 of 50 m*/kg
as a best estimate with an upper bound of Rq = 1,000 m3/kg and a lower limit of R4 = 1 m3/kg.
Wieland (2014) chose a cautious approach by using the lower limit (Rq = 1 m3/kg) for the base
case, as only limited information is available on the Nb speciation in cementitious environments.
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Ghosh and co-workers carried out sorption studies with Nb(V) on silica (Ghosh et al. 2015) and
iron oxides (Ghosh et al. 2017), and further used spectroscopic techniques to explore the structural
arrangement of Nb(V) bound to silica (Ghosh et al. 2019). Nb(V) sorption was determined in the
pH range up to pH 12. On silica, the authors reported strong sorption of Nb(V) with > 96% uptake
in the pH range between 2 and 11. Above pH 11, the percentage of sorbed Nb(V) decreased,
indicating formation of the hydrolytic species Nb(OH)s". Furthermore, the sorption behaviour of
Nb was consistent on silica and iron oxides. The reported data did not allow exact quantification
of the Rq value. An Ry of ~ 12 m*/kg was estimated at pH 11, which results in an estimated Ry of
~ 1.2 m¥/kg at pH 12 on the assumption that Nb(OH)s is the dominant hydrolysis species that
affects Nb(V) sorption above pH 11. This value is consistent with the one recommended for use
in the safety analysis (Tab. 7-1), while it should be noted that sorption on silica may not account
for sorption processes on cement phases, in particular C-S-H phases. The synchrotron-based
spectroscopic studies reveal neighbouring Si atoms at a distance of ~ 3.05 A from the central Nb
absorber atom (Ghosh et al. 2019). This finding indicates inner-sphere coordination of Nb(V)
with Si atoms of the silica surface, which is supported by the relatively high sorption value
observed for Nb(V) on silica in the given pH range.

Only very recently, two new Nb(V) sorption studies on cementitious materials were published
(Cevirim-Papaioannou et al. 2022, Jo et al. 2022). These authors report very strong uptake of Nb
by pure C-S-H phases (C/S = 1.4) and fresh HCP (R4 value of ~ 100 m3/kg) notwithstanding the
presence of stable ternary Ca-Nb(V)-OH complexes in solution. Sorption isotherms were found
to be linear in a solution concentration range covering almost 8 orders of magnitude in the case
of C-S-H phases, and the R4 values appear to be largely independent of pH. In the case of fresh
HCP, radioactive *Nb(V) sorption was found to be at least partially controlled by isotopic
exchange with stable **Nb(V) present as an impurity in the otherwise pristine HCP. These two
recent publications appeared too late for the preparation of the present cement SDB and could
therefore no longer be taken into account for the assessment of the sorption behaviour of Nb on
HCP. However, these more recent data indicate that the value proposed for the consequence
analysis (Rq = 1 m*/kg) probably underestimates the sorption of Np on HCP.

The presently available literature supports the idea of a strong uptake of Nb(V) by cement phases
and HCP, which is reflected by an Rq of 1 m¥/kg in this study (Tab. 7-1). Nevertheless, the
available information does not require revision of the currently selected value.

The following sorption values are recommended for the uptake of Nb by cementitious systems
(see also Tab. 7-1):

Stages I to III: The sorption values recommended in NTB 14-08 (Wieland 2014) are retained, i.e.,
an Ry of 1 m¥/kg for DS-I, DS-II and DS-III of the cement degradation.

Technetium

The dominant technetium isotope present in radioactive waste is *Tc (half-life 2.14 - 10° years)
originating from thermal fission of #°U. In L/ILW, it is typically found on ion-exchange resins
and filters as well as in sludge and decommissioning waste (Ochs et al. 2016). Tc is a redox-
sensitive element occurring in redox state +VII as TcO4 under oxidising conditions and in redox
state +1V as insoluble TcO, under reducing conditions (Guillaumont et al. 2003). The literature
data reviewed in NTB 14-08 (Wicland 2014) revealed very weak sorption of TcO4 onto HCP
characterised by Ry values in the range of ~ 0.001 to 0.002 m*/kg. R4 values reported for Tc(IV)
were found to range between 1 and 10 m’/kg. The current understanding of the mechanisms
controlling Tc uptake by cementitious materials is very limited.
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Since 2014, only a few papers have been published dealing with Tc sorption onto cementitious
materials. Bu (2018) investigated the surface adsorption of TcO4 by 14-A tobermorite, jennite
and ettringite with the help of molecular dynamics simulations. The author found that uptake on
the octahedral CaOs surfaces of 14-A tobermorite and ettringite was energetically favourable.
Both inner-sphere and outer-sphere complex formation was predicted by the models. No adsorp-
tion was observed on the octahedral CaOs surface sites of jennite. Sorption on the tetrahedral SiO4
surface sites of 14-A tobermorite and jennite and on the tetrahedral SO4 surface sites of ettringite
was also energetically unfavourable.

Isaacs et al. (2020) performed wet chemistry batch sorption experiments with TcO4 on various
synthetic cement phases, including C-S-H phases (C/S = 0.9 and 1.4), monosulphate (AFm-SOs),
monocarbonate (AFm-CQOs), ettringite, hydrogarnet, portlandite, and calcite in the presence of
three different porewaters: a solution in equilibrium with the solid, a young artificial CPW
(pH = 13.3) and a portlandite-saturated CPW. Sorption kinetics were very fast in all cases and
TcOy4 sorption was found to be very weak in all systems leading to Rq values in the range from
6 - 10*m’/kg to 4.5 - 10° m*/kg. Batch sorption measurements with TcO4 on HCP led to Ry
values varying between 10 m*/kg and 4 - 10~ m%/kg, thus confirming the observations made in
the sorption studies on the pure minerals. Rq¢ values measured on an HCP prepared from a
cement blended with blast furnace slag containing Fe(Il) and sulphides were slightly higher
(~ 102 m3/kg), probably due to partial reduction of Tc(VII) to Tc(IV) followed by the formation
of TcOx(s) or Tc-sulphides. The new experimental results support the earlier appraisal given in
NTB 14-08 (Wieland 2014).

Saslow et al. (2020) performed ab-initio molecular dynamics simulations and batch co-precipita-
tion experiments to investigate TcO4™ sorption during ettringite formation. Solid-phase characteri-
sation techniques, including synchrotron-based absorption and fluorescence spectroscopy, and
diffraction methods, showed that TcO4 can be incorporated into the ettringite crystal structure by
an anion-exchange-driven process and further showed that one TcO4 and one OH™ substitute for
one SO4* anion and one H,O molecule. The presence of TcOy™ in the co-precipitation experiments,
however, appeared to inhibit ettringite formation, thus promoting the formation of calcite, gypsum
and amorphous material (> 65 wt.%). The partitioning of TcOs was quantified based on the
chemical analysis data of the filtrates recovered at the end of the batch sorption experiments and
taking into account the ettringite content calculated from Rietveld refinement of the powder X-ray
diffraction patterns. The partitioning ratios indicate very low uptake of TcO4 by precipitating
ettringite. It should be noted that Isaacs et al. (2020) also conducted sorption experiments with
TcOy4 on ettringite instead of co-precipitation experiments. The authors observed no significant
adsorption of TcO4 on ettringite.

Gillispie et al. (2021) investigated the role of ettringite as a possible mineralogical host for TcOy4".
The authors investigated TcO4 uptake by ettringite in the presence of the competing oxyanions
105 and CrO4*. Solution analyses allowed the removal of the oxyanions to be quantified, and the
solid was characterised by synchrotron-based bulk and microprobe X-ray diffraction in combina-
tion with analysis of pair distribution functions and microprobe X-ray fluorescence. Essentially,
the study by Gillispie and co-workers confirms the results of Saslow et al. (2020), indicating
incorporation by precipitating ettringite. Furthermore, it was observed that the incorporation of
TcOy4 by ettringite was completely inhibited in the presence of 105" These results suggest that
incorporation of TcOy4 into the ettringite structure may not be a preferred mode of TcO4 retention
in cementitious environments.

Druteikiené et al. (2017) conducted batch-type sorption/desorption studies with TcO4 on a HCP
made from CEM II/A cement with and without the addition of a reducing agent (sodium
dithionite). In the absence of the reducing agent, consistently small sorption values were
obtained (K4 value = 1.2+ 1.1 103 m’/kg (batch 1) and 1.5+ 1.2 - 10 m3/kg (batch 2)),
indicating weak interaction of TcO4 with HCP. However, significantly stronger sorption was
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observed in the presence of the reducing agent, thus suggesting the formation of Tc(IV)
(Kq value = 6.2 £0.8 - 102 m3/kg (batch 1) and 4.2 = 0.7 - 102 m*/kg (batch 2)). In addition, Tc
sorption was partially irreversible, further supporting the idea of a strong interaction of Tc(IV)
with HCP. However, Druteikiene and co-workers did not verify whether the total **Tc inventory
added to the solution as TcO4 was reduced to Tc(IV) in the sorption experiments.

The following sorption values are recommended for Tc uptake by cementitious systems (see also
Tab. 7-1):

The new results on Tc uptake by HCP support the estimates in NTB 14-08 (Wieland 2014), which
assumed a very weak interaction of Tc(VII) and a stronger interaction of Tc(IV) with HCP.
Competition with CI" could further reduce Tc(VIl) uptake by HCP. However, data on this are
currently lacking. It was therefore decided to retain the sorption values for Tc under reducing
conditions as given in NTB 14-08 (Wieland 2014) (Rq = 1 m*/kg) for the three stages of cement
degradation. Tc(IV) is a non-anionic species and there is currently no evidence for the formation
of Tc(IV)-chloro complexes. For oxidising conditions, the value assigned to DS-I in NTB 14-08
is retained, as no enhanced Cl” concentration of the porewater is expected in DS-1. However, the
Rg value for DS-II is reduced by a factor of 10 due to the expected high salinity of the porewater
(Rq = 10* m’/kg instead of Rq = 10° m*/kg). The high Ca concentration in DS-III porewater,
which provides positive C-S-H surface charges beneficial for anion sorption, and the high CI
concentration possibly leading to strong competition effects, prompted us to assign the same Ry
values to DS-III and DS-II; i.e., an Rq of 10 m3/kg (Tab. 7-1).

Zirconium

The oxidation state +1V is the dominant redox state of Zr in the Ex-pH space relevant to a cement-
based repository (Brookins 1988). Different interpretations regarding the distribution of the
hydrolysis products have been presented. In earlier work, Zr(OH)s was considered to be the main
hydrolytic species in the alkaline pH range based on the hydrolysis constant reported by Baes &
Mesmer (1976) and further accepted in the earlier Nagra/PSI TDB (Hummel et al. 2002). Recent
reviews, however, suggest the presence of Zr(OH)s(aq) and Zr(OH)s> together with ternary
Ca-Zr(IV)-OH complexes (Altmaier et al. 2008) as the dominant hydrolysis products in the
neutral to strongly alkaline pH range, which has also been accepted in the updated Nagra/PSI
TDB (Hummel & Thoenen 2023). Ochs et al. (2016) modelled Zr hydrolysis for a cementitious
environment, which shows the existence of the neutral Zr(OH)s(aq) species in the alkaline pH
range up to pH 13 and the formation of Zr(OH)s>" above pH 13. Altmaier et al. (2008) reported
the formation of very stable ternary Ca.[Zr(OH)s]*"2 complexes (n=1,2) in alkaline conditions
containing Ca, which may dominate the aqueous Zr(IV) speciation in DS-I and DS-II. The
chemical nature of the hydrolytic Zr species is expected to have an effect on the extent of Zr
uptake by cement phases and HCP. If Zr(OH)s(aq) and Zr(OH)¢* are the dominant aqueous
species in neutral to alkaline conditions, a continuous decrease of the Rq value with increasing pH
is anticipated. However, this effect might be strongly influenced by a reversal of the C-S-H
surface charge from negative to positive due to increasing Ca sorption with increasing aqueous
Ca concentrations expected at higher pH values. A positive surface charge could increase the
affinity of the C-S-H phases for anionic Zr(OH)s* complexes but decrease the affinity for
positively charged ternary Ca[Zr(OH)s]>" complexes. Alternatively, this effect can also be
explained by stronger sorption of the ternary Can[Zr(OH)s]**? complexes described by
Altmaier et al. (2008) on negatively charged C-S-H surfaces. When only Zr(OH)4(aq) dominates
Zr(IV) speciation in the alkaline pH range, Zr uptake by cement phases or HCP should not show
a strong pH dependence up to pH 13. This appraisal is made on the assumption that competition
between sorption of Zr on the solid phase and its stabilisation as an aqueous hydrolytic species
governs Zr partitioning, and further that inner-sphere coordination of Zr on solids occurs, i.e., no
effects of the surface charge, alkalis and Ca on Zr sorption.
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A compilation of earlier sorption values was reported by Ochs et al. (2016). Baston et al. (2012)
reported previously unconsidered sorption data on the uptake of Zr by untreated NRVB and
NRYVB aged to DS-III by leaching with deionised water (pH ~ 10.5). Very strong uptake of Zr
was reported with Rq values > 10* m¥/kg in suspensions containing untreated NRVB (pH 12.2).
From the study of Baston et al. (2012), it further appears that the presence of colloidal materials
could have a pronounced effect on measurements of Zr partitioning between the aqueous phase
and solid material. This finding supports the idea of a very strong interaction of Zr with solids
even of colloidal nature. The authors reported a large scatter on the sorption data determined on
leached NRVB. Sorption measurements in the pH range of 9.7 — 11.4 resulted in Rq values ranging
from an Rq of 140 m’/kg at pH 9.7 to an Rq > 1.9 - 10* m*/kg at pH 11.4. The reported lower
bound of the R4 value implies that the sorption value tends to decrease by two orders of magnitude
when the pH changes from 12.2 to 9.7. In contrast, the reported upper bound indicates no effect
of the pH on sorption, resulting in an Rq > 10* m*/kg irrespective of the pH. This large difference
between Ry values determined at pH 9.7 and 11.4 can hardly be attributed to changes in the
concentration of the hydrolysis products in this pH range. It should be noted that no dependence
of the sorption value on pH is expected on the assumption that Zr(OH)s(aq) is the main hydrolysis
product, while the difference should be less than two orders of magnitude if Zr(OH)s were the
dominant hydrolytic species. Both potential effects of hydrolysis on Zr uptake by NRVB are not
reflected in the experimental data.

Ochs et al. (2016) assigned higher sorption values to DS-III compared to DS-II, which corre-
sponds to the idea of a pH-dependent Zr uptake by cement phases and HCP. No sorption value
was assigned to DS-I by these authors. The trend of a pH dependence of Zr uptake by cement
phases and HCP can hardly be justified in view of the very high sorption values reported in the
literature and the expected hydrolysis behaviour of Zr under alkaline conditions. It should be
noted that an Rq value of 10 m3/kg was assigned to all stages of cement degradation in NTB 14-08
(Wieland 2014). We believe that Zr sorption in cementitious systems is very strong, i.e.,
comparable to that of tetravalent actinides (Rq = 100 m*/kg). However, a conclusive line of
argumentation that would justify an increase of the sorption value previously selected in
NTB 14-08 cannot be presented at the present time.

Stable Zr inventories in cement reported in the literature vary between ceem = ~ 107> mol/kg (Ochs
et al. 2016) and ccem = 4 -+ 10* mol/kg (Wieland 2014 and Tab. B-2 in this report). Isotopic
exchange with stable Zr (IV) thus could control the uptake of the radioactive Zr(IV) isotopes in
the repository. The aqueous concentration of stable Zr(IV) is either controlled by sorption on the
cement minerals or by the solubility of Zr(IV)-containing solids. In the former case, the discussion
above applies. In the latter case, an apparent Rq value can be estimated based upon the solubility
of the dominating Zr(IV) solid phase under alkaline conditions. The PSI-Nagra chemical thermo-
dynamic database (Hummel & Thoenen 2023) does not contain thermodynamic data on the
solubility and hydrolysis of Zirconium. Altmaier et al. (2008) report solubilities for ZrO,-xH,O(s)
under highly alkaline conditions (c.q) varying between ~ 10 M in the absence of Ca and in the
presence of 0.1 M CaCl, at pH 10 and ~ 3 - 10° M in the presence of 0.1 M CaCl, at pH ~ 12.0.
Applying the “shared solubility” approach (Eq. 4, Section 4.1) with an accessibility factor (f) of
0.1, this would lead to R4 values based upon isotopic exchange with solid ZrO,-xH,O(s) in the
concrete varying between 4 m3/kg and 1.3 - 102 m3/kg. These R4 values are significantly lower
than the R4 values experimentally determined in sorption studies. Thus, there is evidence to
suggest that surface sorption processes will control the uptake of radioactive Zr(IV) by HCP.

We therefore retain Rq = 10 m*/kg for all stages of cement degradation. The selection is based on
the assumption that hydrolysis of Zr under alkaline conditions does not depend on pH, i.e.,
Zr(OH)4(aq) is the dominant species in the pH range 11 — 13.3, and that Zr is strongly bound to
cement phases, suggesting the formation of inner-sphere complexes, such as uptake into the
interlayer of C-S-H phases.
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The following sorption values are recommended for Zr uptake by cementitious systems (see also
Tab. 7-1):

Stages I to III: The sorption values recommended in NTB 14-08 (Wieland 2014) are retained, i.e.,
an Rq of 10 m*/kg for DS-I, DS-II and DS-III of cement degradation.

Polonium

Limited information is available on the thermodynamic properties of Po (Brookins 1988,
Pourbaix 1974). Ram et al. (2019) published a detailed review of the aqueous chemistry of Po.
All Po isotopes are radioactive and decay with time (longest half-life of 2%Po at 2.9 - 103 years).
The En-pH space is dominated by Po(0) under reducing conditions above pH 10 according to the
data published by Brookins (1988) and Ram et al. (2019), while Po(IV) dominates under oxidising
conditions. On the basis of chemical analogy with Te(IV) and Se(IV), it was speculated that
HyPoOs(aq), HPoO;™ and PoOs* are important hydrolysis species under alkaline conditions (Ram
et al. 2019). The two latter species, however, are only prevalent above pH 12.

No experimental sorption data with Po on cementitious materials have been reported to date,
which leads to the earlier appraisal in NTB 14-08 (Wieland 2014) and the recommendation of
using an Ry of 0. The sorption behaviour of Po can be re-assessed with a view to the dominant
redox states under alkaline conditions. Po(IV) dominates under oxidising conditions, which
anticipates significant sorption onto cement phases and cement paste. On the basis of a similarity
of hydrolysis, one may speculate that the Rq value for Po(IV) uptake by HCP may range between
those assigned to Pb(Il) and tetravalent actinides (e.g., Th(IV)), i.e., ranging between 0.5 and
100 m¥/kg. Under reducing conditions, however, where Po(0) is the dominant species, the
sorption behaviour is likely to be comparable to those of Ag and Hg with the dominant aqueous
species Ag(0)(aq) (postulated) and Hg(0)(aq) (experimentally verified), thus implying the
presence of the neutral Po(0)(aq) species. This analogy would suggest a nominal Rq = 10 m*/kg
for Po under reducing conditions. Therefore, it is conceivable that Po uptake by HCP occurs under
reducing conditions. However, it is still justified to assign an R4 of 0 due to very limited
information on the hydrolysis behaviour of Po and due to the absence of sorption data for Po on
cementitious materials.

The following sorption values are recommended for Po uptake by cementitious systems (see also
Tab. 7-1):

Stages I to III: Assuming no sorption, as recommended in NTB 14-08 (Wieland 2014), is retained,
i.e., an Rq of 0 m*/kg for DS-I, DS-II and DS-III of cement degradation.

3.24 Anions

Small organic carbon compounds

Carbon-14 carrying small organic carbon compounds mainly originate from the corrosion of
irradiated metals under reducing conditions and therefore potentially contribute to the long-term
activity release rate from the cementitious near-field (Wieland et al. 2023). These compounds
are either released as dissolved '“C-bearing oxygenated carbon compounds, predominantly
14C-bearing carboxylates, or as '*C-bearing volatile hydrocarbons, such as methane, ethane, and
ethene (Wieland & Hummel 2015, Guillemot et al. 2022).

Interaction of the gaseous carbon compounds with HCP is expected to be negligible, while the
retention of oxygenated carbon compounds can occur by interaction with surface sites of cement
minerals or by incorporation into the structure of specific cement minerals such as AFm phases.
In the case of charged, dissolved species, such as carboxylates that are deprotonated in high-pH
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solutions, interaction of the small molecules occurs by electrostatic attraction between the
negatively charged anions and the positively charged surface sites of some cement phases,
especially C-S-H phases. These have a positively charged surface due to adsorption of Ca*" ions
above pH ~ 11. Therefore, the surface of C-S-H phases is positively charged in all stages of
cement degradation, leading to weak interaction of negatively charged carboxylates with HCP. In
the case of non-ionised, polar organic compounds such as alcohols and aldehydes, non-specific
interaction with oxidic surface sites may occur through hydrogen bonding or van der Waals
forces. In any case, surface bonding is expected to be very weak, thus leading to very weak
retention of these small carbon compounds.

Wieland et al. (2016) conducted diffusion and sorption experiments with the small organic
molecules methanol, ethanol, formaldehyde, acetaldehyde and formic and acetic acids on HCP
under conditions representative of DS-1. The uptake of oxidised hydrocarbons by HCP was found
to be very low with Ry values typically below 10~ m3/kg. Strongest uptake was observed in the
case of formaldehyde, acetaldehyde and formic acid (R4~ 3 - 10* m*/kg), while the Rq values of
methanol, ethanol and acetic acid were significantly smaller (ranging from 10° to 10 m*/kg).
Nedyalkova et al. (2021) recently conducted sorption measurements with *C-labelled formate on
an aged cement paste. The Ry value was determined to be (8.9 £ 4.4) - 10 m*/kg at most, which
is in good agreement with the values reported previously.

In NTB 14-08 (Wieland 2014), an Rq of 10> m*/kg was recommended as the best estimate for use
in the safety analysis (lower limit: Rq = 0; upper limit: R4 = 10~ m?*/kg). This value is based on a
cautious approach taking into account that a variety of carbon compounds can carry '“C that only
weakly sorbs to cement phases. This cautious approach is retained for the updated SDB.

The following sorption values are recommended for uptake of small organic compounds by
cementitious systems (see also Tab. 7-1):

Stage I: The sorption values for the uptake of small organic compounds are retained for DS-I as
given in NTB 14-08 (Rq = 10~ m?/kg; lower limit: Rq = 0; upper limit: Rq = 10~ m?/kg) as only
moderate Cl concentrations are expected for the porewaters in this degradation stage (Tab. 2-3).

Stages II and III: The high CI" concentrations in DS-II and DS-III (Tab. 2-3) could significantly
reduce the retention of small organic compounds due to sorption competition. At present, no data
are available on the uptake of small organic molecules by HCP in highly saline porewaters. Due

to lacking data and a cautious approach, no sorption is assumed for either DS-II or DS-III (Rq =
0 m3/kg).

33 Re-assessed, revised sorption values

This section includes all radionuclides for which previously recommended sorption values have
been revised because new experimental information has become available in recent years or
because new considerations have been made on the sorption properties of the radionuclides.

3.3.1 Actinides and lanthanides

Pentavalent actinides

Calculations of the species distribution of Np(V) were reported by Tits & Wieland (2018). The
calculations were based on the well-established thermodynamic data for the complexation of
Np(V), also considering the formation of ternary Ca-NpO,-OH complexes and Np-silica
complexes. The thermodynamic calculations were performed for alkaline conditions (pH > 10)
and at Ca concentrations ranging between 4 - 10° M and 0.02 M, thus covering the range of
typical Ca concentrations in cementitious environments. The results show that the speciation is
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dominated by the three hydrolytic species NpO:*, NpO.OH(aq) and NpO,(OH), in the absence
of Ca and Si. The formation of ternary Ca-NpO,-OH complexes, however, becomes important
with increasing Ca concentration. At [Ca]aq = 0.02 M, Ca[NpO2(OH),]" was predicted to be the
dominant aqueous species in the pH range 11.5 — 12.5. The Np(V)-silica complexes that might
predominantly exist in the low-pH region (e.g., NpO2SiO(OH)s(aq)) do not play a role in the
Np(V) speciation distribution under alkaline conditions. Note that the existence of ternary Np(V)-
hydroxy-silicate complexes expected to prevail in the alkaline pH region has not yet been
demonstrated. The above findings suggest that, in addition to hydrolysis, the formation of ternary
Ca-NpO,-OH complexes could have an effect on Np(V) sorption in cementitious systems.

Haussler et al. (2018) and Tits & Wieland (2018) published new series of sorption data for Np(V)
uptake by C-S-H phases, while Baston et al. (2012) had previously published an earlier unac-
counted sorption study with Np(V) on NRVB. An Ry of 500 m3/kg was determined by Héussler
et al. (2018) irrespective of the S/L ratio, the C/S ratio of the C-S-H phase and pH of the equilib-
rium solution used. Baston et al. (2012) reported R4 values > 50 m*/kg both for untreated NRVB
(pH ~ 12.5) and leached NRVB (pH ~ 10.5). Note that no pH dependence of the Rq values was
observed in this study. The idea of very strong sorption of Np(V) onto C-S-H phases was further
corroborated by Tits & Wieland (2018). Kinetic studies performed by these authors resulted in
sorption values ranging from ~ 100 to ~ 1,000 m*/kg on C-S-H phases with C/S ratios ranging
from 0.65 to 1.65 and sorption values ranging from ~ 80 to ~ 200 m*/kg on HCP at pH 13.3, i.e.,
conditions corresponding to DS-I. The slightly lower Rq value determined for Np(V) sorption
onto fresh HCP can be explained by assuming that C-S-H is the only sorbing cement phase and
that C-S-H phases make up only ~ 50 wt.% of fresh HCP.

Tits & Wieland (2018) carried out sorption studies with Np(V) on TiO; with the aim of illustrating
the effect of pH, i.e., the formation of hydrolytic species, and Ca concentration, i.e., the formation
of ternary Ca-NpO;-OH complexes. The authors observed that Np(V) uptake by TiO, decreases
with increasing pH, which could be attributed to the increasing dominance of the NpO»(OH),
species in solution. This finding supports the idea that this hydrolytic species is a limiting hydroxy
complex, which cannot form surface bonds with Ti-OH groups on TiO». At a constant pH of 13.3,
where the NpO,(OH),™ species dominates in solution, Np(V) sorption was observed to increase
with increasing aqueous Ca concentration up to an equilibrium Ca concentration of ~5 - 10 M.
This Ca concentration corresponds to maximum site saturation of Ca on TiO, as Ca was found to
sorb on the surface of TiO: (Tits et al. 2014b). Above this concentration, the sorbing Np(V) thus
binds to a “Ca-OH”-like surface rather than to a “Ti-OH”-like surface. The effect of Ca sorption
on Np(V) sorption can be explained either by neutralisation of the negative surface charge or by
the formation of a very strong surface-stabilised, Ca-neptunate complex or Ca—neptunate ion pair.
The same effect was observed with Np(V) on C-S-H phases. The C/S ratio of C-S-H phases is
known to correlate with both the pH and Ca concentrations in solution. Np(V) uptake was strong
irrespective of the C/S ratio. This finding suggests that the sorption value is affected
simultaneously by two counteracting parameters: 1) a decrease in the Rq value with increasing pH
due to increasing concentrations of the non-sorbing anionic NpO,(OH),™ species, as previously
observed in TiO; sorption systems in the absence of Ca, and 2) an increase in the sorption value
with increasing aqueous Ca concentration. Both effects may compensate each other, which results
in an apparently constant Rq value irrespective of the pH and the aqueous Ca concentration in
solution. It further explains why the measured sorption values are identical within the uncertainty
for untreated and treated NRVB (Baston et al. 2012) and C-S-H phases with different C/S ratios.

Progress has been made in unravelling the uptake mechanism of Np(V) by HCP and C-S-H
phases, while a conclusive picture is still lacking. Previous spectroscopic studies indicate that
C-S-H is the uptake-controlling cement phase in HCP (Gaona et al. 2013). This implies that
information on the Np(V) uptake mechanism on C-S-H is key to developing a mechanistic picture
of Np(V) sorption on HCP. Evidence from the X-ray absorption spectroscopy investigations of
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Gaona et al. (2013) suggests that Np(V) could be accommodated in the interlayer space of the
C-S-H phases. However, this process cannot be explained by a simple cation exchange process in
which Ca*" is replaced by NpO»™ (Tits & Wieland 2018). It was further noted that the presence of
Ca seems to stabilise sorbed Np(V) species as shown by the sorption experiments with TiO,
(Tits & Wieland 2018), which could promote the existence of ternary surface complexes of
NpO,(OH)," and Ca?* rather than interlayer bonding of Np(V).

In their literature review of radionuclide sorption onto cement, Ochs et al. (2016) compiled the
experimental data from earlier sorption studies with Np(V) on various cement formulations (see
references in Ochs et al. 2016). The ranges of sorption values in the different stages of cement
degradation were as follows: Rq ~ 1 m¥/kg to ~ 30 m*/kg for DS-I (pH 13.3), Ra ~ 0.3 m*/kg to
~ 200 m*/kg for DS-II (pH 12.5), and R4 ~ 50 m*kg to ~ 1,000 m*/kg for DS-III (pH 12). The
large scatter in the data indicates experimental challenges typically found with strongly sorbing
radionuclides. Previous appraisals of Np(V) retention in HCP led to recommended values
Rq =2 m’/kg for DS-I and Rq = 20 m*/kg for DS-II and DS-III on the basis of chemical analogy
with U(VI) and the comprehensive dataset published for U(VI) (Wieland 2014). Wieland (2014)
also assigned the same sorption value to Np(V) and Np(VI), which are considered as the two
possible redox states of Np under oxidising conditions. We revise the sorption values based on
the idea that the sorption of Np(V) on C-S-H phases and HCP is very strong and not or only
slightly affected by pH. However, we take a cautious approach by assigning R4 values
corresponding to the lower limit of values reported in the literature.

The following sorption values are recommended for the uptake of pentavalent actinides by
cementitious systems (see also Tab. 7-1):

Stages I and II: An increase of the sorption value for Np(V), and by analogy also for Pa(V), to
R4 = 50 m*/kg for DS-I and DS-II is recommended.

Stage I1I: Rq = 100 m?/kg is assigned to DS-III in agreement with the stronger sorption observed
for U(VI) in DS-III compared to DS-I and DS-II (see next paragraph). The same Ry value is
assigned to Pa(V) in DS-III.

Hexavalent actinides — DS-II1

Previous appraisals of U(VI), Np(VI) and Pu(VI) uptake by HCP led to recommended Ry values
of 2 m/kg for DS-I and 20 m’/kg for DS-II and DS-III (Ochs et al. 2018, Wieland 2014).
Nevertheless, an increase of the Rq value from 20 m*/kg to 100 m?/kg is justified based on the
consistently strong uptake of U(VI) and Np(VI) determined on cementitious materials under
conditions representative of DS-III reported in the recent literature as discussed in Section 3.2.1.

The following sorption values are recommended for the uptake of hexavalent actinides by cemen-
titious systems (see also Tab. 7-1):

Stage III: An increase of the sorption value by a factor of 5 is recommended in view of the now
well-established effect of pH on the sorption behaviour of U(VI). Therefore, Rq = 100 m*/kg has
been assigned to the hexavalent actinides (U, Np, Pa, Pu) in DS-III (Tab. 7-1).
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3.3.2 Alkaline and earth alkaline metals

Caesium — DS-IIT

Missana et al. (2018) carried out batch sorption experiments and modelling studies on the uptake
of Cs* and Na" by C-S-H phases. C-S-H phases with target C/S ratios 0.8, 1.0, 1.2 and 1.6 were
prepared in suspensions with an S/L ratio of 10 g/L. The sorption studies with Cs* and Na* were
carried out directly in the synthesised C-S-H slurries. The pH of the suspensions ranged from pH
10.38 in the case of C-S-H with a target C/S ratio of 0.8 to pH 12.37 in the case of C-S-H with a
target C/S ratio of 1.6. It should be noted that the competitive effect of Na* on Cs* sorption, which
is characteristic for DS-I, was not addressed by Missana et al. (2018). The authors report K4 values
for Cs" uptake ([Cs]eq < 10 M) by C-S-H phases as follows: K4 ~0.1 — 0.2 m*/kg at C/S =
0.8 (pH 10.38), K4 ~0.04 — 0.06 m’/kg at C/S = 1.0 (pH 11.41), K4 ~0.015 — 0.025 m’/kg at
C/S=1.2 (pH 12.19), and K4 ~ (3.2 — 10) - 10 m3/kg at C/S = 1.6. Thus, the two conditions
obtained with the C-S-H systems with a C/S of 0.8 (pH 10.38) and with a C/S of 1.0 (pH 11.41)
are representative of a C-S-H system relevant to DS-III. By contrast, the other two conditions
represent C-S-H systems in DS-II. Sorption values can be estimated from the K4 values obtained
for C-S-H systems on the assumption that the C-S-H content in HCP amounts to 50 wt.%. This
results in estimated sorption values on HCP ranging between 0.02 and 0.1 m?/kg in DS-III and
(1.6 — 12.5) - 10° m3/kg for DS-II. Thus, the sorption values estimated for DS-II based on the
experimental data reported by Missana et al. (2018) are in good agreement with the recommended
value (Ra=5 - 10 m*/kg Tab. 7-1). For DS-III, however, the value recommended in NTB-14-08
(Wieland 2014) (Rq=5-10 m3/kg) is about an order of magnitude lower than the estimated values
(0.02 and 0.1 m*/kg, respectively). It should be noted that C-S-H phases with C/S ratios ranging
between 0.8 and 1 are considered as the uptake-controlling sorbents for metal cations in DS-III
of HCP. Thus, the recommended sorption value for Cs* retention in DS-IIT has been increased
from 5 - 10~ m*/kg to 0.02 m3/kg on the basis of the new experimental data reported by Missana
etal. (2018). However, due to the high alkali concentration, the recommended Rq value is reduced
accordingly.

The following sorption values are recommended for the uptake of Cs by cementitious systems in
DS-III (see also Tab. 7-1):

Stage I1I: The new experimental data on the Cs uptake by C-S-H phases under conditions relevant
to DS-III would allow an increase of the R4 value recommended in NTB 14-08 (Wieland 2014)
from 5 - 10~ m3/kg to 0.02 m*/kg. However, the new data result from sorption studies carried out
on C-S-H phases in the absence of alkalis. The presence of alkalis is taken into account for the
current appraisal. We thus assign the same R4 value to DS-II and DS-III due to similar alkali
concentrations in the two stages (Tab. 2-3) (Rq= 5 - 10* m3/kg). Therefore, Ra=5 - 10 m¥/kg is
assigned to all three stages of cement degradation due to competition with alkalis.

Radium — DS-III

To date, only preliminary experimental data exist for Ra uptake by HCP in DS-III
(Grambow et al. 2020). These data suggest a very strong uptake of Ra by HCP made from OPC
and degraded to DS-III (Rq > 10 m*/kg). Due to the preliminary nature of these data, the current
sorption value for DS-III is still estimated on the basis of Ra uptake by C-S-H phases. In DS-III,
all experimental data reported by Lange et al. (2018) and Olmeda et al. (2019) clearly indicate an
increase in Ra uptake with a decreasing C/S ratio of C-S-H phases (see Section 3.2.2). Note that
a C/Sratio <1 is anticipated for C-S-H phases in DS-III. Therefore, a higher sorption was selected
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compared to DS-II in accordance with the new experimental findings reported by Lange et al.
(2018) and Olmeda et al. (2019) as well as the preliminary data reported for HCP in DS-III by
Grambow et al. (2020).

The following sorption value is recommended for Ra uptake by cementitious systems in DS-III
(see also Tab. 7-1):

Stage III: For the cementitious system modelled for the RBG, the Ca concentration of the pore-
water in DS-III is about a factor of 5 higher than the one of the porewater in DS-II (Tab. 2-3). As
a consequence of this, the Rq of 5 - 10! m*/kg that was assigned to DS-III based on the new
experimental data, is reduced by a factor of 5 (R4 = 10! m*/kg (Tab. 7-1) due to the expected
effect of Ca on Ra uptake.

3.3.3 Transition and other metals

Silver

Under oxidising conditions, Ag(I) is the only redox state of silver, while Ag(0) is the
thermodynamically stable redox state under reducing conditions. The Ex-pH space is dominated
by a very large field of metallic Ag(0) (Brookins 1988). Ag(I) is only present under moderately
to strongly oxidising conditions. The hydrolysis of Ag(l) is very weak (Baes & Mesmer 1976).
Therefore, Ag" is the only silver species in the acid and neutral pH range. The hydrolysis products
Ag(OH)(aq) predominates above pH 11.7, while the second hydrolysis product Ag(OH),™ only
exists above pH 12.6 (Baes & Mesmer 1976, Brown & Ekberg 2016, Hummel 2017, Ochs et al.
2016). Under reducing conditions, however, silver speciation and the solubility behaviour of
Ag(0)(s) can only be interpreted in a plausible manner if the formation of the neutral aqueous
species Ag(0)(aq) is considered (Hummel 2017). For this reason, Hummel (2017) argued that the
aqueous Ag(0) species might exist as indicated from solubility studies with metallic silver (see
Dobrowolski & Oglaza 1963 referenced in Hummel 2017) and therefore should be included in
the TDB. Hummel (2017) noted further that, in the case of the chemically similarly heavy metal
mercury, the existence of the Hg(0)(aq) species was demonstrated and the solubility of metallic
mercury via the equilibrium Hg(l) = Hg(aq) is well established (Clever et al. 1985).

To the best of the authors’ knowledge, reliable experimental data on silver uptake by cement
phases and cement paste have not yet been reported. Ochs et al. (2016) suggested that Ag sorption
might diverge from zero based on circumstantial evidence. The authors proposed that the sorption
values for Ag on HCP may be similar to those of the alkali and alkaline earth elements. The
authors further noted that the hydrolysis behaviour of Ag appears to be closer to hydrolysis of the
alkalis than the alkaline earth elements. This implies very weak uptake and sorption values
ranging between 10 and 10~ m*/kg with a view to alkali sorption onto HCP. Ochs et al. (2016)
recommended a supplemental Ry value of 10~ m*/kg.

A nominal sorption value for Ag can be estimated based on the assumption of a solubility-
controlled process between Ag associated with HCP (presumably in the chemical form of Ag(0))
and the Ag concentration in solution. This approach is based on the “shared solubility”
considerations previously reported by Wieland (2014). Ag is assumed to be present in solution as
Ag(0) under reducing conditions (c,q = 3.16 - 107 M as determined by Dobrowolski & Oglaza
(1963)) and Ag(OH) under oxidising conditions at pH 12 (caq = 1.85 - 10° M according to
Baes & Mesmer 1976). It is further assumed that 2% of the total Ag inventory of HCP (ccem =
2.32 - 10" mol/kg) is in equilibrium with the aqueous Ag species in both conditions. The resulting
operational R4 value for the reference case is 10* M m’/kg under reducing conditions and
2 - 10" m3/kg under oxidising conditions. Note that the difference in sorption is a consequence of
differences in the aqueous Ag concentrations. The estimated values support the idea of a very
weak interaction of Ag with HCP in accordance with Ochs et al. (2016). For the current appraisal,
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a cautious approach has been taken by retaining zero sorption under oxidising conditions (Ag(I))
for all stages of cement degradation and by assigning a nominal sorption value of 10* M m’/kg
under reducing conditions (Ag(0)) for all stages of cement degradation.

The following sorption values are recommended for the interaction of Ag with cementitious
systems (see also Tab. 7-1):

Stages I to III: A nominal sorption is assigned to Ag retention under reducing conditions (Ag(0))
(Rq = 10"* m*/kg), which is based on the “shared solubility” considerations previously reported in
NTB 14-08 (Wieland 2014). An Ry of 0 m*/kg is retained under oxidising conditions as given in
NTB 14-08.

Tin

The oxidation state +IV dominates in the Ex-pH space relevant to a cement-based repository
(Brookins 1988, Pourbaix 1974) with Sn(OH)¢* as the dominant hydrolytic species above
pH 10.5 (Hummel et al. 2002, Ochs et al. 2016, Wang et al. 2012). It should be noted that,
analogous to Zr(IV) (see Section 3.2.3), the formation of ternary complexes with Ca, e.g.,
(Cax[Sn(OH)s])**%, is also conceivable and could eventually influence the sorption behaviour of
Sn(IV) on cement phases.

To date, only a limited number of studies have reported on the uptake of Sn(IV) by cementitious
materials (e.g., review in Ochs et al. 2016). Baston et al. (2012) published sorption data with Sn
on untreated NRVB and NRVB that was aged to DS-III by leaching with deionised water
(pH ~ 10.5). Note that the solution in equilibrium with untreated NRVB had a pH of 12.2. The
composition of NRVB is given in Section 3.2.1. Sorption values were found to range between
130 and 690 m’/kg on untreated NRVB, which results in estimated sorption values on HCP
ranging from 65 to 345 m*/kg. This estimate is based on the assumption that the proportion of
HCP in NRVB is ~ 50 wt.%. On aged NRVB, i.¢., corresponding to pH ~ 10.5 of the equilibrated
water, sorption values were found to range between 130 and 280 m?/kg. It is noteworthy that the
sorption values were found to be similar at pH 12.2 and 10.5, indicating that uptake of Sn(IV) by
NRVB does not depend on pH. This finding is not consistent with the idea that a hydrolytic
species, i.e., Sn(OH)s>, is the main aqueous Sn species that competes with surface sites for Sn
complexation. An interpretation of sorption based on hydrolysis would imply an increase in
sorption with decreasing pH, i.e., with decreasing Sn(OH)s>" and eventually (Cax[Sn(OH)s])**
concentration. Note, however, that the aqueous Ca concentration is higher at pH 12.2 and could
cause a charge reversal on the C-S-H surfaces, which could affect Sn(IV) sorption. The resulting
positive surface charge could increase the C-S-H affinity for Sn(OH)s>, thus compensating the
pH effect.

The study of Baston et al. (2012) corroborates the notion of strong uptake of Sn(IV) by HCP and
justifies the previously selected Rq of 10 m3/kg in NTB 14-08 (Wieland 2014) for all stages of
cement degradation and the Ry of 20 m*/kg recommended by Ochs et al. (2016) for DS-I and
DS-II. As a consequence of the consistently high sorption values determined for Sn(IV) on
cementitious materials and in accordance with the earlier review of sorption data by Ochs et al.
(2016), the sorption values for Sn(IV) on HCP in DS-II and DS-III are increased to an Rq of
20 m*/kg, while an Rq of 10 m*/kg is retained for DS-I. This selection reflects that experimental
data have been published for HCP in DS-I (Bonhoure et al. 2003) and DS-II (Ochs et al. 2016) of
cement degradation, which further accounts for the idea of an increase in sorption with decreasing
pH.
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The following sorption values are recommended for the uptake of Sn by cementitious systems
(see also Tab. 7-1):

Stage I: The sorption values recommended in NTB 14-08 (Wieland 2014) are retained.

Stages II and I11: Higher sorption values are selected for DS-II and DS-1II (Rq = 20 m*/kg instead
of Rq = 10 m*/kg).

3.34 Anions

Chloride

In NTB 14-08 (Wieland 2014), precipitation as Friedel’s salt, anion exchange on AFm phases
(formation of AFm-type solid solutions) and physical sorption onto C-S-H phases via electro-
static attraction by positively charged C-S-H surfaces were considered as the main processes
controlling the CI retention by cementitious materials. The precipitation of Friedel’s salt
(CasAlx(Cl)1.95(OH)12.0s°4H>0) only occurs at very high CI" concentrations, i.e. > ~ 10 mM (Ochs
etal. 2016). Cl- was found to substitute for OH", SO4* and CO3* in hydroxyl-AFm, monosulphate
and monocarbonate to form series of solid solutions (Balonis et al. 2010). The high concentration
of Ca?" in solution in equilibrium with C-S-H phases with high C/S ratios (C/S > 1.2) gives rise
to charge reversal of their negatively charged surfaces, thus enhancing Cl" binding (Plusquellec
& Nonat 2016, Shi et al. 2017). Therefore, electrostatic surface sorption onto C-S-H phases is a
potential binding mechanism for CI" in DS-I and DS-II. Cementitious materials generally contain
significant amounts of stable Cl- (Ochs et al. 2016, Wieland 2014). *°CI uptake thus takes places
via an isotopic exchange with stable Cl" sorbed onto the cement minerals.

Since the publication of NTB 14-08 (Wieland 2014), several new studies on chloride binding by
pure cement phases and by HCP prepared from OPC and cement blends have been published.
They are briefly discussed as follows.

Ipavec et al. (2013) investigated the effect of limestone and pozzolanic materials (granulated blast
furnace slag, fly ash and silica fume) as mineral admixtures on the Cl- uptake by HCP in the pH
range between 12.8 and 13.5. NaCl was used as the chloride source, and CI" concentrations varied
between 0.05 M and 2.0 M. The CI" sorption data shows a Freundlich-type adsorption isotherm.
Chloride uptake appears to be a reversible process. Cl” uptake was weaker under highly alkaline
conditions (pH = 13.5), and uptake increased when the pH was reduced to 12.8. At high pH (13.5),
limestone-blended cements exhibited lower CI” uptake compared with limestone-free cements due
to competition of COs> with CI" for exchange sites in the AFm interlayers. At lower pH (12.8),
this effect was less obvious. The observed effect of the presence of various pozzolanic materials
was explained in terms of their Al contents: an increasing Al content of the cementitious materials
increased Cl uptake. Characterisation of the solid phases at the end of the experiments by X-ray
powder diffraction indicates that increased chloride binding is accompanied by increasing
intensities of the reflections of chloro-aluminates such as (CI-OH’)-AFm and (CI'-COs*)-AFm
solid solutions and rhombohedral and monoclinic Friedel’s salt.

Ry values derived from the experimental sorption isotherms reported by Ipavec and co-workers
vary between a maximum of 4 - 10° m?/kg at the lowest CI" concentration in solution and a
minimum of 10* m?/kg at the highest Cl- concentration in solution. Effects of pH and Al and
carbonate contents are present, but relatively small (at most a factor of 5) in relation to the Ry
value. The influence of the CI concentration in the equilibrium solution has a much stronger
influence on the Ry values (more than one order of magnitude).

Weerdt et al. (2015) studied the effect of the type of cations accompanying Cl” uptake by cementit-
ious materials. The authors performed sorption experiments by adding Cl- to fresh HCP prepared
from CEM 142.5 in the form of NaCl, MgCl, or CaCl; in the concentration range between 0.5 M
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and 3.5 M. They measured a much stronger binding of CI added as CaCl, or MgCl, compared to
experiments carried out with NaCl, confirming observations made earlier by other research groups
(Arya et al. 1990, Tritthart 1989). The authors also found that this effect is related to the influence
of Ca** and Mg?* concentrations in solution on the pH. A thermodynamic model description of
the experimental systems showed that the addition of CI" in the form of CaCl, or MgCl, resulted
in the precipitation of Ca(OH)x(s) or Mg(OH)x(s) leading to a reduction of the pH, higher Ca
concentrations in solution and thus to higher C/S ratios of the C-S-H phases. The thermodynamic
models further showed that these changes in solution composition have no influence on CI" incor-
poration into AFm phases, but they do affect Cl- adsorption onto C-S-H surfaces. The authors
concluded that, in the presence of high concentrations of divalent cations, C-S-H phases play a
major role in the binding of Cl" in HCP even at very high aqueous Cl" concentrations. At low
concentrations of divalent cations, the constant amounts of bound CI" with increasing CI
concentrations in solution suggest that Cl" binding is probably controlled by Cl-AFm formation
in agreement with the conclusions of Ipavec et al. (2013).

A recent study published by Shi et al. (2017) corroborates the observations of Ipavec et al. (2013)
and Weerdt et al. (2015). These authors investigated the influence of the type of cations (Ca?*
versus Na') on Cl uptake by OPC-metakaolin-limestone cements using CIl° concentrations
ranging between 0.125 M and 2.0 M. Two sinks were found to exist for Cl" in cementitious
materials: AFm phases and C-S-H phases. In pure OPC (CEM 1), CI" is immobilised in the
presence of Na mainly in Friedel’s salt (and AFm solid solutions) and sorbed to a lesser extent
onto C-S-H phases. In the presence of divalent Ca**, however, larger amounts of CI are sorbed
mainly to the C-S-H phases, while less CI" is incorporated into the Friedel’s salt. In OPC blended
with supplementary cementitious materials adding additional Al to the cement, Cl" uptake
increased significantly due to additional formation of Friedel’s salt. The addition of Ca to such
cements increased the Cl” uptake even further, while the presence of Ca*" promoted the
transformation of monocarbonate to Friedel’s salt by precipitating the released carbonate as
CaCOs(s).

Plusquellec & Nonat (2016) investigated the uptake of Cl, Br and NOs", added as Ca-salts, onto
C-S-H and C-A-S-H phases with different C/S ratios (0.8 < C/S < 1.42) in the concentration range
between ~ 5 mmol/L and 170 mmol/L, using ion-selective Cl- and Br electrodes. The authors
found no difference in the potentials between C-S-H suspensions and reference solutions without
C-S-H phases with identical Ca and anion concentrations, irrespective of the C/S ratio, the
presence of Al in the C-S-H structure or the type of anion. Only the pH of the suspension was
lower than the pH of the corresponding C-S-H solution. Ca, on the other hand, was taken up by
the C-S-H phases. The authors concluded from these observations that the anions do not
chemically sorb onto C-S-H phases irrespective of the C/S ratio and that they merely neutralise
the positive C-S-H surface charge by accumulating in the diffuse double layer. The anion
adsorption observed by other research groups was considered to be an artefact caused by anions
adhering to the positively charged C-S-H surfaces during filtration or centrifugation. It should be
noted that the observed weak retention of CI" on C-S-H phases supports the idea of a process by
charge compensation and not by chemical sorption.

Nedyalkova et al. (2021) published data on HTO, *Cl, '*°I and '*C-formate uptake by fresh HCP
and cement pastes aged in situ by interaction with formation waters from the Opalinus Clay and
granite for more than 10 years. The fresh HCP was prepared from a Holcim Protego 4R (CEM I
42.5 R-SRO0) sulphate-resistant cement. One aged cement sample was an OPC mortar drill core
from the Grimsel Test Site (Switzerland) (equilibration with granite formation water) and the
other one was an OPC drill core from the Mont Terri Rock Laboratory (Switzerland)
(equilibration with Opalinus Clay formation water). The pH of the equilibrated suspensions varied
between 13.37 (fresh HCP and Grimsel samples) and 13.0 for the Mont Terri sample indicating
that all cement phases were still in DS-I. Both sorption kinetics and sorption isotherms were
determined. In the case of **Cl sorption, sorption equilibrium was reached within 3 — 5 days except
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for the fresh HCP only reached sorption equilibrium after ~ 10 days. CI" sorption was highly non-
linear, and Ry values decreased with increasing Cl” concentration of the porewater from a value
of ~0.025 m?/kg at a CI" equilibrium concentration of 7 - 10 M (stable CI + **CI’) to a value of
~ 10* m%/kg at a CI" equilibrium concentration of 0.5 M. Note that in the original publication, the
authors did not account for the stable Cl" concentration present as impurity in the cementitious
material.

Very recently, Jo et al. (2022) published a study on Cl" uptake by HCP under conditions rele-
vant to DS-1. The authors also observed sorption isotherms that are highly non-linear taking
into account stable CI" present in pristine HCP. Ry values decreased from ~ 0.04 m’/kg at
[ClTwt=1.5-10*M, to ~ 3 - 10*m’/kg at [Cl ]« = 2.0 M in agreement with the observations of
Nedyalkova et al. (2021). The uptake at lower Cl” concentrations was attributed to a surface
adsorption process whereas the precipitation of Friedel’s salt and the formation of solid solutions
was considered to be the controlling immobilisation mechanism at high CI- concentrations.

The diffusion behaviour of Cl" in cementitious materials was the subject of few more recent
studies. Van Es et al. (2015) performed radial diffusion experiments to investigate the effect of
the presence of cellulose degradation products (CDPs) on CI diffusion through NRVB (see
Section 3.2.1). The authors found that the presence of CDPs enhances the migration of Cl" due to
weaker Cl retention. It was postulated that the blocking of Cl” sorption sites was caused by anionic
CDPs. However, it should be noted that the concentration of the CDPs in the system was not
reported, making it difficult to assess whether or not competitive sorption of CDPs (e.g., ISA) and
CI" occurred. Savoye et al. (2018) published a study on Cl- diffusion through partially saturated,
fresh HCP prepared from CEM-V/A at different degrees of saturation (Sy) that varied between
0.18 and 1. The CI" concentration was 30 mmol/L. The results show a decrease of the effective
diffusion coefficient (D.) by a factor of 10, when the degree of saturation decreased from 1.0 to
0.85. Further decrease of S, from 0.74 to 0.41 caused only a very small additional reduction of
D.. Strong reduction of Sy, from 0.41 to 0.18 resulted in a further sharp reduction of D.. R4 values
derived from these diffusion experiments were not significantly affected by the degree of
saturation and varied between 8 - 10° m*/kg and 5 - 10 m3/kg.

In summary, the new research published since NTB 14-08 (Wieland 2014) confirms that CI" is
mainly bound to cement phases by three processes: precipitation of Friedel’s salt, exchange with
anions in AFm phases or possibly hydrotalcite, and electrostatic adsorption onto positively
charged C-S-H phases with C/S ratios > 1.1. CI" sorption is influenced by the type of cations
present in solution: divalent cations improve sorption compared to monovalent cations due to the
promotion of positively charged surface sites on C-S-H phases. Higher Al contents in the
cementitious materials improve Cl- uptake by promoting AFm formation. **Cl" sorption by cement
phases is assumed to take place by isotopic exchange with the stable CI in the cementitious near-
field. Therefore, the stable Cl" concentration is a key parameter to consider when assessing CI
retention. Stable CI is introduced by cement (content between 0.005 and 0.3 wt.%), as Cl  is
supplied with the raw materials and fuel during clinker production (Locher 2006). In addition, CI"
is supplied by the porewater intruding from the OPA host rock into the L/ILW caverns from DS-II
onwards for the applied model approach. It should be noted that the latter source of CI" is more
important than the supply from the clinker (Tab. 2-1 and Tab. 2-2).

With respect to CI™ sorption, there are three important differences between the cement mineral
and porewater compositions used in NTB 14-08 (Wieland 2014) and in the present SDB:

e CI concentration is one order of magnitude higher in the CPWs assumedly due to intruding
NL-ZNO-22 OPA porewater.

e Almost complete absence of AFm phases in all degradation stages of the HCP as new
thermodynamic data for Al/Fe siliceous hydrogarnet have been introduced in the CEMDATA
18.1 database. This cement phase appears to be the most thermodynamically stable Al/Fe-
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containing cement phase with respect to the time period under consideration for a deep
geological repository. Note that in NTB 14-08 it was assumed that AFm phases are an
important component of HCP. The virtual absence of AFm phases means that the selection of
Ry values for the cement SDB has to be based on CI retention by C-S-H phases in all three
stages of cement degradation.

With this information, together with the process understanding obtained from the new literature
summarised above and with the information from earlier literature summarised in NTB 14-08
(Wieland 2014), it is proposed to select Cl" Rq values for the new cement SDB as follows:

During all three stages of cement degradation, electrostatic surface sorption onto C-S-H phases is
the only sorption mechanism considered. The C/S ratio of the C-S-H phases present in DS-I and
DS-II is ~ 1.6 and the aqueous Ca concentration in the CPW is ~ 3-10* M for DS-I and ~ 102 M
for DS-II. In DS-III, the C/S ratio of the reference systems is assumed to be ~ 1.1, while the C/S
ratio at the end of DS-III is calculated to be ~ 0.7 and the aqueous Ca concentrationis ~ 7 - 102 M
(Tab. 2-3). It should be noted that the surface charge of C-S-H phases is not directly determined
by the C/S ratio, but rather by the Ca concentration in solution. It was reported that aqueous Ca
concentrations below ~2-10% M give rise to negative surface charges (Labbez et al. 2007,
Pointeau et al. 2006, Viallis-Terrisse et al. 2001). The above discussion of the new literature has
confirmed the observation that higher aqueous Ca*" concentrations enhance CI sorption due to
the higher positive charge of the C-S-H surfaces. Consequently, we can assume that the C-S-H
phases have a neutral to positive surface charge in all stages of cement degradation. Such
electrostatic properties are favourable for Cl” adsorption. Knowing that AFm phases are virtually
absent under the assumption that Al/Fe siliceous hydrogarnet is present and that C-S-H phases
make up the majority of cement mineralogy (~ 33 wt.% in DS-I and DS-II and ~ 67 wt.% in
DS-III), it can be safely assumed that Cl sorption is controlled by electrostatic attraction on the
C-S-H fraction. The stable CI" concentration in the porewater of DS-I is ~ 4 - 10> M whereas the
CI" concentrations for DS-II and DS-III are approximately a factor of 50 higher; i.e., ~0.2 M
(Tab. 2-3). High concentrations of stable CI" of the porewaters in DS-II and DS-III are expected
to lead to very weak sorption of **Cl based on the isotopic exchange process that controls 3°Cl
retention.

The following sorption values are thus recommended for CI uptake by cementitious systems (see
also Tab. 7-1):

Stage I: In NTB 14-08 (Wieland 2014), an R4 value of 5 - 10 m*/kg was recommended for DS-1.
This value corresponds to the Rq value (~ 1 - 102 m*/kg) determined by Nedyalkova et al. (2021)
for CI sorption onto three different cement pastes at an aqueous CI- concentration of ~ 10-* M.
At the higher CI- porewater concentrations found for Stage 3 of the Sectoral Plan (4 - 102 M),
Nedyalkova et al. (2021) measured CI Rq4 values that are a factor of 10 lower (~ 3 - 10* m*/kg)
(non-linear sorption isotherm). Note that this value is at the lower limit of the Ry values reported
by Ochs et al. (2016). Thus, the Rq value previously selected in NTB 14-08 (Wieland 2014)
(5 - 10 m*/kg) for DS-I is lowered by a factor of 5 (Ra = 10~ m*/kg), which is justified by the
expected, significantly higher Cl- concentration of the porewater in DS-I (4 - 10 M) and the
absence of AFm phases.

Stage II: It can be assumed that CI” sorption is also controlled by electrostatic attraction on the
C-S-H surface in this degradation stage. The Ca concentration is ~ 2 - 102 M, thus providing a
positively charged C-S-H surface favourable for Cl sorption. On the other hand, the CI" concen-
tration of the porewater is expected to be a factor of 50 higher than in DS-I. Thus, it is
recommended to reduce the Ry value for this stage by a factor of 10 compared to DS-I. An R4 of
10* m?/kg is in agreement with the observations of Nedyalkova et al. (2021). This compares to
an Ry value of 5 - 102 m*/kg as given previously in NTB 14-08.
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Stage III: AFm phases are absent, and the C/S ratio of the C-S-H fraction is very low (C/S =
~0.7—~1.5). The Ca concentration of the CPW in DS-III is very high; i.e., ~0.07 M
(Tab. 2-3), suggesting an at least partially positively charged C-S-H surface. However, the CI°
concentration is also very high (~0.23 M), suggesting very weak sorption of *Cl (isotopic
exchange process). Therefore, due to similar compositions of the CPWs, the same Ry values are
assigned to DS-IIT and DS-II (R4 = 10 m3/kg).

Todide

In L/ILW, '?°I is mainly bound to ion-exchange resins used for decontamination during reactor
operation (Hummel 2017). The main degradation products of anion-exchange resins (such as
Lewatite M-500 and Powdex PAO) are ammonia, methylamine, dimethylamine and trimethyl-
amine (van Loon & Hummel 1999b), whereas the degradation products of cation exchange resins
(like Lewatite S-100 and Powdex PCH) produce mainly sulphate and dissolved organic carbon
(van Loon & Hummel 1999a). The most important organic ligand is oxalate (10 — 20 wt.% of the
organic carbon found in solution after degradation). lodide is expected to be sorbed on the ion-
exchange resins and rapidly desorb upon conditioning the spent ion-exchange resins in cementit-
ious matrices. Therefore, release of I" is not due to the degradation of the spent ion-exchange
resins. The interaction of I with the organic degradation products is not yet clear.

In NTB 14-08 (Wieland 2014), it was assumed that I" is the dominant redox species in the
cementitious near-field of an L/ILW repository in the long term. Sorption processes identified in
NTB 14-08 are very similar to those controlling CI" sorption, i.e., anion exchange on AFm phases
(formation of AFm-type solid solutions) and physical sorption onto C-S-H phases via electrostatic
attraction by positively charged C-S-H surfaces. Precipitation as a pure I'-containing AFm phase,
i.e., monoiodide (AFm-L). Is not expected at the low I" concentrations present in L/ILW. I easily
exchanges for SO4* in AFm-SQs, forming a solid solution. The presence of high concentrations
of carbonate and chloride promotes the conversion of AFm-SO4 to AFm-COs or AFm-Cl,, thus
making it much more difficult for I' to become incorporated into the AFm interlayer. These
considerations led the authors to select Rq values for I', which are a factor of 5 lower than those
for CI.

Since the publication of NTB 14-08 (Wieland 2014), new research results have been published in
the open literature, including a review by Ochs et al. (2016) that broadly confirms the conclusions
presented in NTB 14-08.

Ait Mouheb et al. (2017) performed batch sorption experiments with I at a concentration of
5.9 -10°°M on three different low-pH cements consisting of mixtures of OPC (CEM I 52.5 N),
silica fume, limestone filler and superplasticiser at three different wt.% ratios: 39:39:19:3,
40:40:20:0, and 50:50:0:0. The characterisation of the HCPs reveals the presence of mainly
amorphous phases (hypothesised to be C-S-H phases, calcite, and very small amounts of
ettringite). Portlandite and AFm phases were not detected. The Ca concentration of the CPW was
3.56 - 107 M. The anion composition of the solution was dominated by SO4* (5.75 - 10~ M) and
CI (3.84 - 10 M), and the pH was 11.0. According to the authors, the C/S ratio of the C-S-H
fraction was between 0.6 and 0.8. Ry values for I" sorption on these three low-pH cements were
found to reach a mean value of (1.3 £ 0.1) - 10* m*/kg. Such low Rg values can only be explained
by strong competition of SO4* and CI anions for sorption on the positively charged surface sites
on the C-S-H phases.

Guo et al. (2020) showed that I is only weakly incorporated into the ettringite structure whereas
105 uptake by ettringite is strong and takes place by substitution of SO4>* anions in the structure.
The authors carried out co-precipitation experiments and determined the mean Ry values to be
6.6 - 10* m’/kg for I uptake and 17.2 m*/kg for 105" uptake after a very short reaction time of
24 hours.
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Nedyalkova et al. (2020) published a detailed study of the “solid solution” formation between
AFm-I, (monoiodide) and the OH- and COs-containing AFm phases. AFm-I, (monoiodide) and
AFm-OH (monohydrate) as well as AFm-I, and AFm-(OH,COs3) (hemicarbonate) form extensive
solid solutions, whereas AFm-I, and AFm-CO3 (moncarbonate) do not show end-member mixing.
AFm-OH, AFm-(OH,CO3) and AFm-(I,OH,CO;) are metastable and transform to katoite and
AFm-CO; with release of I' from the interlayer of the AFm phases in the long term. In a
subsequent study, Nedyalkova et al. (2020) could show that AFm-I, forms discontinuous solid
solutions with AFm-HS (with miscibility gaps at AFm compositions close to both pure end-
members) and with AFm-(OH,COs) (with one miscibility gap at x; > 0.9). The authors also report
I' sorption isotherms onto AFm-SOs (monosulphate), AFm-(OH,CO;) and AFm-HS (mono-
sulphide) in the I" concentration range between 2 - 10 M and 0.1 M. Sorption values for I" on all
three AFm-phases were found to be very similar. The strongest sorption was observed on
hemicarbonate with a mean calculated Ry value of (4.8 +1) - 102 m¥/kg, followed by mono-
sulphide with a mean Rq of (3.5 £ 0.7) - 10 m*/kg. Monosulphate showed the lowest affinity for
I' with an Ry of (2.7 +£0.5) - 102 m?/kg, thus confirming previous in-house data reported in
NTB 14-08 (Wieland 2014). The I' sorption isotherms onto AFm-SQOs, AFm-OH and AFm-
(OH,CO0:3) could be well reproduced thermodynamically by assuming solid solution formation as
described above and applying a subregular solid solution model with end-member definitions
based upon the Vanselov convention. Model simulations further showed that in OPC with low
carbonate content (< 2 wt.% CaCOs), the addition of I' leads to the formation of an AFm-
(I2,0H,CO:3) solid solution, resulting in a strong I retention. In OPC with higher carbonate content
(>2wt.% CaCOs), however, AFm-CO; formation takes place at the expense of AFm-
(I,,OH,CO:s3) formation, resulting in reduced I immobilisation and thus lower I R4 values.

In their publication on HTO, **Cl, '°I and '*C-formate sorption on fresh and aged HCP (see
previous section), Nedyalkova et al. (2021) published data from measurements of the I" sorption
kinetics and sorption isotherms. Overall, I sorption on theses HCPs was very similar to that of
CI'. Sorption equilibrium was reached after up to 5 days except for fresh HCP where the time
needed to reach sorption equilibrium was ~ 10 days. The sorption isotherms were highly non-
linear. Rq values were found to be similar to those determined for CI, i.e., ranging between
5+ 10° m/kg and 1.5 - 10 m?/kg at the lowest I aqueous concentrations (5 - 107 M to 10° M)
and between 2 - 10 m*/kgand 2 - 10~ m*/kg at the highest I aqueous concentrations (2 - 107 M).
In contrast to Cl” sorption, however, no difference in I" sorption behaviour was found between the
different HCPs.

Kaplan et al. (2019) reported on the influence of organic iodine compounds on the uptake of
iodine by grouts consisting of cement (25%) and fly ash (75%). This effect was not observed for
the same grout containing additional slag (cement: 8%; fly ash: 47%; slag: 45%). The effect was
attributed to the formation of organic-iodine species, which leads to increased leaching (i.e., lower
sorption values) of iodine from the cementitious material. The authors postulated that organic
compounds that are aromatic in nature react with iodine within the 3 months of hydration of the
iodine-amended grouts, significantly changing the iodine speciation in the cementitious system.
The reducing conditions established in the presence of slag promoted the formation of I and
therefore prevented the presence of iodine in oxidation state 0 (such as HOI, I, or I(0)), which is
the oxidation state of iodine species required to form covalent bonds with organic molecules
(Kaplan et al. 2019). It has further been postulated that fly ash is the source of the aromatic organic
compounds. However, the authors did not identify the organic-iodine complexes that could be
present in the fly-ash-containing grout, so their presence was assumed on the basis of circum-
stantial evidence. The results reported by Kaplan et al. (2019) cannot be directly applied to cemen-
titious systems prepared from OPC, which is the main source material for the conditioning of
radioactive waste and the construction material for a cement-based deep geological repository in
Switzerland. OPC contains only a limited amount of small organic molecules added as grinding
aids during cement production, such as triethanolamine, or ethylene glycol. To the authors’
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knowledge, naturally occurring or synthetic aromatic organic compounds that show increased
reactivity with iodine in oxidation state 0 are not expected in OPC. The reactivity of cement
admixtures, such as polynaphthalene-sulphonate- and lignin-sulphonate-based superplasticisers,
which commonly have been used in concrete production and are aromatic in nature, is currently
unknown. The development of the current cement SDB is based on the assumption that poly-
carboxylate ether-based superplasticisers (PCEs) will be used for concrete production in the
construction of the planned deep geological repository, which, for structural reasons, seem to be
less susceptible to the formation of organically bound iodine.

In summary, the new data published since 2014 largely confirm the process understanding
obtained for I binding by cementitious materials presented in NTB 14-08 (Wieland 2014). Similar
to CI', mainly two processes are considered to control I' binding by cementitious materials:
1) exchange with anions in AFm phases, and 2) electrostatic adsorption onto the positively
charged surface sites of C-S-H phases. I sorption is influenced by the type of cations present in
solution: divalent cations improve sorption compared to monovalent cations. Higher Al contents
of the cementitious materials improve CI™ as well as I uptake by increased AFm formation. In
contrast to **CI" binding, however, the I binding does not take place by an isotopic exchange
process with its stable counterpart because the stable I content of cementitious system is generally
very low. Both possible sources of stable I', i.e., cement clinker and formation water, have very
low I concentrations. In the case of cement, I" is only present at low concentrations in the raw
materials and fuel used for clinker production (Locher 2006). The high concentrations of stable
CI' in CPWs probably lead to strong competition for sorption on the positively charged C-S-H
surface sites. Rq values reported by different authors and in-house data (Wieland 2014) agree that
I" exhibits a similar or even a slightly higher affinity for cement surfaces than CI". For example,
R4 values for I" were found to be similar to, or even a factor of 2 larger than those for CI
(Nedyalkova et al. 2021, Pointeau et al. 2008).

The difference in the cement mineralogy between NTB 14-08 (Wieland 2014) and the updated
cement SDB also plays an important role in the selection of I' Rq values, as previously discussed
for CI'. The content of AFm phases in the cement materials calculated with the new CEMDATA
18.1 database is negligible. It can therefore be assumed that AFm phases do not play a role in
anion sorption in aged cementitious systems. In NTB 14-08, AFm phases were assumed to be an
important component of the cementitious materials and therefore contribute to I" retention. This
means that the selection of Ry values for I uptake by HCP for the updated cement SDB has to be
based on uptake by C-S-H phases.

Based on this information and the process understanding from the new literature summarised
above, as well as the information from previous literature summarised in NTB 14-08 (Wieland
2014), the following sorption values are recommended for I uptake by cementitious systems (see
also Tab. 7-1):

Stage I: The amount of AFm phases is negligible, and electrostatic surface sorption to C-S-H
phases is considered to be the main sorption mechanism. As discussed in the previous section on
the selection of Rq values for Cl', we can assume that the C-S-H phase of the cementitious system
in DS-I carries a neutral to positive surface charge and that the C-S-H content is approximately
33 wt.%. Therefore, it can be safely assumed that I sorption occurs due to electrostatic attraction
by the C-S-H fraction of the HCP. It is known that I uptake takes place at the same mineral
fraction and is controlled by the same process as Cl” and that I has a similar affinity for HCP as
CI'. Therefore, we select the same Ry values for '*’I" sorption as previously assigned to **CI-
sorption, which means that the R4 value of 10~ m3/kg previously selected for DS-I in NTB 14-08
(Wieland 2014) can be retained.

Stage II: AFm phases make up only ~ 6.4 wt.% of the cementitious material in DS-II, and
therefore I" sorption is assumed to take place on the C-S-H fraction of HCP. The Ca concentration
of the CPW is ~ 10> M (Tab. 2-3). This means that C-S-H phases are positively charged favouring
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I' sorption. However, the Cl- concentration of the DS-II porewater is expected to be high
(~0.20 M) (Tab. 2-3). It is further assumed that the sorption behaviour of **Cl- and '*°I' is similar
at high salinity. As a consequence, it is recommended to reduce the Rq value for DS-II given in
NTB 14-08 (R4 = 107 m*/kg) by a factor of 10 to 10* m?/kg, which corresponds to the R4 value
of CI~.

Stage III: AFm phases are also absent in the cementitious materials in DS-III, and the C/S ratio
of C-S-H phases is low (C/S ~ 0.7 at the end of DS-III and ~ 1.1 for the reference case in DS-III).
The Ca concentration of the CPW is high, ranging from ~ 0.06 to ~ 0.1 M (Tab. 2-3). This implies
that C-S-H phases carry a positive surface charge. However, the Cl concentration of the DS-III
porewater is also high (~ 0.23 M), which could have a competing effect of Cl" on I" sorption. At
present, there are no experimental data on the uptake of I by HCP at high salinity. Although
experimental evidence for at least weak sorption at high salinity is lacking, we assign the same
sorption values to *°Cl- and '®I" for DS-III (Rq = 10 m?/kg). Thus, the previously selected Rq
value of zero in NTB 14-08 for DS-III (Wieland 2014) is revised in the current version of the
cement SDB due to the high Ca concentration and the related positive surface charge of C-S-H
phases under the expected near-field conditions.

Selenium

Selenium is mainly found as "Se in L/ILW and originates predominantly from neutron activation
of Se traces in stainless reactor steel (Hummel 2017). Selenium is a strongly redox-sensitive
element, and its mobility is strongly influenced by its redox speciation. In alkaline cementitious
environments under oxidising and weakly reducing conditions, Se is present in the oxidation state
+VI (SeO4* oxyanion) and +IV (SeOs*). Under strongly reducing conditions, Se can be reduced
to metallic Se(0) or even to the oxidation state —II as HSe anion. Hummel (2017) showed that the
current thermodynamic speciation models for Se predict unreasonably low solubilities for this
element down to 107> M under conditions close to an Ey of 0 and a pH of 7.0. The author also
noted that the current models for the aqueous speciation of Se are incomplete and do not account
for a dissolved Se(0) species, as is the case for the speciation of the chemically similar element
sulphur. However, experimental evidence for the existence of such an aqueous Se(0) species is
currently unavailable.

In their recent review of the PSI-Nagra Chemical Thermodynamic database, Hummel & Thoenen
(2023) concluded that under highly alkaline, reducing conditions, the redox state “zero” can also
be stable in solution (Se(0)(aq)) and provided a rough estimate of solubility (Se(cr) <>Se(aq)(0)):
log10K°(298.15 K) = -(6+1). In addition, polymeric aqueous polyselenides (mainly Ses>) may be
stable and could be taken into account in the assessment of Se sorption behaviour. At present,
there are no data available in the literature on the sorption behaviour of aqueous zero-valent Se
and of polyselenides. Therefore, due to the lack of experimental evidence in the literature,
interaction of Se(0) and polyselenides with HCP is not considered in this SDB. A preliminary
assessment based upon the charge of these species suggests that sorption is likely to be very weak
in the case of the zero-valent Se(0) and comparable to Se(-1I) in the case of the polyselenides.

In the CEM-14 SDB (Wieland 2014), only the sorption of Se(VI) and Se(IV) was taken into
account. The retention of Se(0) and Se(-1I) was not discussed because experimental data were not
available in the literature and because the solubility of Se(-II) in cementitious environments was
considered to be very low due to the formation of insoluble metal-selenide solids. Hummel
(2017), however, noted that “all thermodynamic data for metal-selenide solids were obtained from
calorimetric studies, thus not taking into account the corresponding aqueous metal-selenide
complexes” and that “solubilities calculated with these data may be wrong by orders of
magnitude”.
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In NTB 14-08 (Wieland 2014), it was assumed that the substitution of SO4* anions in ettringite
and AFm-SO, are the main sorption processes controlling the uptake of Se(VI) in cementitious
materials, while the uptake of Se(IV) mainly occurs by anion exchange on the AFm fraction and
by electrostatic attraction on the surfaces of the C-S-H phases.

Since the publication of NTB 14-08, a wealth of new research results have appeared in the open
literature (Grambow et al. 2020, Grangeon et al. 2020, Guo et al. 2017, Ma et al. 2018, Ma et al.
2020, Missana et al. 2019, Nedyalkova 2019, Rojo et al. 2018), which are briefly discussed in the
following paragraphs.

Guo et al. (2017) investigated the sorption of SeOs>" and SeO4> on ettringite. The authors observed
that the former anion sorbs on this cement mineral via inner-sphere complexation with Ca-OH»
sites in the channel edges, whereas SeOs*forms outer-sphere complexes by replacing SO4*
anions.

Ma et al. (2018) published Se(IV) sorption data onto AFm-SO4 (monosulphate) and AFm-Cl,
(Friedel’s salt). The authors showed that at low Se(IV) loadings, sorption takes place through
inner-sphere complexation on the AFm surface. With increasing Se(IV) loading, an AFm-SeQO;
phase was found to precipitate together with CaSeOs(s). Se(IV) surface sorption on AFm-SO,
was found to be much weaker (Rq = ~ 0.70 m*/kg) than on AFm-Cl, (17.8 m3/kg).

Nedyalkova (2019) confirmed the existence of two pure AFm-SeOs hydrates with interlayer
distances of 11.05 A and 9.65 A and determined the mean solubility product to be a log K
of -28.4 £ 0.8 (3Ca0 - AL,O3 - CaSeOs - 11H,0). The authors also characterised an AFm-SeO4
phase with an interlayer distance of 10.18 A. The mean solubility product of this AFm phase was
found to be alog®K® 0of -29.2 £ 1.5 (3Ca0 - Al,Os - CaSeOs - 13H,0). Nedyalkova (2019) further
reported the uptake of Se(VI) and Se(IV) on several AFm phases, i.e., AFm-SO4, AFm-CO3 and
AFm-(OH,CO3). The results from co-precipitation experiments were used to construct
thermodynamic models assuming the formation of a solid solution between Se(IV)- and Se(VI)-
AFm end-members as well as AFm-SO4 and AFm-(OH,CO;) end-members with the aim of
allowing an adequate reproduction of the experimentally obtained sorption isotherms. Only in the
case of AFm-COs was solid solution formation suppressed by the rigid structure and the narrow
interlayer distance. Nevertheless, the low Se(IV) and Se(VI) sorption values that were measured
on this phase is due to surface sorption by electrostatic attraction (outer-sphere complexation).
Se(VI) sorption isotherms were found to be linear on all three AFm phases up to the Se(VI)
concentration in solution of ~ 103 M. The strongest Se(VI) sorption was measured on AFm-
(OH,CO3) with a mean Rq value of 0.9 + 0.2 m?/kg, followed by AFm-SO4 with a mean Ry value
of 0.09 +002 m’/kg. The lowest sorption was obtained on AFm-CO; with an Ry value of
0.005 £ 0.001 m*/kg. The Se(IV) sorption isotherm on AFm-SO4 was found to be linear up to an
aqueous Se(IV) concentration of ~ 10 M. Se(IV) sorption was strong with a constant Ry value
of ~ 0.7 £ 0.1 m¥/kg, which is identical to Rq values determined by Ma et al. (2018). Sorption
isotherms for Se(IV) on AFm-CO; and AFm-(OH,COs) were not measured by Nedyalkova
(2019). R4 values of ~ 0.77 m*/kg on AFm-CO; were previously reported in NTB 14-08 (Wieland
2014).

Grangeon et al. (2020) studied the uptake of SeO4* by Friedel’s salt in flow-through reactors
using a combination of wet chemistry analyses as well as spectroscopic and microscopic
investigations of the resulting solid phases. The authors found that SeO4>" is capable of reversibly
replacing Cl" in the AFm interlayer at the same crystallographic site. The wet chemistry results
could be well described with an ideal binary solid solution model with the end-member AFm-Cl
and AFm-SeQs. A Gaines-Thomas ion-exchange model considering only the exchange of anions
in the interlayers without taking into account the entire AFm stability, however, was not capable
of reproducing all experimental data. This work thus shows that AFm phases can efficiently
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immobilise SeO4> in cementitious materials. The authors further argued that previous studies
identifying ettringite as a key mineral in immobilising SeOs* can be attributed to SeOs*
immobilisation by AFm phases.

Studies carried out within the framework of the European CEBAMA project (Grambow et al.
2020) confirmed that retention of both SeOs* and SeO;* in cement matrices takes place
predominantly on AFm phases and to a lesser extent onto ettringite, thus corroborating the results
of the previous studies by Baur & Johnson (2003) and Grangeon et al. (2020). Moreover, uptake
of SeO4* and SeO3> by AFm-SO4 was found to be stronger than the uptake by AFm-CO;. Finally,
uptake of both Se-redox species was found to be higher on CEM-I than on a low-pH CEBAMA
reference cement paste due to the higher aluminate content of the former HCP, which promotes
the formation of AFm phases. The results demonstrate the importance of the AFm phases for
selenate and selenite sorption and suggest that sorption of these radionuclides may be weaker in
the absence of AFm phases, such as in low-pH cement where only C-S-H phases are the main
sorbing mineral.

Missana et al. (2019) published the results from batch sorption experiments with Se(IV) on C-S-H
phases with different C/S ratios (0.8 < C/S < 1.6). The results from the determination of sorption
isotherms show that Se(IV) sorption is non-linear and Ry values increase slightly when the C/S
ratio increases from 0.8 to 1.0. Furthermore, sorption remains virtually constant within the
uncertainties at higher C/S ratios. At low Se(IV) loadings, the R4 values range from ~ 0.05 m’/kg
(C/S = 0.8) to ~ 0.1 m*/kg (C/S > 1.0). This increase in the Ry value is considered to be due to
charge reversal of the C-S-H surfaces with increasing C/S ratio as a result of an increase in the
Ca concentration in solution and Ca adsorption on the C-S-H surface. The charge reversal is
indicated by the zeta potential changing from ~-15 mV (C/S = 0.8) to ~0 mV (C/S = 1.0) and
~+15mV (C/S = 1.6). Therefore, the study of Missana et al. (2019) confirms the assumption that
Se(IV) sorbs onto C-S-H phases by electrostatic attraction, as previously postulated in NTB 14-08
(Wieland 2014).

To simulate Se retention in steel-reinforced concrete systems, Ma et al. 2020 carried out SeO;*
sorption studies on hydrated CEM-V/A cement (cement blended with blast furnace slag and fly
ash) mixed with powders of nano-zero-valent-iron (NZVFe) and several iron corrosion products
(magnetite, hematite and goethite) at a CEM-V to total Fe element mass ratio of 4:1. Measured
R4 values were found to be very similar for all systems and ranged between ~ 3 - 10 m*/kg and
~7 - 107 m*/kg. Only in the presence of NZVFe were the Se Ry values a factor of ~ 100 higher
(Ra=4.0 - 10° m*/kg). Analysis of XANES spectra showed that SeOs> was only reduced in the
presence of NZVFe, forming FeSe(s) and metallic Se(0). In all other systems, SeO;* was immo-
bilised mainly by the formation of inner- or outer-sphere complexes on the hydrated cement
minerals, and immobilisation by reductive precipitation was < 1%. The similar Rq values obtained
on HCP prepared from pure CEM-V and from CEM-V mixed with Fe corrosion products indicate
that SeOs* sorption on Fe corrosion phases or reductive precipitation does not play a quantita-
tively significant role in these systems.

Due to the lack of reliable data in the literature on the solubility of Se(0) and metal selenides, the
mobility of Se(-II) can only be estimated taking into account sorption processes. However, Se(-1I)
sorption data on cementitious materials are very rare in the literature. Rojo et al. (2018) published
the first study attempting to quantify the sorption of HSe on cement phases under strongly
reducing conditions. The authors carried out batch sorption experiments with HSe” on AFm-CO;s
and AFm-(OH,COs3) in electrochemical cells, which allowed Se in the —II redox state to be
stabilised in the sorption experiments. HSe™ was found to sorb much more strongly on AFm-
(OH,CO3) (R¢ = 0.1 £0.05 m/kg) than on AFm-CO; (R4 = (4 £2) - 10> m*/kg). Synchrotron-
based spectroscopic studies reveal that the larger interlayer space of AFm-(OH,COs) allows HSe
to intercalate in the interlayer, whereas in the case of AFm-COs the smaller interlayer space
hinders access of HSe™ into the interlayer, thus limiting the sorption of HSe™ mostly to the outer
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planar surface and edges. The study of Rojo and co-workers suggests that surface adsorption of
Se(-1T) on AFm phases is very weak, which could also be true for other cement phases (e.g., C-S-H
phases).

In summary, the new data on Se sorption in cementitious environments that have become
available in the open literature since the publication of NTB 14-08 (Wieland 2014) have not
significantly changed the process understanding in this field. Ma et al. (2019) summarised this
process understanding very well in a recently published extensive literature review of the retention
of redox-sensitive radionuclides by the various barrier materials of radioactive waste repositories:
C-S-H phases, AFm phases and ettringite are the main sinks for Se in cementitious barriers. Se
sorption onto C-S-H phases was found to be restricted to Se(IV) and only takes place in the
presence of high aqueous Ca concentrations leading to positively charged surfaces, whereas
Se(VI) does not sorb at all on this cement phase. In addition, Se(IV) and Se(VI) sorb onto AFm
phases by surface adsorption (electrostatic attraction and inner-sphere complexation) as well as
anion exchange in the interlayers of AFm-SO4 and AFm-(OH,COs3) and the formation of pure
AFm-SeOs and AFm-SeQs phases at very high Se loadings. Anion exchange in the interlayers of
monocarbonate (AFm-CO3) does not take place. Sorption on ettringite takes place via adsorption
in the inter-channels of already formed ettringite. In addition, small quantities of hydrotalcite can
be present in cementitious matrices. The literature discussed by Ma et al. (2019) reveals that
hydrotalcite also shows some affinity for oxyanions such as SeOs;* and SeO4>. The oxyanions
substitute for the easily replaceable CO3*" anions present in the interlayers of this layered double
hydroxide, which is indicated by changes in the interlayer distance upon intercalation. Finally,
Ma and co-workers further pointed out that SeOs> is known to substitute for CO;* in calcite
during recrystallisation of the mineral leading to the formation of a Ca(SeO3)(CO3)q-x) solid
solution.

The large body of new data on the interaction of AFm phases with Se in its various redox states
cannot be considered in the selection of Rq values for the updated SDB because AFm phases were
found to be almost completely absent in the cement compositions (Tab. 2-3) or, if present, in the
form of monocarbonate, which is practically inert in terms of anion uptake. Therefore, the current
selection of Rq values has to be based on Se interaction with C-S-H phases or ettringite.

The following sorption values are recommended for Se uptake by cementitious systems (see also
Tab. 7-1):

Stage I: Anion exchange with SO4* anions in ettringite and electrostatic surface sorption onto
C-S-H phases are considered as potential sorption mechanisms. Both cement phases are present
in DS-I (Tab. 2-3). Under oxidising conditions, Se(VI) does not sorb on C-S-H phases, and Ochs
et al. (2002b) measured an R4 value for Se(VI) uptake by pre-formed (primary) ettringite of
0.1 m*/kg. Ettringite makes up approximately ~ 10 wt.% of the cementitious materials in DS-1.
Hence, we assign an R4 value of 0.01 m’/kg for Se(VI) sorption onto HCP under oxidising
conditions. As CI does not sorb on ettringite, a competing effect of stable Cl" can be neglected.
Under reducing conditions, Se(IV) and Se(-II) (under strongly reducing conditions) are the
relevant redox species. In the literature, Se(IV) data on C-S-H phases measured by Missana et al.
(2019) are available, while no data have been reported for Se(-II) uptake by C-S-H phases. In-
house single-point measurements of Se(IV) sorption onto ettringite revealed only weak sorption
with Ry values of ~ 0.01 m*/kg (Wieland 2014). Hence, this sorption mechanism is not further
considered. The Rq values determined by Missana et al. (2019) for C-S-H phases with a C/S ratio
> 1.0 (Rq = 0.1 m*/kg) are used and divided by a factor of 10 to account for the calculated C-S-H
content of the considered cementitious system (~ 30 wt.%) and for Cl competition at the moder-
ately high aqueous CI" concentration (~ 4 - 10 M). This leads to an Rq value of 0.01 m*/kg. Note,
however, that Se(-1I) could exist under strongly reducing conditions, while no sorption data on
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ettringite and C-S-H phases are presently available. In this case, based on the sorption measure-
ments on AFm phases (Rojo et al. 2018), an R4 of ~ 10 m?*/kg is provisionally assumed for
strongly reducing conditions.

Stage II: C-S-H phases and ettringite are expected to control Se uptake by the cementitious system
modelled in DS-II. For both oxidising and reducing conditions, the same considerations as for
DS-I can be made. In addition, however, a strong competitive effect of Cl- due to the high CI
concentration (~ 0.2 M) must be considered in DS-II. Under oxidising conditions, an R4 value of
0.01 m3/kg similar to DS-I is selected assuming Se(VI) sorption onto ettringite and competition
with CI" does not exist on ettringite. Under reducing conditions, an R4 value of 0.03 m*/kg is
selected based on the assumption that Se(IV) sorption occurs onto C-S-H phases with a C/S ratio
> 1.0 and that C-S-H phases make up ~30 wt.% of HCP. Sorption competition at high CI
concentrations, however, might reduce Se(IV) uptake by C-S-H phases (assuming surface
adsorption), while no experimental information is presently available. Therefore, the Rq value for
Se(IV) is reduced by a factor of 10 in view of potential sorption competition with CI°
(Ra =3 - 10 m3/kg). As for DS-I, Se(-II) could exist under strongly reducing conditions, while
no sorption data on ettringite and C-S-H phases are presently available. A provisional assignment
would result in an Rq of ~ 10* m*/kg based on sorption measurements on AFm phases (Rojo et
al. 2018) and in view of a possible competitive effect of CI".

Stage III: C-S-H phases have been predicted to be the main cement mineral in DS-III (67 wt.%)
(Tab. 2-3). Therefore, they are considered to be responsible for Se retention by HCP, although
C-S-H phases have a low C/S ratio (reference C/S ~ 1.1, C/S =0.7 at end of DS-III). In addition,
significant amounts of calcite may be present in this stage but, in accordance with the SDB for
calcareous rocks compiled by Baeyens et al. (2014), it is assumed that Se(VI) and Se(IV) sorption
on this mineral is negligible. Furthermore, Cl" is present at high concentrations, which implies a
potential competitive effect on Se uptake by cementitious materials. For oxidising conditions,
Ra= 0 m¥/kg is assigned due to the absence of ettringite and as no sorption of Se(VI) on C-S-H
phases was reported. Under reducing conditions and high CI" concentration (~ 0.2 M), the Rq
value for Se(IV) sorption onto C-S-H phases with a C/S ratio of 0.8 measured by Missana et al.
(2019) (0.05 m3/kg) is selected and divided by a factor of 2 to account for its content (67 wt.%)
(Tab. 2-3). This results in an Rq value of 0.025 m*/kg. Sorption competition with CI-, however,
might reduce Se(IV) uptake by C-S-H phases (assuming surface adsorption), while no experi-
mental information is presently available. For this reason, the sorption value is further reduced by
a factor of 10 in view of a potential sorption competition with CI- (Rq = 2.5 - 10~ m?/kg instead
of R¢ = 2.5-102m%kg). In the case of Se(-Il), the sorption value assigned to DS-II
(Ra~ 10* m*/kg) is also assigned to DS-III due to similar porewater conditions (competitive
effect of CI).

Molybdenum

In L/ILW, molybdenum is present as **Mo, and, like °Se, originates from activated reactor steel
components in which it is produced by neutron activation of stable *Mo (Lidmann et al. 2017).
Speciation calculations show that the redox speciation of molybdenum is dominated by Mo(VI)
(molybdate, M0oO4>) (Ochs et al. 2016). In the previous cement SDB NTB 14-08 (Wieland 2014),
it has been noted that Mo(VI) could have similar chemical properties to Se(VI) as both are
hexavalent anions in tetrahedral coordination with four oxygen atoms. Mo(VI), however, has a
larger ionic radius than Se(VI), which could explain why it is less easily incorporated into
ettringite (Zhang & Reardon 2003). On the other hand, Paikaray et al. (2013) observed that
Mo(VI]) has a higher affinity towards hydrotalcite-like layered double hydroxides than Se(VI),
suggesting that the former may also sorb more strongly onto AFm phases. Because of the limited
literature data available in 2014, an Rq of 0 was assigned to this element in all stages of cement
degradation. In their review of the radionuclide sorption data on cement and concrete, Ochs et al.
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(2016) referred to a Japanese cement SDB published in 2002 in which Rq4 values for Mo(VI) on
OPC paste are listed. According to this study, the sorption values of Mo(VI) are in good
agreement with those of Se(VI). Therefore, Ochs et al. (2016) concluded that R4 values for Se(VI)
on HCP (R4 = 0.003 m?/kg) are a good initial estimate for Mo(VI) Ry values.

Meanwhile, several new studies have been reported on Mo(VI) uptake by cementitious materials.
Ma et al. (2017) investigated the uptake of Mo(VI) by AFm-SO4 and AFm-Cl, by determining
sorption isotherms. These authors identified three different sorption mechanisms for Mo(VI)
interaction with AFm phases: 1) layer edge sorption, 2) anion exchange in the AFm interlayers,
and 3) CaMoQy(s) precipitation at the highest loadings. The layer edge sorption was characterised
by Ry values of 0.032 m*/kg and 9.4 m*/kg on AFm-SO, and AFm-Cl,, respectively. The anion
exchange part of the isotherm could be modelled as a solubility-controlled system assuming the
dissolution of the original AFm phase and the formation of AFm-MoQa. The authors concluded
that AFm phases can immobilise Mo(V]) by surface complexation on interlayer edges rather than
via anion exchange in their interlayers. Marty et al. (2018) continued the work of Ma and
co-workers by performing flow-through experiments with Mo(VI) and AFm-Cl, under alkaline
conditions at intermediate Mo(VI) loadings, thus allowing to differentiate between precipitation
and anion-exchange processes. It was observed that Mo(VI) is taken up by AFm-Cl, by replacing
two CI" anions in the interlayers and that OH™ competes with MoQO,> for the same interlayer anion-
exchange sites.

Lange et al. (2020) investigated several cement minerals with respect to Mo(VI) sorption,
including C-S-H phases (C/S = 0.9 and 1.4), AFm-SO4 (monosulphate), AFm-CO3 (mono-
carbonate), ettringite, hydrogarnet, portlandite, calcite and aged HCP (pH = 12.6). Lange and co-
workers performed batch sorption experiments to determine the Mo(VI) sorption kinetics under
anoxic conditions at initial molybdate concentrations between 5 - 10 and 10”7 M. The equilibri-
um Ry values given in this publication are summarised in Tab. 3-1. Strong sorption was observed
on all cement phases, but in particular on both AFm phases and on hydrogarnet. Mo(VI) sorption
on the latter mineral was found to take place by dissolution of the hydrogarnet followed by
neoformation of AFm-MoOs. The Ry values determined by these authors for Mo(VI) sorption on
AFm phases are up to a factor of 50 higher than the values published by Ma et al. (2017).
Furthermore, significant sorption was observed onto portlandite and onto C-S-H phases. For these
cement minerals, the Ry values were found to increase slightly with increasing aqueous Ca
concentration in accordance with an increase of the positive surface charge. This indicates surface
sorption of Mo(VI) by electrostatic attraction. It should be noted that Lange and co-workers
determined R4 values for Mo(VI) sorption on C-S-H phases in artificial CPW with a pH > 13,
which are a factor of 3 (C/S = 0.9) to 8 (C/S = 1.4) lower than the values determined in the
equilibrium solution, despite the aqueous Ca concentrations reported in the supplementary
information differing by less than a factor of 2. This observation was not further elaborated by
Lange et al. (2020), and it is currently unclear what could have caused this difference in sorption.
Ettringite, portlandite and calcite can also sorb Mo(VI) with sorption values depending on the
porewater composition. An Rg of ~ 0.4 m’/kg was determined for Mo(VI) sorption on HCP
prepared from CEM I under conditions representative of DS-IL. It should be noted that all Mo(VI)
Ry values reported by Lange et al. (2020) are significantly higher than the values previously
reported by Ochs et al. (2016).

In summary, molybdenum is predominantly present as an MoO4* oxyanion under both oxidising
and reducing, alkaline conditions. This oxyanion can be retained quite well by virtually all cement
minerals with Rq values depending on the chemical conditions. In addition, MoO4* can exchange
for CI" in the interlayer of AFm-Cl, and it can precipitate as AFm-MoO4 or CaMoQa(s).
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Tab. 3-1:  Rg values measured by Lange et al. (2020) for Mo(VI) sorption on various cement
phases as well as aged HCP under three different chemical conditions

Cement phase R4
[m’/kg]
ES’ ACW’ CH"
C-S-H (C/S=0.9) 0.43+£0.03 0.143 £ 0.009
C-S-H (C/S=1.4) 0.78 £ 0.04 0.098 = 0.005
AFm-SO4 1.6 £0.1 0.055+0.002 0.24+£0.22
AFm-COs3 1.56 +0.09 0.53+£0.48
Ettringite 0.120 + 0.004 0.122 +0.004 0.02 £ 0.02
Hydrogarnet 3.1+04 1.91+0.14 0.59+0.43
Portlandite 0.79£0.03 0.044 +0.028
Calcite 0.32+0.02 0.003 = 0.00
Aged HCP 04+0.2

ES: equilibrium solution, ACW: young artificial CPW, pH > 13, CH: portlandite equilibrated porewater,
pH=12.5

Wieland (2014) reports that cement may contain as much as 2.58 ppm of stable Mo in unhydrated
CEM I 52.5N HTS; i.e., 2.1 - 10”° mol /kg HCP, thus suggesting that the actual sorption process
for trace concentrations of **Mo could be isotopic exchange with stable Mo in the cementitious
materials. As in the case of Zr, this ion-exchange process can either take place with stable Mo
sorbed onto cement minerals or with stable Mo solid phases; i.e., CaMo0QOu(s). In the former case,
%Mo sorption values and stable Mo sorption values are identical and the discussion above applies.
In the latter case, an apparent Rq value can be estimated based upon the solubility of CaMoOa(s).
Taking the aqueous Ca concentrations and pH values calculated for DS-1, DS-II and DS-III, the
solubilities of CaMoQOu(s) are 7 - 102 M, 1.6 - 10° M and 1.2 - 10 M, respectively. Applying the
“shared solubility” approach (Eq. 4, Section 4.1) and assuming an accessibility factor (f) of 0.1,
apparent Rq values can be calculated leading to ~ 4 - 107 m¥/kg, 2 - 10° m*/kg and 2.6 - 10~ m’/kg
for DS-I, DS-II and DS-III, respectively. These Rq values are significantly lower than the R4
values determined experimentally in sorption studies. Thus, there is evidence to suggest that
surface sorption processes likely control the uptake of radioactive Mo(VI) by HCP.

The following sorption values are recommended for Mo uptake by cementitious systems (see also
Tab. 7-1):

e Stage I: Electrostatic surface sorption on C-S-H phases with a C/S ratio of 1.6 under condi-
tions representative of DS-I is considered to be the dominant sorption mechanism. Sorption
on hydrogarnet is not considered because the data available in the literature have been
interpreted in terms of precipitation processes (Lange et al. 2020). The only sorption data for
Mo(VI) on C-S-H phases published in the open literature are from Lange et al. (2020). The
sorption value for Mo(VI) on HCP is estimated to be 0.1 m’*/kg based on the Ry value
measured by Lange et al. (2020) on a C-S-H phase with a C/S ratio of 1.4 under conditions
relevant to DS-I. This value is divided by a factor of 3 to account for the weight fraction of
C-S-H phases in HCP in DS-I and by an additional factor of 2 to account for competition
with CI- at the moderately high aqueous Cl- concentration (~ 4 - 10~ M) of DS-I porewater
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(Tab. 2-3). This results in an Ry value of 1.67 - 102 m*/kg. The Ry value based on this and
selected for the updated cement SDB is 1.5 - 102 m?/kg for sorption under both oxidising and
reducing conditions.

e Stage II: C-S-H phases are expected to control Mo(VI) sorption on HCP in DS-II. The C/S
ratio of the C-S-H phases is 1.58 (Tab. 2-3). The high Ca concentration of the CPW in DS-II
leads to a positive surface charge of C-S-H phases. The selection of the Mo(VI) Ry value of
0.8 m*/kg for DS-II is thus based on the value measured by Lange et al. (2020) for C-S-H
phases with a C/S of 1.4 under equilibrium conditions. This R4 value is divided by a factor of
3 to account for the C-S-H weight fraction of the cementitious material in DS-II (see Tab. 2-3)
and by another factor of 10 to account for competition with CI" at the high CI" concentration
of DS-II porewater (Tab. 2-3), resulting in an Rq of 2.67 - 102 m*/kg. The Rq value based on
this and selected for Mo(VI) sorption in DS-II is 2.50 - 10> m*/kg (Tab. 7-1).

e Stage III: C-S-H phases account for ~ 67 wt.% of the HCP in DS-III and are therefore the
main cement mineral (Tab. 2-3). C-S-H phases are considered to play a key role in Mo(VI)
sorption in DS-III, although these phases have a reference C/S ratio of 1.1 in the reference
state of DS-III and a low C/S ratio of 0.7 at the end of DS-III. However, in both cases, the
high Ca concentration of DS-III porewater indicates a positive surface charge of the C-S-H
phases. The Rq value measured by Lange et al. (2020) on a C-S-H phase with a low C/S ratio
0f 0.9 in equilibrium solution (Rq = 0.43 m?/kg) was used to estimate the sorption value under
both oxidising and reducing conditions. Taking into account the C-S-H weight fraction in
DS-III and competition with CI™ at the high aqueous CI" concentrations of DS-III porewater
(Tab. 2-3), the Ry value selected for DS-IIT is 2.0 - 102 m*/kg.

34 New dose-relevant elements

This section contains an assessment of the sorption properties of new dose-relevant radionuclides
and a justification for the selected sorption values.

34.1 Lanthanides and actinides

Holmium

Holmium (Ho(IIl)) is a lanthanide and therefore Eu(Ill) can be used as a suitable chemical
analogue. Assessments of Eu retention by cementitious materials have been made in previous
versions of the cement SDB (Wieland 2014, Wieland & van Loon 2002). There is substantial
experimental evidence that Eu uptake by HCP and C-S-H phases is very strong and that the C-S-H
phases are the uptake-controlling cement phase for the lanthanides in HCP. These findings
allowed an R4 of 100 m3/kg to be assigned to all stages of cement degradation (Wieland 2014).
The recommended values are retained as no new information is available that would justify a
re-appraisal of the sorption values for lanthanides.

The following sorption values are recommended for Ho uptake by cementitious systems (see also
Tab. 7-1):

e Stages I to III: The sorption values recommended for Eu(Ill) in NTB 14-08 (Wieland 2014)
are also assigned to Ho(II) (Rq = 100 m*/kg).
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Californium

Curium (Cm(III)) is considered a suitable chemical analogue for Cf (Hummel & Thoenen 2023).
In Section 3.2.1, a re-appraisal of the sorption values for trivalent actinides has been made in light
of new experimental information showing that the high sorption values recommended in previous
versions of the cement SDB (Wieland 2014, Wicland & van Loon 2002) can be retained (Rq =
100 m3/kg). Therefore, due to chemical similarity with Cm(IIl), these high sorption values are
also assigned to Cf(III) for all stages of cement degradation.

The following sorption values are recommended for Cf uptake by cementitious systems (see also
Tab. 7-1):

o Stages I to III: The sorption values recommended in NTB 14-08 (Wieland 2014) for trivalent
actinides are also adopted for Cf(III) (R4 = 100 m*/kg).

3.4.2 Alkaline and earth alkaline metals

Calcium: see Chapter 4

34.3 Transition and other metals

Aluminium: see Chapter 4

Iron

A radioisotope of iron (**Fe) is new on the list of dose-relevant radionuclides. The oxidation states
+II and +I1I are relevant in cementitious environments. The stability ranges of the two oxidation
states and the hydrolysis reactions are well known and have been described elsewhere (Baes &
Mesmer 1976, Brookins 1988, Hummel et al. 2002, Hummel & Thoenen 2023). It should be noted
that, in the alkaline pH range, aqueous Fe(Il) species are only stable under very reducing
conditions and the stability field of pure Fe(Il) hydroxide under the same conditions is very
narrow.

In-house sorption studies with Fe(ILIII) on C-S-H phases have recently been reported (Mancini
et al. 2020, 2021). Very strong uptake of Fe(Ill) was observed on C-S-H phases with Ry values
of ~ 700 m*/kg (Mancini et al. 2020). The results show that neither the C-S-H composition nor
the pH have any notable effect on Fe(Ill) sorption. Furthermore, Fe(Ill) uptake by C-S-H was
found to be linear in the aqueous Fe(IIT) concentration range from 107'° to 10° M. On the basis of
structural parameters deduced from extended X-ray absorption fine structure (EXAFS) spectros-
copy which were further supported by 2°Si nuclear magnetic resonance (NMR) data, the authors
proposed a structural model for Fe(IIl) coordination in the interlayer of the C-S-H phases with
C/S values of 1.2 and 1.5, respectively. Substitution of Ca by Fe in the interlayer of C-S-H phases
was considered as the dominant sorption mechanism. Atomic distances and numbers of
neighbouring atoms indicate that Fe(IIl) is directly bonded to Si tetrahedra of the “Dreierketten”
silica chains adjacent to the interlayer space. However, the structural information did not allow
an unambiguous interpretation of the Fe(IlI) uptake by a C-S-H phase with a low C/S ratio of 0.8.
2Si NMR data indicated that Fe(IIl) uptake by the interlayer is not a dominant process. The
coordination shell of Fe(Ill) derived from a multi-shell fit of the EXAFS data contain less
neighbouring Si and Ca atoms compared to the C-S-H phases with higher C/S ratios and further
suggest the presence of neighbouring Fe atoms. Mancini et al. (2020) interpreted the structural
parameters provided by EXAFS spectroscopy in terms of the formation of a secondary phase or
clusters, presumably on the surface of the C-S-H phase. For the current appraisal, a strong uptake
of Fe(Ill) by HCP is assumed. An Ry of 100 m?/kg has been selected in agreement with the
experimentally determined sorption values on C-S-H phases.
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The complexation of Fe(Ill) by silicate ions could have an effect on the sorption of Fe(Ill) in
cementitious environments. This effect is determined by the concentration of silicate ions and the
stability of Fe(Ill)-silicate complexes. Patten & Byrne (2017) reported an assessment of Fe(IIl)
and Eu(IIl) complexation by silicate ions in acidic to slightly alkaline conditions with a view to
identifying the dominant complexes of the two metal cations in seawater. The formation constant
of FeSiO(OH)s?" was determined and used for compilations of the Fe(IIl) speciation in seawater.
The results show that ferric silicate complexes in seawater are present at much lower concen-
trations than ferric hydroxide complexes. Thus, it seems likely that silicate ions have only a
negligible effect on Fe(Ill) speciation in cementitious environments (pH > 10) due to the weak
stability of Fe(Ill)-silicate complexes and with a view to the much higher concentration of
hydroxyl ions compared to silicate ions in these conditions.

The study of Mancini et al. (2021) shows that Fe(II) uptake by C-S-H phases, as in the case of
Fe(IlI), is also independent of the C/S ratio of the C-S-H phases and thus of pH. Fe(Il) sorption
was found to be linear in the studied Fe(Il) concentration range from 107 to 10° M, and the
investigations showed that no Fe(II)-hydroxide precipitation occurred in this concentration range.
The Kq value was estimated to be ~ 0.1 m3/kg irrespective of the C/S ratio of the C-S-H phases
and pH, suggesting that hydrolysis and Ca could have an opposite effect on the extent of Fe(Il)
uptake by C-S-H phases. X-ray diffraction (XRD) studies of samples from co-precipitation
experiments indicated the uptake of a small portion of Fe(Il) into the interlayer of the C-S-H
phases, as evidenced by an increase in the interlayer spacing. EXAFS spectroscopy showed that
Fe(Il) is bound by C-S-H phases in an octahedral coordination environment, while Fe(Il) uptake
into the interlayer was not supported by the structural parameters determined by this spectroscopic
technique. The number of neighbouring Ca and Si atoms (total Ca+Si atoms ~ 6) was much lower
than in the case of Fe(IlI) (total Ca + Si > 10), where the incorporation into the interlayer of C-S-H
phases with a high C/S ratio could be clearly demonstrated by Si NMR and EXAFS spectros-
copy. However, the total of ~ 6 Ca + Si neighbouring atoms also rules out the formation of a
single surface-bound, inner-sphere-coordinated Fe(Il) species. Instead, the structural data suggest
the presence of Fe(Il) in a structurally bound entity or the presence of equal proportions of both
surface- and interlayer-bound Fe(Il) species.

The Ky value of ~0.1 m’/kg is comparable to the value of other bivalent metal cations, in
particular the alkaline earth metals, at a high C/S ratio, while, in the case of alkaline earth metals,
the Kq4 value is much lower at a low C/S ratio. The R4 value for Fe(Il) on cement paste is estimated
to be 0.05 m*/kg on the assumption that the portion of C-S-H in cement paste amounts to 50%.
An Rq0f 0.05 m?/kg is assigned to all stages of cement degradation as no obvious pH dependence
of the sorption values was observed by Mancini et al. (2021).

The cementitious materials planned to be used in the near-field of a deep geological repository
for L/ILW contain significant amounts of stable Fe; e.g., the provisional representative cement
considered in the present study (CEM 1 52 R from Jura Cement, Switzerland) contains 0.413 mol
Fe/kg (Tab. 2-1) (ceem), which implies that isotopic exchange with the stable Fe inventory could
be considered as a potential process controlling the sorption of °Fe by HCP. As in the case of Ni,
Zr and Mo, this isotopic exchange process may either take place with stable Fe cations sorbed
onto cement minerals or with stable Fe-containing solid phases, i.¢., siliceous hydrogarnet under
oxidising conditions and, presumably, magnetite and/or pyrite under reducing conditions. In
contrast to Ni, Zr and Mo, however, where only one oxidation state dominates over the Ex-pH
space relevant to a deep geological repository and an identical chemical environment can be
anticipated irrespective of the redox conditions, the situation might be very different in the case
of iron. The studies by Mancini et al. (2020), (2021) clearly show that the chemical coordination
environments of Fe(Il) and Fe(III) on C-S-H phases are very different. It can thus be assumed that
the two oxidation states of iron also have very different coordination environments in HCP, which
severely limits the approach to consider the retention of Fe by isotopic exchange. The approach
was tested in the case of Fe(Ill), since it can be assumed that stable Fe is present as Fe(Ill) in fresh
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HCP that has not yet been exposed to reducing conditions. The sorption value determined by
isotopic exchange was found to be a factor of 10 higher than the Rq4 values reported by
Mancini et al. (2020). Therefore, for Fe(I1I) under oxidising conditions, the Rq value of 100 m*/kg
was retained as a conservative value for all degradation stages.

It should be noted that in addition to the Fe-containing cement minerals, other Fe-containing
minerals are also likely to be present in the near-field of a repository in the long term, such as
magnetite and pyrite formed by steel corrosion. It can therefore be assumed that isotopic exchange
of radioactive Fe(II) and Fe(IlI) with the stable Fe of these minerals will significantly contribute
to the long-term retention of these radionuclides in the cementitious near-field. However, these
minerals are not currently assumed to contribute to retention, as cementitious systems are consid-
ered to be the only sorbent for radionuclides in the cementitious near-field. Therefore, it can be
assumed that the Ry values for Fe(II) and Fe(III) as recommended in this study are based on very
conservative considerations.

The following sorption values are thus recommended for Fe uptake by cementitious systems (see
also Tab. 7-1):

e Stages I to IIl: An Rqg of 100 m?/kg is assigned to all stages of cement degradation under
oxidising conditions (i.e., presence of Fe(Ill)), while an Ry of 0.05 m*/kg is assigned to all
stages of cement degradation under reducing conditions (i.e., presence of Fe(Il)).

Mercury

A radioisotope of mercury (1**Hg) is new to the list of dose-relevant radionuclides. Metallic Hg(0)
occupies the majority of the Ex-pH diagram under moderately oxidising to reducing conditions
in the pH range > 10 (Brookins 1988). Hg(II) occupies the stability field under strongly oxidising
conditions. The Hg?" ion is hydrolysed to Hg(OH).(aq) in dilute, neutral to strongly alkaline
solutions (Baes & Mesmer 1976).

To the best of the authors’ knowledge, no reliable sorption measurements on Hg uptake by cement
phases and cement paste are available. The only study dealing with the interaction of Hg with
cement phases was reported by Serrano et al. (2012). The authors investigated the immobilisation
of Hg during formation of Al- and Fe-ettringite and related solid products using synchrotron-
based spectroscopic and microscopic spatial analysis methods. With this approach, it was possible
to determine microscale mechanisms of Hg(Il) uptake by the cement phases. The results suggest
physical encapsulation of polynuclear chloromercury(Il) salt during Hg(II) co-precipitation with
ettringite as the primary immobilisation process. It should be noted that Hg(II) concentrations
ranged between 0.01 and 0.25 mM with CI" present in the same concentration range due to Hg(II)
addition as HgCl,. No quantitative wet chemistry data on the interaction of Hg(Il) with the cement
phases were reported by Serrano et al. (2012).

The complexation properties of Hg and Ag are similar, and the chemical analogy between these
two elements is generally accepted. The analogy between Ag and Hg is based on the similarity of
the chemical properties of the two elements, such as the oxidation state of the dominant species
in the Eg-pH range (Brookins 1988), hydrolysis behaviour (Baes & Mesmer 1976) and com-
plexation with important ligands. For example, Hg(Il) and Ag(I) form strong complexes with CI*
and HS™ (Hummel et al. 2002). As a result of the chemically analogous complexation properties,
Wieland (2019) assigned the same nominal sorption value for Hg and Ag on HCP. Therefore,
analogous to Ag (see Section 3.3.3), zero sorption is assumed for all stages of cement degradation
under oxidising conditions (Hg(II)), while a nominal sorption value of 10 M m*/kg accounts for
Hg uptake under reducing conditions (Hg(0)) for all stages of cement degradation.



65 NAGRA NTB 23-07

The following sorption values are recommended for the retention of Hg in cementitious systems
(see also Tab. 7-1):

e Stages I to III: A nominal sorption is assigned to Hg retention under reducing conditions
(Hg(0)) (Rq=10"*m?/kg), which is based on the “shared solubility” considerations previously
reported for Ag. An Ry of 0 m’/kg is assigned to the retention of Hg under oxidising
conditions.

Titanium

MTi is an exotic radionuclide present in the Switzerland’s L/ILW and originates from Swiss
accelerator facilities (the spallation source, SINQ at the Paul Scherrer Institute). It is produced
from 3°Cr in stainless steel by neutron-induced reactions (Dressler et al. 2012). The oxidation state
+IV is the dominant redox state of Ti in the Ey-pH space relevant to a cement-based repository
(Brookins 1988). Ti(OH)4(aq) is the dominant hydrolysis species above pH 4 (Baes & Mesmer
1976). Hence, the hydrolysis behaviour is similar to that of the tetravalent actinides, e.g., Th(IV),
and Zr(IV).

To the best of the authors’ knowledge, no sorption studies with Ti on cement phases or HCP have
been published. Therefore, nominal sorption values have to be assigned for the three stages of
cement degradation. It can be assumed that a strong interaction of Ti with cementitious materials
occurs similarly to Th (R¢= 100 m*/kg in NTB 14-08 (Wieland 2014) or Zr (Rq = 10 m/kg in
NTB 14-08). In addition, Ti(OH)4(aq) is the main hydrolytic species, indicating that there is no
pH-induced effect on sorption in the alkaline pH range. For the current appraisal of Ti sorption
on HCP, a cautious approach is taken in line with the assessment presented for Zr uptake by HCP
by assigning a nominal, presumably excessively low sorption value of an Rq of 10 m*/kg to all
stages of cement degradation.

The following sorption values are recommended for the retention of Ti in cementitious systems
(see also Tab. 7-1):

e Stages I to III: A nominal sorption is assigned to Ti uptake by HCP under oxidising and
reducing conditions (Rq = 10 m*/kg) based on the notion of a chemical similarity with Zr.

344 Anions

Silicon: see Chapter 4
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4 Shared solubility and isotopic exchange processes

In NTB 14-08 (Wieland 2014), the uptake of COs* and Ni by HCP was considered to most
probably not be controlled by an adsorption-type process. Instead, currently available
experimental data indicate a solubility-limiting process by an Ni-containing cement phase in the
case of Ni and calcite in the case of COs*. Therefore, retention of 3>®Ni and *CO;* in the
cementitious near-field was estimated on the assumption that the distribution of radioisotopes
(**%Ni and CO;%) between porewater and HCP is identical to that of stable isotopes (Ni and
COs%) and that the aqueous concentrations of the stable isotopes and the radioisotopes correspond
to the aqueous concentrations in equilibrium with HCP. The underlying concept thus implies an
isotopic exchange process between stable isotopes and radioisotopes.

Isotopic exchange between stable isotopes and radioisotopes can also be assumed as a possible
mechanism for “'Ca, 2Al and *’Si uptake by HCP. The approach to evaluate the sorption
behaviour of these dose-relevant radionuclides is based on the hypothesis that their retention by
cementitious materials occurs through isotopic exchange with stable Al, Si and Ca during
recrystallisation of the main cement minerals, such as C-(A)-S-H phases (Ca, Si, Al), portlandite
(Ca), ettringite (Ca, Al) and AFm phases (Ca, Al) (Tits et al. 2023). Note that Ca, Al and Si are
the most important structure-forming elements of most cement phases.

In this chapter, the concept of “shared solubility”, respectively isotopic exchange, is applied as
previously described in NTB 14-08 (Wieland 2014) and adapted for the scope of this report. In
this way, R4 values for 3%Ni, “CO;%, #!Ca, 2°Al, and 32Si were estimated based on the aqueous
concentrations of the stable isotopes in cement-type porewater and their content in HCP and by
assuming isotopic exchange as a potential uptake mechanism. It should be noted that Rq values
derived in this manner are based on system parameters and can therefore not be considered
equivalent to Rq values determined from sorption processes.

4.1 Definition of operational Ra values

In NTB 14-08 (Wieland 2014), the following approach was proposed to estimate the operational
distribution ratio (Rq) for isotopic exchange:

m_-f [V
Rd — IC;m .[Msol ] (3)

aq cem

mem: number of moles of an element (stable isotope) in the repository associated with HCP
(mol)

m,:  number of moles of the element (stable isotope) in porewater at equilibrium (mol)
Vsl:  total volume of porewater in the cavern unit (m3/m)
Mcem:  total mass of cement in the cavern unit (kg/m)

f: fraction of the stable isotope inventory accessible to isotopic exchange [-]

The basic system parameters for the L/ILW repository (Mcem, Vsol), derived from the current,
preliminary design of an L/ILW cavern are summarised in Tab. 4-1.
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For fresh, i.e., non-degraded HCP, the operational distribution ratio R4 can be calculated directly
with the measured concentration of an element in HCP (ccem, mol/kg) and the concentration of
this element in solution in equilibrium with HCP (c.q, mol/L):

ccem ) f
Ry =="— (mkg) )

aq

The proportion of the stable isotope inventory accessible to isotopic exchange, f, depends on the
recrystallisation rate of the solid. For Ni, for example, it was shown that after 30 days reaction
time, only a small portion of the inventory of stable Ni in the cement matrix is accessible for
isotopic exchange with Ni (range ~2 — ~ 5%, Wieland et al. 2006). In the case of '*CO;%, it has
been postulated that there is a relationship between the grain size of calcite crystals and the
fraction of COs* accessible for isotopic exchange (Pointeau 2004, Pointeau et al. 2003). In the
case of *!Ca, 2°Al and 32Si, isotopic exchange experiments recently showed that recrystallisation
of the main Ca-, Al-, and Si-containing cement phases in HCP occurs, i.e., C-S-H phases, AFm
phases and ettringite, and that this is a fast process leading to almost 100% recrystallisation within
a few years (Tits et al. 2023).

Tab. 4-1:  Characteristic parameters of the L/ILW repository per metre of cavern length
Kosakowski et al. (2023)

Parameter Notation Value
Total volume [m?/m]" Viot 144
Average porosity [-] € 0.2
Total volume of solution™ [m*/m] Vsol 29
Mass of sorption-effective HCP [kg/m] Mecem 4.02 - 10*

Based on the description of the dead-end caverns in NTB 23-03: internal width = ~ 11.5 m, height = 12.5 m.
11.5x 12.5=143.75 m*/m.
* Vsol = €Viot

4.2 59/63Nj and YCQOs?* retention

Experimental evidence was provided that ®Ni uptake by HCP should be interpreted in terms of
an isotopic exchange process rather than an adsorption process on HCP because measured
sorption isotherms could not be interpreted in terms of a Langmuir- or Freundlich-type sorption
isotherm. Furthermore, a dependence of the R4 value on the S/L ratio of the cementitious system
was observed (Wieland et al. 2006) (see discussion in Section Al.1.1 of NTB 14-08 (Wieland
2014)). For these reasons, it was proposed that a solubility-controlled mechanism governs Ni
uptake by HCP as spectroscopic investigations further indicated that a mixed Ni-Al layered
double hydroxide (LDH) phase might form in cement systems (Wieland et al. 2006, Scheidegger
et al. 2000, Vespa et al. 2006). The Ni concentrations in cementitious systems were determined
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to range in value between ~2 - 10 M and ~107 M at a pH of 13.3 (Wieland et al. 2006, Engelsen
et al. 2010), which is lower than the aqueous Ni concentration predicted in equilibrium with
Ni(OH); or NisAl,(OH)2CO5-2H,0, a Ni-containing LDH (~3 - 10 M at pH 12.5; Berner 2014).

The predominant inorganic *C species is '“CO;%, which can either (co)precipitate as CaCO; or
sorb to the mineral phases of HCP. Isotopic exchange with calcium carbonate in HCP is
commonly considered the most important process of '*C immobilisation. In addition, isotopic
exchange could occur with COs? bound in calcium monocarbonate (CasAl,(CO3)(OH)12-5H,0;
AFm-COs) or hemicarbonate (CasAlx(CO3)o.5(OH)13-5.5H,0; AFm-(OH,COx)), respectively. It is
also conceivable that '*COs* is adsorbed on C-S-H phases (Noshita et al. 1995). At present,
however, conclusive evidence is lacking as to which of the possible mechanisms is responsible
for *CO;? uptake by HCP, i.e., isotopic exchange with COs*-containing cement phases (mono-
carbonate, hemicarbonate, calcite) or adsorption onto C-S-H phases.

The current assessment of '*CO5* immobilisation in the cementitious near-field is therefore still
based on the idea that isotopic exchange of *CO;> with solid calcium carbonate (CaCQs) in HCP
is responsible for *COs? uptake by HCP (Bradbury & Sarott 1994). An uptake mechanism based
on isotopic exchange implies that *CO;* is bound in the CaCOs structure and that uptake is
largely controlled by the recrystallisation process of CaCOs. The possibility of isotopic exchange
of *COs* with finely divided calcium carbonate in HCP has been suggested previously based on
the studies of Allard et al. (1981), Bayliss et al. (1988) and Pointeau et al. (2003). Pointeau et al.
(2003) showed that isotopic exchange of *CO;* with stable COs* of calcite occurs, while the
aqueous CO;% concentration is controlled by calcite solubility. Furthermore, Pointeau and co-
workers provided an empirical relationship used to correlate the fraction of calcite available for
isotopic exchange with the particle size of calcareous aggregates. The replacement of COs* by
YCO;* in the CaCOs structure was found to be a slow process in laboratory experiments.
However, it is reasonable to assume that the recrystallisation of calcium carbonate can effectively
retard the release of *COs> over longer timescales, such as in a deep geological repository. In
this report, the “shared solubility” approach is applied to estimate '“COs;* retention in the
cementitious near-field, i.e., by considering the replacement of CO;* by *CO;* in the CaCOs
structure according to isotopic exchange and control of the aqueous COs> concentration by calcite
solubility. Furthermore, only CaCOs present in HCP is considered to control *COs* retention in
the near-field, although the formation of additional CaCOj is expected to occur at the interface
between the cementitious near-field and the host rock due to diffusion-controlled mixing of Ca-
rich porewater emanating from the alkaline near-field and COs*-rich porewater intruding from
the host rock formation.

The input data used to estimate the operational distribution ratios for >**Ni and *COs?" are listed
in Tab. 4-2.

Estimating an operational Rq value for the different stages of cement degradation on the basis of
Eq. (4) requires that the concentration of the element in HCP and in solution, respectively, does
not significantly change over time. A comparison of the total inventories of stable Ni and COs*
in HCP with their concentrations in CPW (Tab. 4-2) shows that after about 1,000 exchange cycles
of the near-field porewater, the inventories of the stable isotopes in HCP will decrease by ~ 18%
in the case of Ni and by < 1% in the case of COs* (pH ~ 12.8). This indicates that the distribution
ratio will not significantly change with time. However, assuming the upper bound of aqueous
concentrations for Ni (Tab. 4-2), the reduction of the distribution ratio of Ni should already be
significant (> 50%) after 100 exchange cycles. In this context, it should be noted that in the
concrete of a deep geological repository located in the Opalinus Clay, fewer than two pore
volumes are expected to be exchanged within 100,000 years (Kosakowski et al. 2014). As
discussed in Martin et al. (2023), complete saturation of the L/ILW cavern will hardly be reached
within 100,000 years. This implies that such assumptions are very conservative.
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Tab. 4-2: Input data used to calculate distribution ratios for >**Ni and '*COs* on HCP

Parameter Notation Ni COs*

Used in equation (4)

Concentration of stable elements in HCP” Ceem 4.1-10* DS-I: 2.61
[mol/kg] DS-II: 2.61

DS-III: 1.72
Concentration of elements in solution in Cag 107 DS-I: 5.7 - 107
equilibrium with HCP** [mol/L] (suboxic, pH ~ 13.11)

DS-II: 1.58 - 107
(anoxic, pH ~ 12.68)
DS-III: 8.41 - 10
(anoxic, pH ~ 9.89)

Accessibility factor f 0.1 0.01
Upper bound for cay:
Concentration of elements in solution in Cag 5.7-10° 21073

equilibrium with HCP™* [mol/L]

Used in equation (4) related to near-field

Total inventory of stable elements in Meem 15.78 DS-I: 1.0 - 10° (suboxic)
HCP™ [mol/m] DS-II: 9.4 - 10* (anoxic)
DS-III: 6.6 - 10* (anoxic)
Total inventory of stable elements in Magq 22-10% DS-I: 1.26 (suboxic)
solution™™ [mol/m] DS-II: 0.35 (anoxic

DS-III: 0.18 (anoxic)

Upper bound for may

Total inventory of stable elements in Maq,max 6.6 - 107 44
solution™* [mol/m]

Assuming the following concentrations in unhydrated cement: Ni = 24.32 ppm (NTB 14-08, Tab. 2.3). The CaCOs
content of HCP is taken from Tab. 2-3 for the three stages of cement degradation.

Aqueous Ni concentrations in line with those reported by Wieland & van Loon (2002), Wieland et al. (2006) and
Engelsen et al. (2010). The upper bound is based on Hummel et al. (2022). The concentrations of total carbonate
are taken from Tab. 2-3 for the three stages of cement degradation. For DS-I, suboxic conditions are considered,
for DS-II and DS-III, anoxic conditions are considered.

o Mcem = Mecem*Ceem. (Mcem: Tab. 4-1)

- Maq = Vsol*Caq . (Vsoli Tab. 4-1)

sk

The operational Rq4 values calculated according to Eq. (4) are listed in Tab. 4-3. The lower bounds
of the Ry values for *%Ni have been estimated using the upper limit of the aqueous Ni
concentration. The accessibility factors are set to f= 0.1 in the case of *>**Ni and to f=0.01 in
the case of *COs? for reasons of conservatism. Note that the selected values expected to be valid
in the long run are only slightly higher than those determined in short-term experiments, i.e.,
£=0.02 — 0.05 for *Ni (Wieland et al. 2006) and f = 0.005 for “CO;* (Pointeau et al. 2003).
Assigning accessibility factors f of 0.1 and 0.01 implies that only a small amount of the
Ni-containing LDH and calcium carbonate are assumed to be accessible to isotopic exchange in
the cementitious near-field, i.e., 10% in the case of *%Ni retention and 1% in the case of '*COs*
retention. It should be noted that assuming isotopic exchange with the total stable Ni and COs*
inventories in the near-field, i.e., f= 1, the R4 values listed in Tab. 4-3 would increase by an order
of magnitude in the case of *”**Ni and by two orders of magnitude in the case of '“COs*".
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Tab. 4-3:  Estimated Rq values for >**Ni and “CO;* for the three stages of cement degradation
of the L/ILW repository

Accessibility factors f= 0.1 for 3%Ni and = 0.01 for *CO;*

Radionuclide Ravalue
[m3/kg]
Best estimate” Lower bound™
39.63Ni — all stages 0.41 0.01
14co32-
Stage I 0.46 (suboxic) 10!
Stage 11 1.55 (anoxic) 1.0
Stage 111 2.04 (anoxic) 1.0

5

Estimated with Eq. (3) using the parameters given in Tab. 4-2.
*  Estimated based on uncertainty ranges of the parameters.

In NTB 14-08, operational Rq values were compared with experimental data reported in the
literature (Wieland 2014). Sorption values for Ni determined in batch sorption experiments were
found to range between ~ 0.03 and ~ 0.2 m*/kg. From through-diffusion data of Ni on HCP, R4
values between 0.02 and 0.04 m*/kg were determined, which is a factor of 5 — 10 lower than the
values obtained in batch sorption experiments. This indicates that the operational R4 value for Ni
listed in Tab. 4-3 is within the range of sorption values determined in laboratory experiments.

Sorption measurements with *CO3* on HCP and concrete show a strong uptake of *CO;* with
Rg values ranging between ~0.7 m*/kgand 30 m*/kg (Wang et al. 2012). However, the distribution
ratio was found to depend on the degradation stage of HCP and the S/L ratio of the cementitious
system. For DS-II, Wang et al. (2012) recommended an R4 value (best estimate) of 5 m*/kg (lower
limit: 2 m*/kg, upper limit : 20 m*/kg), while slightly lower values were selected for DS-I (best
estimate : 2 m’/kg, lower limit : 0.7 m*/kg, upper limit : 3 m*/kg). The sorption values determined
in the sorption tests fall within the range of the operational Rq values derived in this report.

The following sorption values are recommended for the retention of >®Ni in cementitious
systems (Tab. 7-1):

e Stages I to III: An operational sorption value is assigned to Ni retention under both oxidising
and reducing conditions for all stages of cement degradation (Rq = 0.41 m?/kg).

The following sorption values are recommended for the retention of *COs* in cementitious
systems (see also Tab. 7-1):

o Stages I to IIl: The following operational R4 values are assigned to the retention of
radiolabelled carbonate under both oxidising and reducing conditions: DS-I: Rq = 0.45 m*/kg,
DS-II: Rq = 1.5 m¥/kg, DS-1II: Rq = 2.0 m’/kg.
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4.3 41Ca, 26A1 and 32Si retention

Tits et al. (2023) investigated the uptake of **Ca and *Si by HCP and several cement phases
(C-S-H phases, portlandite AFm phases, ettringite) with the aim of assessing the retention of the
dose-relevant radionuclides *'Ca, 2°Al and ?Si in the cementitious near-field. The authors could
explain the long-term uptake kinetics by assuming isotopic exchange with stable Ca, Al and Si in
the cement phases during their recrystallisation. The uptake kinetics of *Ca and *?Si by various
cement phases were modelled with the help of homogeneous recrystallisation models (Curti et al.
2010, Heberling et al. 2018), assuming either constant bulk recrystallisation rates (AFm phases
and ettringite) or decreasing bulk recrystallisation rates with time (C-S-H phases, portlandite,
HCP).

For the calculation of Ry values for 2°Al, 32Si and *'Ca under near-field conditions, isotopic equi-
librium of the radioisotopes and the stable isotopes between the solid and liquid phases is
assumed. This isotopic equilibrium is reached by isotopic exchange with the respective stable
isotopes during recrystallisation as experimentally demonstrated on C-S-H phases, portlandite,
AFm phases, ettringite and intact HCP by Tits et al. (2023). It is further assumed that the same
isotopic exchange process takes place on Al/Fe siliceous hydrogarnet, zeolites and calcite. It
should be noted that recrystallisation studies on calcite showed that calcite also exhibits a ¥*Ca
isotopic exchange behaviour similar to that of C-S-H phases (e.g., Curti et al. 2005,
Heberling et al. 2016). No evidence was found in the literature for the occurrence of recrystal-
lisation processes in zeolites and Al/Fe siliceous hydrogarnets. Here, we assume that these
minerals are subject to long-term recrystallisation processes similar to those of other cement
minerals.

The following processes are considered to calculate the Ry values:

e % Ca: exchange with stable Ca associated with C-S-H phases with C/S ratios 1.6 (DS-I and
DS-II) and 0.7 (DS-III), portlandite (DS-I and DS-II), ettringite (DS-I and DS-II) calcite (all
stages) and zeolites (DS-III)

e Al exchange with stable Al associated with ettringite (DS-I and DS-II), Al/Fe siliceous
hydrogarnet (DS-I) and zeolites (DS-III)

e ¥28i: exchange with stable Si associated with C-S-H phases with C/S ratios 1.6 (DS-I and
DS-II) and 0.7 (DS-III), Al/Fe siliceous hydrogarnet (DS-I) and zeolites (DS-I11I)

e The above-mentioned isotopic exchange reactions reach complete isotopic equilibrium within
timescales relevant for radioactive waste disposal.

The mineral contents of the cementitious systems are listed in Tab. 2-3. Note that using this
approach to calculate the inventories of stable isotopes corresponds to a simplifying approach as
only the predominant cement phases contributing to the inventory of an element of interest are
considered. Thus, smaller elemental inventories associated with other minerals have been
neglected, such as gypsum in the case of Ca, C-A-S-H phases and hydrotalcite in the case of Al,
and quartz in the case of Si. Furthermore, only two C/S ratios of C-S-H phases were considered,
which correspond to upper and lower bounds of Ca and Si contents. Finally, Ca-chabazite was
assumed to represent zeolites.

The Rqgvalues listed in Tab. 4-5 were estimated based on the near-field parameters compiled in
Tab. 4-4 and the assumption that only 10% of the inventory of the stable elements are accessible
to isotopic exchange (accessibility factor f=0.1). The value for the accessibility factor was chosen
in agreement with the value assumed for the isotopic exchange of *>**Ni in the L/ILW repository
(Tab. 4-3). It should be noted that the experimental studies by Tits et al. (2023) on the **Ca and
the ¥2Si uptake by single cement phases and degraded HCP in dilute suspension show that an
accessibility factor f of 1 can be achieved within a few years in dispersed systems used in
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laboratory experiments. This result suggests that the selected value (f = 0.1) is probably a
conservative estimate of the accessible mineral fraction and is valid even for compact cement
systems under near-field conditions, where mineral accessibilities are expected to be lower than
in dispersed systems. Note, however, that the same recrystallisation rate and the same accessible

fraction were assumed for all cement phases.

Tab. 4-4:  Input data used to calculate distribution ratios for *'Ca, Al and *2Si on HCP
Parameter Notation | Ca Al Si
Used in Equation (4)
Concentration of stable | ccem DS-I: 8.86 DS-I: 0.67 DS-I: 1.88
elements in HCP* DS-II: 8.16 DS-II: 0.16 DS-II: 1.83
[mol/kg] DS-III: 7.49 DS-III: 0.35 DS-III: 8.70
Concentration of Cag DS-1: 2.76 - 1073 DS-1: 2.63 - 10°° DS-I: 3.60 - 10°°
elements in solution in DS-II: 1.37 - 102 DS-1I: 1.62 - 10* DS-II: 8.91 - 10*
equilibrium with HCP* DS-II: 7.10 - 1072 DS-1II: 7.7 - 1077 DS-III: 5.88 - 10*
[mol/L]
Accessibility factor f 0.1 0.1 0.1
Upper bound for cqq
Concentration of Caq 0.10 5-10* 103
elements in solution in
equilibrium with HCP**
[mol/L]
Near-field
Total inventory of Meem DS-I: 3.41 - 10° DS-I: 2.58 - 10* DS-I: 7.24 - 10*
stable elements in DS-II: 3.05 - 10° DS-II: 6.21 - 103 DS-II: 6.48 - 10*
HCP™ [mol/m] DS-III: 2.88 - 10° DS-III: 1.35 - 104 DS-III: 3.35 - 10°
Total inventory of Magq DS-I: 60.7 DS-I: 0.58 DS-I: 0.79
stable elements in DS-II: 301 DS-II: 3.56 DS-II: 19.6
solution™™”* [mol/m] DS-III: 1560 DS-III: 0.017 DS-III: 12.9
Upper bound for maq
Total inventory of Mag,max 5,000 2.2 22
stable elements in
solution™™” [mol/m]

The content of Ca-, Al, and Si-containing minerals of the cementitious systems are taken from Tab. 2-3 for the

three stages of cement degradation. DS-I, DS- II and DS-III: reducing conditions are considered.

ok

in Tab. 2-3 for the three stages of cement degradation.
o Mcem = Mecem*Ceem. (Mcem: Tab. 4-1)
- Maq = Vsol*Caq . (Vsoli Tab. 4-1)

Arbitrarily set upper limits based on the aqueous concentrations of the corresponding elements (Ca, Al, Si) listed
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Tab. 4-5:  Estimated operational Ry values for *'Ca, 2°Al and 32Si for the three stages of cement
degradation in the L/ILW repository

Accessibility factor f= 0.1 for all radionuclides

Radionuclide Ravalue
[m3/kg]
Best estimate” Lower bound™
40y
Stage I 32107 9-1073
Stage 11 5.8-107 8- 107
Stage 111 1.0 - 10 7107
A1
Stage 1 2.5 0.13
Stage 11 0.1 0.03
Stage 111 45 0.07
3284
Stage 1 52 0.18
Stage 11 0.2 0.18
Stage 111 1.5 0.90

Estimated with Eq. (3) using the near-field parameters given in Tab. 4-4 and on the assumption of accessibility
factors f=0.1.

Estimated based on the upper limits for the aqueous concentrations given in Tab. 4-4.

sk
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5 Selected sorption data for stage I'V of the cement degradation
process

Stage IV of the cement degradation process is reached when all Ca-bearing cement minerals
(C-S-H phases, portlandite, AFm phases, ettringite) are dissolved and replaced by calcite (Ochs
et al. 2016). Although Kosakowski et al. (2023) stated that such a scenario is quite unrealistic for
a repository placed in a low-permeability clay host rock such as OPA, this report includes a
selection of sorption values for this late stage of cement degradation for the sake of completeness.
To this end, a compilation of the typical mineralogy of the cementitious materials degraded to
DS-IV and the corresponding porewater compositions is also included. These are the basic data
required to derive a simplified SDB for DS-IV.

5.1 Composition of near-field mineralogy and porewater

Wieland & Kosakowski (2020) modelled the cement degradation process by carbonation and the
pozzolanic reaction between dissolving siliceous aggregates and the cement matrix up to DS-IV
for three cementitious materials (provisional container concrete, mortar M1 and a cement-based
material termed reference cement in Stage 2 of the Sectoral Plan). The mineral compositions of
these cementitious materials degraded to DS-IV and the corresponding porewaters are compiled
in Tab. 5-1. The main characteristics are: i) calcite is the dominant mineral in all degraded
materials (= 70 wt.%), while the quartz (< 10 wt.%) and clay contents (kaolinite < 9 wt.%) are
significantly lower, ii) the porewater (pH ~ 8) contains K* and Mg?* as the main cations, while
SO4* is the main charge-compensating anion. The presence of some additional minerals is
predicted, e.g., gypsum (as the SO4*-bearing mineral), ferrihydrite (as the Fe**-bearing mineral),
natrolite (an Na-Ca-Al-Si-containing zeolite-type mineral), and magnesium-silicate hydrates
(M-S-H) phases (as the Mg**-bearing mineral). It should be noted that the appearance of the minor
minerals may be influenced by the selected geochemical set-up (dataset used to model the
mineralogy). Nevertheless, it is safe to conclude that, in the given geochemical conditions, calcite
will be present in the degraded cementitious materials in addition to quartz and clay minerals. As
a consequence of this, the SDB for DS-IV was developed on the assumption that calcite is the
only mineral controlling the retention of all radionuclides in DS-IV.

5.2 Methodology

Sorption databases for radionuclide retention calculations by calcite have previously been
documented for the safety analysis within the framework of the Sectoral Plan for Deep Geological
Repositories (e.g., Cloet et al. 2019, Nagra 2008, Schwyn 2008). The database for radionuclide
retention by calcite was developed by Bradbury & Baeyens (1997) and later updated by Bradbury
et al. (2008) and Baeyens et al. (2014). The current development of an SDB for radionuclide
retention in DS-IV is based on these earlier studies, and no detailed review of the state-of-the-art
literature has been performed. The most recent update of a calcite SDB was published within the
framework of Stage 2 of the Sectoral Plan (Baeyens et al. 2014).
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Tab. 5-1:  Geochemical conditions (solids, porewater composition) for DS-IV of cementitious

materials (provisional container concrete, mortar M1, container-filling cement)
modelled by assuming the degradation of the HCP by carbonation or the dissolution
of siliceous aggregates”

Parameters Container concrete Mortar M1 Container-filling
cement
Porosity (%) 22.5 44.6 71.4
pH 7.84 8.02 7.99
pe"” 2.76 10.76 12.79
Ionic strength (m) 1.02 0.41 0.70
Solutes (mol/kg:0)
Na 1.90 - 102 1.25- 1072 7.19 - 107
K 0.264 0.111 0.307
Ca 9.64 - 107 1.11 - 1072 1.07 - 102
Sulphate 0.584 0.194 0.202
Chloride™" n.d. n.d. 1.54 - 1072
Carbonate 2.78 - 1073 9.66 - 10+ 5.56 - 10+
Si 1.83 - 10* 1.84 - 10+ 1.86 - 10+
Al 3.53 - 108 5.54- 1038 9.61 - 1038
Fe 1.11- 1010 3.39 - 10! 3.50 - 107!
Mg 0.434 0.121 4.26 - 102
Major solids
Quartz 6.5 wt.% 9.8 wt.% 8.4 wt.%
Kaolinite 6.2 wt.% 7.9 wt.% 9.0 wt.%
Calcite 82.7 wt.% 76.4 wt.% 70.0 wt.%
Gypsum 0.6 wt.% 0.7 wt.% 4.6 wt.%
Ferrihydrite™ 1.9 wt.% 1.9 wt.% 2.7 wt.%
Natrolite 0.5 wt.% 0.8 wt.% 0.8 wt.%
M-S-H phases 1.6 wt.% 2.5 wt.% 3.5 wt.%

ok

Degradation by carbonation or siliceous aggregates in the case of container concrete and mortar M1; the only
degradation process of the container-filling cement is carbonation as this material does not contain siliceous
aggregates.

Redox conditions are largely determined by the composition of the cement and by selection of the stable Fe-
containing mineral phases. Kosakowski et al. (2020) included ferrihydrite and magnetite, while other iron
oxyhyroxides (e.g., goethite) were not considered. Only the oxidised form Fe’* was considered, which potentially
enforces oxidising conditions. Under real conditions, the presence and corrosion of Fe’ in the repository will enforce
reducing conditions in the long term.

The chlorine content of container concrete and mortar M1 was not available and therefore not used as an input
parameter for the thermodynamic calculations. Small amounts of chlorine were added as modelling input to allow
convergence of the GEMS calculations. The aqueous chloride concentrations are not realistic and thus denoted as
“not determined” (n.d.). The chlorine content of the container-filling cement was known.
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53 Recommended sorption values

The recommended sorption values for calcite listed in Tab. 7-7 were taken from NTB 12-04
(Baeyens et al. 2014). They are further consistent with values compiled in NAB 18-41
(Cloet et al. 2019). The sorption values proposed in NTB 12-04 for radionuclide retention by
calcite were not reviewed. The values for DS-IV of a degraded cementitious near-field were
estimated based on the sorption values reported for calcite and on the assumption that the
degraded near-field in DS-IV consists of 70 wt.% calcite.

It should be noted that the sorption values listed in Tab. 7-7 do not account for sorption reduction
caused by colloids and complexing ligands.
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6 Sorption reduction factors

Rq values established for the dose-relevant radionuclides expected in the deep geological
repository can be reduced due to the presence of complexing ligands or colloids in the CPWs or
by sorption competition. These effects are accounted for with the help of sorption reduction
factors. How these factors mathematically influence the Rqvalue is described in detail in App. A.

6.1 Sorption reduction by cementitious colloids

Laboratory-scale experiments and field studies showed that colloids are present in CPWs, which
indicates that colloids will be present in the saturated cementitious near-field of the L/ILW
repository (Wieland 2014). The low colloid concentration observed in CPWs is the consequence
of the high ionic strength and the relatively high Ca concentration of CPWs. Both chemical
parameters facilitate colloid-colloid interactions (aggregation-sedimentation process) or the
attachment of colloids to the surface of the backfill material, respectively. Thus, high ionic
strength and Ca concentrations in the millimolar range are capable of establishing favourable
conditions for colloid destabilisation or colloid attachment to the surface of backfill material,
respectively. These processes control the concentration of colloids dispersed in the porewater of
the cementitious near-field. The low colloid concentration observed under the hyperalkaline
conditions of a CPW is an important factor limiting radionuclide mobility in the cementitious
near-field. A low inventory of dispersed colloids, however, requires low or stagnant water flow
in the near-field of a repository in order to minimise colloid generation by re-dispersion. Under
these conditions, the shear forces generated are expected to be too low to allow disaggregation
and colloid detachment from the surface of the backfill material.

The effect of colloids on radionuclide uptake is expressed in terms of a sorption reduction factor,
Freq, by analogy with the impact of complexing ligands on radionuclide uptake. Sorption reduction
factors (realistic and upper-bound (pessimistic) values), Frq, for uptake by HCP in the presence
of cement-derived near-field colloids, were estimated assuming a typical colloid concentration of
10 kg/m? (Wieland 2014). Sorption reduction factors are listed for those elements with sorption
values different from zero. Values were either taken from Wieland & van Loon (2002) for DS-I
and DS-II or they were estimated for DS-III and the new dose-relevant radionuclides following
the approach presented in Wieland & van Loon (2002). The sorption reduction factors are listed
in Tab. 7-3.

6.2 Sorption reduction by complexing ligands

Ethylenediaminetetraacetic acid (EDTA), nitrilotriacetic acid (NTA), cyanide (CN"), gluconic
acid (GLU) and isosaccharinic acid (ISA) are considered to be the most important complexing
ligands of radionuclides in the cement-based L/ILW repository planned in Switzerland (Nagra
2023a). Nitrates/nitrites are oxidising agents, which are present in some waste forms and thus
might have an influence on the redox potential, while their role in the complexation of radio-
nuclides can be ignored under conditions representative of the cementitious near-field. The
maximum concentrations of the main complexing ligands for the two waste groups 1 and 2,
considered based on the chemical properties of the L/ILW and their potential consequences for
the near-field evolution, were estimated on the basis of the MIRAM RBG inventories (Nagra
2023a) and are listed in Tab. 6-1. In addition to the aforementioned complexing ligands in the
waste matrix, degradation products of polymeric organic materials (rubber, plastics etc.), bitumen
and basic and acidic ion-exchange resins as well as concrete admixtures and degradation products
could potentially act as complexing ligands for radionuclides.
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Tab. 6-1:  Maximum concentration and concentration limit for the waste group assignment of
complexing ligands in near-field porewater

Nagra (2023a)
Material L/ILW maximum Concentration limit
concentration

(M] [M]
EDTA 2.5-1072 10°
NTA 6.5 - 107 2102
Cyanide 0.18 107
Nitrate/Nitrite 0.48 0.05
Gluconic acid 5.1-10° 107
Isosaccharinic acid 8.6 - 10* 10

The environmental fate and impact of EDTA, NTA, ISA and cement additives on radionuclide
migration have been discussed previously (Keith-Roach 2008, Keith-Roach et al. 2014). Several
studies have been carried out with the aim of reviewing published thermodynamic data of the
complexation of radionuclides with important organics present in waste forms and developing
consistent sets of thermodynamic data for use in speciation calculations in connection with the
safety analysis of radioactive waste disposal (e.g., Gaona et al. 2008, Hummel et al. 2005,
Rai & Kitamura 2017). Sorption reduction due to the presence of complexing agents has further
been assessed within the framework of the Japanese and Swedish waste management programmes
(Keith-Roach et al. 2014, Tachi & Ochs 2018). In addition, a large number of experimental studies
on the effect of EDTA, ISA (and other cellulose degradation products), GLU, and cement admix-
tures on the solubility and sorption of radionuclides have been carried out in the past. In the
following sections, studies performed with the most important complexing agents, i.e., ISA, GLU,
EDTA, NTA, CN-, NH3 and concrete admixtures, will be briefly discussed.

ISA and cellulose degradation products

A few waste forms contain cellulose, which degrades under alkaline conditions. The main
degradation products of cellulose are a- and B-isosaccharinic acids, while the minor presence of
other, currently not identified cellulose degradation products is conceivable. The kinetics of
cellulose degradation and hence the formation of ISA is still disputed due to significant
discrepancies observed in the rate constants determined from short- and long-term degradation
experiments with those deduced from degradation studies at elevated temperatures (e.g., Glaus &
van Loon 2008, Pavasars et al. 2003). ISA was found to be rapidly degraded by alkaliphilic
microorganisms below a pH of ~ 11 (Bassil et al. 2015a, 2015b, Kuippers et al. 2015, 2018, Rout
et al. 2015a, 2015b), which limits its impact as complexing agent for radionuclides under near-
neutral conditions such as geological environments. However, under conditions relevant to a
cement-based repository, i.e., above pH 11, ISA may persist in the repository environment due to
inhibited microbial activity, thus acting as complexing agents. Under these conditions, the
aqueous ISA concentration is controlled by its interaction with cementitious materials in the near-
field. Garcia et al. (2020) showed that HCP in DS-II has the highest ISA sorption capacity
compared to HCP in DS-I or in the carbonated stage (DS-IV). ISA sorption is expected to take
place on the surface of cement phases by interaction with positively charged surface sites, i.e.,
Ca*" bound to silanol sites carrying a negative charge. While ISA sorption reduces its ability to
act as a complexing agent for radionuclides, the formation of surface-bound ISA complexes may
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exert two potential effects on the uptake of radionuclides by HCP: 1) ISA sorption may block
cement sorption sites for radionuclides, thus increasing the aqueous concentration of radio-
nuclides, or 2) ternary radionuclide-ISA surface complexes may form, which promotes radio-
nuclide uptake by HCP.

In an initial approximation, it can be assumed that complexing ligands have the same effect on
radionuclide solubility and sorption by cementitious materials. For example, an increase in the
solubility of a radionuclide under the conditions of a cementitious near-field by one order of
magnitude leads to a corresponding decrease in radionuclide sorption on HCP by the same ligand
at the same concentration for the same element. For this reason, results from solubility measure-
ments carried out in the presence of ISA, GLU, EDTA and superplasticisers therefore provide
useful information on the potential effect of these ligands on sorption. Nevertheless, it is
acknowledged that the aforementioned processes that can occur in cementitious systems with a
complexing ligand, such as blocking of cement sorption sites for radionuclides and the formation
of ternary radionuclide-ligand surface complexes, limits the possibility of a direct transfer of the
observations made in solubility studies to sorption studies with the same complexing ligands.
These processes can either enhance or reduce sorption of radionuclides on HCP.

New and previously not considered information is available on the effect of ISA on the solubility
and sorption properties of several radionuclides (e.g., Felipe-Sotelo et al. 2017,
Gonzalez-Siso et al. 2017, Kobayashi et al. 2019, Kobayashi et al. 2017, Tasi et al. 2018a).

Felipe-Sotelo et al. (2017) observed an increase in the solubility of Th and U(VI) precipitates in
NRVB solution containing cellulose degradation products (CDPs). Na-uranate or Ca-uranate
were considered as the solubility-controlling U(VI) phases in either Na-containing alkaline
solution or Ca-containing solutions and NRVB solution. The authors used a mixture of CDPs
produced in contact with NRVB, but the nature and amounts of the different CDPs have not been
reported.

By contrast, binary radionuclide-ISA systems were employed to determine the solubility of
B—Ni(OH)x(cr) (Gonzalez-Siso et al. 2017), UOs(am,hyd) (respectively UO, - xH,O) and
Na,U>07(cr) (Kobayashi et al. 2019), Zr(OH)4(am) (Kobayashi et al. 2017), and PuO»(cr,hyd)
(Tasi et al. 2018a). The solubility of B-Ni(OH)(cr) was found to significantly increase in alkaline
conditions (pH 10 — 13) at total ISA concentrations above 10 M. However, no increase in
solubility was observed at [ISA]wt < 10 M. The results are in line with previous studies on the
formation of Ni-ISA complexes indicating weak complexation of Ni by ISA (Evans et al. 2012).
The effect of ISA on the solubility of hexavalent U(VI) solid phases (Na,U,O7(cr)) was found to
increase with increasing ISA concentration (Kobayashi et al. 2019), while solubility enhancement
was more pronounced in the pH range below 11. Above pH 11, no statistically significant effect
was observed at an [ISA]w of 3.98 - 10 M, while an increase of about two orders of magnitude
was reported at an [ISA]wt 0f 3.16 - 102 M. The strong increase with increasing ISA concentration
indicates the formation of a U(VI):ISA = 1:2 complex. Least-square fitting of the solubility data
suggested the formation of the UO,(ISA)x(aq) complex in near-neutral solution and of the
UO,(OH)3(ISA).*(aq) complex under alkaline conditions. The latter species may be deprotonated
to UO2(OH)»(ISA)(ISAn)*(aq) and UO>(OH)(ISA n)-**(aq) depending on the pH and according
to the acidity of the hydroxyl groups of the alkyl chain of ISA. The study of Kobayashi et al.
(2019) suggests that an effect of ISA on the sorption of U(VI) is unlikely at an [ISA]it < 10° M
in the pH range above 11. Note again that ISA is considered to be readily degraded in the pH
range < 11 by microorganisms over the period of concern for a cement-based repository.

The solubility of the tetravalent metal cations Zr(IV), U(IV) and Pu(IV) was found to be enhanced
under alkaline conditions in the presence of ISA. In the case of Zr(OH)4(am), an increase in the
solubility was observed at an [ISAJw = 10° M in alkaline conditions above pH 10 with
Zr(OH)4(ISA)(ISA.1)*(aq) suggested as the dominant Zr species (Kobayashi et al. 2017). It
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should be noted that similar observations were previously made in solubility studies with
ThO,(am), i.e., no measurable effect of ISA at an [ISA]we < 10° M and the formation of a
Th(OH)4(ISA),*(aq) complex above this threshold concentration under alkaline conditions (Rai
et al. 2009). In the presence of 1.99 - 10° M ISA, the solubility of UO,(am,hyd) (respectively
UO; - xH,0) was comparable to that without ISA, indicating the limited effect of ISA on U(IV)
solubility (Kobayashi et al. 2019). At higher ISA concentrations, however, solubility increased
with the ISA concentration, thus indicating the formation of U(IV)-ISA complexes.
Kobayashi et al. (2019) proposed a stoichiometry identical to the Th(IV)-ISA complex, i.e.,
U(OH)4(ISA),* as the dominant species formed under alkaline conditions. Tasi et al. (2018b)
investigated the impact of a-ISA on the solubility and redox behaviour of nanocrystalline hydrous
Pu(IV) oxide (PuOx(ncr,hyd)). As in the studies of Kobayashi and co-workers, a significant effect
of ISA on solubility was only observed above pH 11 and at an [ISAJi > 10 M in Na-containing
media. The authors proposed the formation of Pu-ISA = 1:1 aquo complexes both for Pu(IIl) and
Pu(IV), i.e., Pu(IV)(OH)3(ISA.u), Pu(IV)(OH)3(ISAou)* and Pu(III)(OH)(ISA.i). The thermo-
dynamic calculations reported by Tasi and co-workers suggest that Pu(IV)(OH);(ISAu)* is the
dominant species above pH 11 at an [ISA]w > 10 M. Additionally, the formation of quaternary
Ca(Il)-Pu(IV)-OH-ISA complexes was observed in Ca-containing media, such as CPWs, due to
enhanced solubility of PuOx(ncr,hyd) as compared to Ca-free solutions of analogous composition
(Tasi et al. 2018b). The authors proposed the following aqueous quaternary complexes as the
dominant species: Ca(Il)Pu(IV)(OH)3(ISA)" below pH ~ 11 and Ca(I)Pu(IV)(OH);(ISAn)
above pH = 11. However, a significant effect on solubility was only determined above pH 11 at
an [ISA]w of 10> M and a [Ca]ir of 102 M. This finding indicates that the formation of quaternary
Ca-Pu-OH-ISA complexes may enhance the solubility in a CPW representative of DS-II ([Ca]wt
~ 1.37 - 102 M) and DS-III ([Ca]wt = 7.10 - 10 M), while the formation of these complexes is
probably negligible in DS-I ([Ca]w = 2.76 - 107 M) (Tab. 2-3). No effect on the solubility was
observed at [ISA]w < 10* M, irrespective of pH (pH > 10) and the Ca concentration of the
solution.

Diesen et al. (2017), Ochs et al. (2018), and Tasi et al. (2021) investigated the sorption of various
radionuclides by cementitious materials in the presence of ISA or CDPs, respectively. Diesen and
co-workers degraded cellulosic materials under aerobic and anaerobic conditions in alkaline
(pH 12.5) media. The CDPs were not characterised and therefore, no information was provided
on the ISA concentration in the solutions. The products were found to enhance the solubility of
freshly precipitated Eu(OH)s;(am), however only at the highest concentrations. A further
assessment of the effect of the CDPs on Eu complexation under near-field conditions cannot be
undertaken due to the lack of information on the concentrations of complexing ligands. Ochs and
co-workers estimated the reduction of U(VI) sorption to HCP by ISA based on the earlier
experimental work of Pointeau and co-workers (Pointeau et al. 2004a, Pointeau et al. 2004b). The
authors concluded that no effect of ISA on U(VI) sorption onto HCP was observed in the ISA
concentration range from 10° M to ~ 6 - 10 M in all stages of cement degradation. A sorption
reduction factor, however, was assigned at ISA concentrations above 6 - 10~ M as compared to
an ISA-free system. Therefore, a sorption reduction factor of 10 was assigned to U(VI) sorption
on HCP at ISA concentrations of 10 M, while a 100-fold reduction of sorption was assigned at
an ISA concentration of 0.1 M.

Tasi et al. (2021) published new experimental data on the uptake of Pu(IV) by HCP in the presence
of ISA in CPW at pH 12.5. The uptake of Pu(IV) by HCP was observed to decrease above an
[ISA]it of 3.16 - 10° M (corresponding to an [ISA]yq ~2 - 10° M). However, the mechanism
responsible for sorption reduction is presently unknown. A simplified sorption model based on
the formation of quaternary Ca-Pu-OH-ISA complexes, as previously observed in the solubility
study with PuOx(ncr,hyd) (Tasi et al. 2018b), did not allow a correct prediction of the effect of
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increasing ISA concentrations on Pu(I'V) uptake by HCP. The authors concluded that consistency
between the trends in sorption and solubility data caused by the presence of ISA cannot be
achieved simultaneously.

An additional complexing ligand formed during the degradation of wood and paper was found to
have an impact on Ni sorption on HCP (van Loon & Glaus 1998). Complexation of Ni and Pb by
the hitherto unknown, readily soluble organic ligand in wood and paper was considered in
previous SDBs (Bradbury & Sarott 1994, Bradbury & van Loon 1997) and retained in the current
assessment.

GLU

Solubility studies in the presence of GLU were reported for Th(IV) by Colas et al. (2013b), for
U(VI) by Colas et al. (2013a) and for Zr by Kobayashi et al. (2017). The studies show that
radionuclide complexes with GLU tend to be slightly more stable than those with ISA, which is
in accordance with the complexation constants reported by Gaona et al. (2008). Dudas et al.
(2017) stated that the structure of ISA and GLU is similar as both ligands contain one carboxylate
group and several (4 or 5) alcoholic OH groups capable of coordinating with metal cations.
However, the authors further inferred that GLU and ISA also exhibit structural differences, which
imply that ISA and GLU do not behave identically (or even similarly) with respect to com-
plexation with Ca and the higher-valent cations, such as various actinides and lanthanides. The
solubility studies of Colas et al. (2013a, 2013b), and Kobayashi et al. (2017) indicate that
complexation constants with GLU are about an order of magnitude higher than the corresponding
constants with ISA. For example, stronger complexation by GLU as compared to ISA was clearly
illustrated in the case of Zr (Kobayashi et al. 2017).

To the best of the authors’ knowledge, no new information on the effect of GLU on radionuclide
uptake by HCP is available in addition to that previously reviewed in NTB 14-08 (Wieland 2014).

Sorption studies with GLU on C-S-H phases were reported by Androniuk et al. (2017), while
molecular dynamics simulation of the interaction of U(VI) with C-S-H phases were carried out
by Androniuk & Kalinichev (2020) with the aim of developing a mechanistic understanding of
the effect of GLU on U(VI) uptake by C-S-H phases. The former study shows that GLU sorption
to C-S-H phases is stronger at a higher C/S ratio. The latter study reveals that the formation of
ternary surface complexes between U(VI) hydroxyl ions and Ca(II) at the C-S-H surface play an
important role in the overall sorption process.

It should be noted that recalculation of the maximum GLU concentration in the near-field pore-
water on the basis of the updated MIRAM data gives a [GLUJyq < 5.1 - 10 M for both waste
groups. This means that the critical concentration limit for GLU (Tab. 6-1) is not impacted by the
separation of L/ILW into two waste groups.

EDTA

The effect of EDTA on the solubility of Ni(II), Th(IV) and U(IV,VI) was studied by Felipe-Sotelo
et al. (2015). The results show that EDTA may exert a significant effect on Ni(I[) and U(IV)
solubility in the EDTA concentration range between 5 - 102 M and 0.1 M, while Th(IV) and
U(V]) solubilities are only slightly affected by EDTA in the same concentration range. Sorption
studies with Eu(Ill) on NRVB in the presence of EDTA further show that the complexing ligand
reduced the extent of sorption at EDTA concentrations > 0.01 M (Telchadder et al. 2012).
However, no effect was observed at an [EDTA]4q of 10~ M. It should be noted that the maximum
EDTA concentration in the near-field porewater of the deep geological repository was estimated
to be 0.025 M for some L/ILW allocated to waste group 2 (Tab. 6-1), which is above the limit of
10 M for waste group 1. In this study, the effect of EDTA on radionuclide sorption was estimated
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based on thermodynamic speciation calculations. Thermodynamic modelling reported by
Hummel et al. (2022) and Ochs et al. (2014) show that EDTA exists nearly exclusively as a
CaEDTA?* complex in CPW, i.e., strongly alkaline conditions and in the presence of Ca
(= 1 mM). Under these conditions, EDTA has an effect on the speciation of only very few cations.
More specifically, EDTA may affect the retention of Ni, Pb and Fe(Ill) by HCP. Recently
performed speciation calculations support this finding and suggest that Fe(IlI) complexation by
EDTA may reduce Fe(Ill) uptake by HCP solely at the highest EDTA concentration level
(Hummel et al. 2022). Therefore, a provisional sorption reduction factor of 50 is assumed for
Fe(Ill) and waste group 2. In NTB 14-08 ( Wieland 2014), a sorption reduction factor of 5 was
assigned to Pb in agreement with the previous cement SDBs. In the case of Ni, it is expected that
the solubility limit may be enhanced in the presence of EDTA. An influence on actinide
complexation (e.g., U, Np, Pu) is only expected if [EDTA]; > [Ca]; under near-neutral pH condi-
tions.

Recent studies carried out by DiBlasi et al. (2021) and DiBlasi et al. (2022) report on the existence
of very stable ternary Ca-An(IlI)-EDTA complexes and/or quaternary Ca-An(III)-OH-EDTA
complexes under highly alkaline conditions (An(III) = Cm(III) and Pu(III)) without being able to
provide stoichiometries and stability constants of these complexes so far. Nevertheless, this work
shows that Ca(Il) may have a very stabilising effect on the speciation in trivalent actinide - EDTA
systems and possibly also on the chemically analogous lanthanide — EDTA and Fe(Ill) - EDTA
systems. The same authors could also show that Ca(Il) strongly stabilises the Pu(IV) — EDTA
system by forming very stable quaternary CaPu(OH):EDTA? complexes characterised by a
log10K® value of ~ 64.9. Felipe-Sotelo et al. (2015) showed that, in the presence of 20 mM Ca,
adding ~ 2 - 10> M EDTA increases the solubility of U(IV) by almost two orders of magnitude.
This observation can only be explained by the formation of ternary Ca-U(IV)-EDTA complexes
as nearly all EDTA is present as Ca-EDTA? under these conditions.

It can be assumed that the chemically analogous tetravalent actinides, Th(IV), Np(IV) and U(1V),
form equally stable quaternary complexes. The formation of such stable complexes can greatly
reduce the sorption of trivalent and tetravalent actinides as well as lanthanides on cement phases
due to the effect of competition between the complexation reactions in solution and the sorption
reactions. In the absence of experimental data on the influence of this competition effect on
sorption Ry values, it is assumed, in a conservative scenario, that the effect of the above complex-
ation reactions on sorption is as large as the effect on the solubility of the trivalent actinides and
lanthanides reported by DiBlasi et al. (2021) and DiBlasi et al. (2022). To this end, solubility
calculations for the Th(IV), U(IV) and Pu(IV) in CPW (Tab. 2-3) were carried out at varying
EDTA concentrations in order to assess the impact on sorption reduction (see App. C; Hummel
et al. 2022).

NTA

According to the MIRAM RBG inventories (Nagra 2023b), L/ILW also contains significant
amounts of NTA. To the best of the authors’ knowledge, no new studies on the complexation of
radionuclides with this complexing agent have been published in recent years. Speciation
calculations and linear free energy correlations show that metal — NTA complexes are generally
much weaker than metal - EDTA complexes. Furthermore, the formation of ternary or quaternary
metal complexes with Ca and NTA, as in the case of EDTA (see previous section), is unlikely
due to the difference in structure: EDTA has six functional groups whereas NTA has only three
functional groups. Based on the work of Hummel (1993) (cited in Wieland 2014) it is assumed
that the effect of NTA on radionuclide sorption is negligible. Therefore, no sorption reduction
factor is attributed to this complexing agent.
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Cyanide

Cyanide (CN") is present in the chemical form of Prussian Blue (Fellls[FelI(CN)s]3), which is
used as a caesium-ion exchanger in decontamination processes for liquid waste. Prussian Blue
readily dissolves in alkaline solution, such as CPW (pH > 12) (Hummel 2004). Free cyanide is
released when hexa-cyanoferrate (Fe(CN)s*) decomposes. However, the compound is expected
to be stable in the dark even under alkaline conditions (pH > 8), which limits the concentration of
free cyanide. High CN" concentrations are only expected in a very limited number of waste types
based on the assumptions that hexacyanoferrate decomposes and that biotic or abiotic
decomposition of free cyanide can be excluded. At the lower CN™ concentration anticipated in
waste group 1 (Tab. 6-1), complex formation with CN has an effect on the speciation of only a
very limited number of radionuclides, i.e., Fe(Il), Ni(Il), and Ag(I). The thermodynamic
calculations published by Hummel (2004) and Hummel (2008) show that CN™ complexation of
Fe(Ill) and Pb(Il) in the alkaline region is weaker (i.e., needs more CN" to reach 90%
complexation) than the complexation of Fe(Il) by CN". Ni(I)-CN complexes are slightly stronger
than Fe(IT)-CN complexes (Hummel 2004). In the case of Ag(I), even traces of CN" will strongly
affect its speciation (Hummel 2004). Therefore, it is considered that CN™ has no effect on
radionuclide uptake except for Fe(Il) and Ni(Il). In the case of Ag(I), complexation by CN" can
be ignored as zero sorption on HCP is assumed (Tab. 7-1).

Nitrate/Nitrite

Various waste package types contain nitrate and nitrites, e.g., ammonium nitrate (NH4NO3),
calcium nitrate (Ca(NOs)2), chromium-II-nitrate (Cr(NO;)s, iron-Il-nitrate (Fe(NOs)2),
potassium nitrate (KNOs3), potassium nitrite (KNO), sodium nitrate (NaNOs) and silver nitrate
(AgNOs3) (Nagra 2023b). It is to be assumed that all these salts are highly soluble and will be
released once the waste gets in contact with water. NO3™ will therefore be available as oxidant to
oxidise other substances (e.g., chemical complexes, metals). Consequently, this may lead to a
higher mobility of some redox-sensitive radionuclides. A concentration limit of 0.05 mol/L is
recommended as the limit to be used to classify waste groups 1 and 2 in Nagra (Nagra 2023a)
(Tab. 6-1).

Complexing ligands formed during the degradation of bitumen and acidic cation-exchange
resins

Gamma irradiation decomposes strong acidic cation-exchange resins, while no evidence for
decomposition was found in the absence of a radiation field. Sulphate and dissolved organic
compounds were found to be the main degradation products, and oxalic acid and an unidentified
ligand were found to be the most strongly complexing ligands formed upon decomposition of the
exchange resin (van Loon & Hummel 1995, van Loon & Hummel 1999a). Nevertheless, both
ligands are expected to have only a minor effect on radionuclide speciation (in particular Ni)
under alkaline near-field conditions due to the limited total concentration of the ligands in the
near-field porewater and due to the formation of strong Ca complexes of both ligands (van Loon
& Hummel 1999a). In previous SDBs, it was assumed that the degradation products from bitumen
and ion-exchange resins have no significant impact on radionuclide uptake by hydrated cement
(e.g., Bradbury & Sarott 1994). This view is currently maintained as there is no evidence to
support the relevance of these products for radionuclide complexation and mobility.
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Polymeric organic matter

Earlier studies show that the effect of high-molecular-weight polymeric organic materials and
their degradation products on radionuclide solubility and sorption is small compared to that of
CDPs (see discussion in Wieland 2014). As no new information is available, it is assumed that an
adverse effect of polymeric organic materials and their degradation products on radionuclide
complexation, and therefore on radionuclide uptake by HCP and radionuclide mobility, can be
ignored.

Concrete admixtures

Concrete admixtures will inevitably play an important role in the production of cement-based
components for the near-field of a deep geological repository. For example, superplasticisers
improve the flow properties of fresh cementitious materials and offer undeniable advantages for
construction. Therefore, the role of SPs and possible degradation products on radionuclide
mobility in the near-field is a matter of concern for the assessment of the safe disposal of
radioactive waste. More specifically, it is important to understand the complexation properties of
concrete admixtures and their degradation products on the solubility of radionuclides and
radionuclide retention by cementitious materials in the near-field. Because of safety concerns, the
fate of concrete admixtures in cementitious environments as well as their impact on radionuclide
solubility and radionuclide sorption have been investigated in the last decade (see references
below). Prioritisation of this topic is further documented in several review and overview reports
that have been published by various waste management organisations (e.g., Baston et al. 2019,
Keith-Roach & Hoglund 2017, NDA 2015).

Several generations of polymeric organic compounds have been developed by the industry in the
last decades for use as superplasticisers (SP). Earlier products comprised GLU-based suspensions,
modified lignosulphonates (LS), vinyl maleic acid copolymers, sulphonated melamine-formal-
dehyde condensates (PMS) and sulphonated naphthalene-formaldehyde (PNS) condensates
(Winnefeld et al. 2007). For the last 30 years, polycarboxylate (PC)-based superplasticisers in
particular have been used to improve the flow properties of fresh cementitious materials, as well
as to add strength and reduce the amount of clinker in the hardened materials (Winnefeld et al.
2007). The most commonly used PC superplasticisers are polycarboxylate ethers (PCE),
polyacrylic or polymaleic polymers with polyethylene glycol (PEG) sidechains and polyaryl
ethers (PAE), which belong to the latest generation of modern SPs. PCE SPs have a characteristic
“comb” shape with a methacrylic-acid-based backbone and polyether side chains (Marchon et al.
2013, Winnefeld et al. 2007). PAE SPs combine the structural features of PNS SPs, i.¢., aromatics
in the backbone, with PEG sidechains (Chernyshev et al. 2018).

The degradation studies and investigations into the desorption of PMS, PNS and PC super-
plasticiser from HCP indicate that i) PNS SPs are chemically more stable in strongly alkaline
solution (pH 14) than PMS SPs (Yilmaz et al. 1993), ii)) PMS, PNS and PC SPs can be leached
from HCP by wash-out processes in conditions corresponding to cement degradation by water
(Mérkl et al. 2017, Mérkl & Stephan 2016), and iii) more than 90% of PCE SPs were found to
remain on the paste and only 10% of SPs were quantified in pore solution squeezed from HCP
(Fujita et al. 2008). Fujita and co-workers further showed that organic matter released to pore
solution has a different chemical configuration compared to the original SP indicating that the
organic residuals of low molecular weight have been desorbed during squeezing. Nevertheless,
while the organic residuals have not been identified yet, it is very likely that they mainly consist
of low-molecular-weight carboxylic acids or impurities or unreacted starting materials. It should
be noted that the identification and quantification of SPs and their degradation products in cement
leachates is difficult because concrete additives are usually introduced at low concentrations in
materials (Guérandel et al. 2011). Keith-Roach & Hoglund (2017) concluded in their review that
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the long-term leaching of superplasticisers that bind to the cement during hydration is limited and
expected to occur slowly although a significant portion of the initially added SPs remains in the
CPW during hydration.

Recently, Chernyshev et al. (2018) showed that the decomposition of PAE SPs, which are under
consideration for use as admixture for the concrete in the Swedish disposal concept, can be
modelled in terms of first-order kinetics. Degradation occurs quite rapidly (half-life of degrada-
tion reaction ~ 290 days) compared to the time period under consideration for a deep geological
repository for radioactive waste (typically > 10° years). The rate-limiting step of the degradation
process involves the decomposition of charged organophosphate groups (phosphate ester dianion)
into phosphate. This finding suggests that, using PAE as admixture, phosphate could be available
as complexing ligand for radionuclides in the near-field in the long term.

Several experimental studies have investigated the effect of SPs on radionuclide solubility and
sorption (Baston et al. 2019, Frohlich et al. 2017, Frohlich & Panak 2018, Garcia et al. 2018a,
Isaacs et al. 2018, Kitamura et al. 2013, NDA 2015, Young et al. 2013). In addition,
Garcia et al. 2018b carried out a modelling study to assess the effect of potential degradation
products of PMS and PNS SPs on the solubility of Ni, Eu and U. In their study, Garcia and co-
workers assumed the formation of small low-molecular-weight organic and inorganic compounds
as proxy products from the degradation of PCE SPs, such as aliphatic compounds (e.g., acetate,
urea), aromatic compounds (e.g., phthalate and phenol) and inorganic compounds, as they had
previously been identified during hydrothermal degradation of PNS SPs or the biodegradation of
lignin, naphthalene or melamine. Thermodynamic modelling showed that the presence of these
proxy degradation products in alkaline conditions has no effect on the speciation of Ni(II), Eu(III)
and U(VI) up to ligand concentrations of 10> M (Garcia et al. 2018b). Nevertheless, an impact of
the aqueous chemistry of the above radionuclides was predicted below pH 10 in the case of
phthalate and acetate. This finding is further consistent with experimental investigations on Ni
solubility in the presence of Glenium® 27, a PCE-type SP (Garcia et al. 2018a). It was observed
that the SP is mainly sorbed by the solid materials and only a small proportion is released to
solution. Due to the overall low content of SP used in concrete formulations, the SP concentration
in leachate is expected to be too low to exert any effect on radionuclide mobilisation.

This conclusion agrees with results reported by Isaacs et al. (2018) and Young et al. (2013).
Young and co-workers determined the effect of the comb-type PCE SP ADVA Cast 551 on the
uptake of two cement formulations (a BFS:OPC =9:1 mix and a PFA:OPC = 3:1 mix, BFS: blast
furnace slag, OPC: ordinary Portland cement, PFA: pulverised fly ash). Uptake of Ni and Eu by
both cement formulations was not affected by the presence of the SP in the HCP, indicating that
the concentration of the SP in pore solution is negligibly small and has no effect on radionuclide
complexation. Furthermore, sorbed SP is not effective at blocking metal binding sites on the
cement phases. Isaacs et al. (2018) carried out an experimental study on the effect of commercial
and synthesised PCE SPs on the solubility of Ni(Il), Am(III), Pu(IV) and U(VI). A more detailed
presentation of the experimental data from this study has been published in an NDA report (NDA
2015). The authors found that the commercial products had a much greater effect on solubility
than the adjuncts and bespoke, synthesised SPs and attributed this effect on the solubility to small
molecules in the commercial products, primarily residual monomers present due to incomplete
polymerisation. Furthermore, solubility enhancement was found to be negligibly small when the
commercial SPs were present at concentrations anticipated in CPW.,

The conclusions presented by Isaacs et al. (2018) were further substantiated by Kitamura et al.
(2013). These authors observed no difference in Th(IV) and Am(III) solubilities in CPW squeezed
from HCP that had been prepared with and without PCE-type SP. Similarly, Frohlich et al. (2017)
reported on the effect of Glenium® 517, another PCE-type SP, on Eu speciation in the neutral pH
range. An effect was only observed at high SP dosages. Baston et al. (2019) investigated the
stability of PCE SPs under conditions relevant to the UK concept of a deep geological repository
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for high-level waste. For this purpose, the degradation process of SPs was investigated in alkaline
solution and as a function of temperature and radiation. Furthermore, the sorption of SPs on a
BFS/OPC mix and NRVB was measured with the aim of quantifying and understanding the
partitioning between the solid and liquid phases. Pu(IV) solubility measurements were carried out
to assess previous results of reported solubility increases due to the presence of SPs. An increase
in Pu solubility was observed only at high dosage of the SP due to association of Pu with a high-
molecular-weight fraction. However, it was further shown that this fraction is also preferentially
sorbed onto cement phases, which mitigates the potential effect of PCE SPs on increasing Pu
mobility. The PCE SP was found to be strongly bound to cement phases which limits its
remobilisation to solution. Furthermore, the presence of sorbed SP had only little effect on Pu
sorption, indicating that sorbed SP does not lead to substantial desorption of Pu from HCP.
Leaching experiments with Pu-doped granules of grouted waste simulants revealed no measurable
differences in Pu releases from samples with or without PCE SP. The radiolytic studies with the
PCE SP show that radiolysis could reduce the impact of the SP by increasing Pu mobility. The
overall conclusion from the comprehensive study on the role of PCE SP is that the use of PCE
SPs is unlikely to significantly increase the mobility of Pu in conditions relevant to a deep
geological repository.

In a series of spectroscopic investigations using luminescence and synchrotron-based techniques,
Frohlich and co-workers investigated the coordination of Eu(Ill) and Cm(IIl) to PCE SP,
backbone components of SPs (e.g., methacrylate) and model compounds for organic additives
based on PC SPs (Frohlich et al. 2019, Frohlich et al. 2017, Frohlich & Panak 2018, 2019,
Frohlich et al. 2016). The spectroscopic studies with Eu(I1l), Gd(IIT) and Tb(III) in solutions (pH
~4,1=0.1 mol/kg) containing Glenium® 51 at a concentration of 1 g/kg showed a non-chelate
coordination of the trivalent metals through approximately three carbon atoms in the second
coordination sphere (Frohlich et al. 2017). A complementary study with the same lanthanides in
a solution containing a synthetic acrylate-based PCE SP corroborated this finding (Fréhlich et al.
2019). The results from the two studies suggest that carboxylic groups of the polycarboxylate
comb polymer are bound predominantly in a bidentate end-on fashion to the metal cations. In
addition, Frohlich & Panak (2019) studied the complexation of Eu(Ill) and Cm(IIl) with
polyacrylate as a model compound for the complex polycarboxylate backbone of SPs. The results
indicate that, also in the case of polyacrylate, one metal cation is coordinated to three carboxylic
groups of the polymer in line with charge neutralisation. The thermodynamic constants for Eu(III)
and Cm(III) coordination to polyacrylate were found to be at the lower end of the reported data
for various polycarboxylic ligands. However, they are also in the range of constants expected for
macromolecular carboxylic ligands that do not form chelate complexes (Frohlich & Panak 2019).
This finding suggests that an increased stability of metal-PC complexes due to chelate formation
is unlikely, thus limiting modes of coordination to those with carboxylate groups of PC.

Frohlich & Panak (2018) published a thermodynamic and spectroscopic study on the complex
formation between Cm(III) and methacrylate (Meth), a potential degradation product of PC SPs
that is typically synthesised using either acrylic or methacrylic acids. The formation of
[Cm(Meth)*"] was found to dominate at a pH of ~ 4 below a ligand concentration of 0.02 g/kg,
while the formation of [Cm(Meth),"] was only observed above this threshold concentration. The
results from this study support earlier findings that coordination to methacrylate occurs via singly
charged carboxylate groups. In another study, Frohlich et al. (2016) explored the Cm(III)
coordination to succinate, a dicarboxylic acid commonly used as model compound for humic
substances and other natural organic matter, using luminescence spectroscopy and quantum
chemical modelling. Interestingly, the stability constants suggest a binding mechanism with both
carboxylic functions, which was supported by quantum-chemical calculations. Thus, in the case
of succinate, the formation of a seven-membered chelate ring seems to be the favoured
conformation, which may substantially increase the stability of metal-ligand complexes. Never-
theless, it is presently uncertain to what extent succinate is an appropriate surrogate for PC SPs.
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Note that these studies were carried out under weakly acidic conditions and their conclusions
therefore say little about the influence of SP under the highly alkaline conditions that prevail in a
cementitious repository.

In summary, the structural investigations show that metal binding occurs via carboxylic groups
to PCE SPs, mostly in a mono- or bidentate fashion, while the formation of a chelate ring is not
indicated. This suggests the formation of relatively weak metal-ligand complexes, which are
comparable in thermodynamic stability to the complexation of metal cations to small carboxylic
acids, such as formic and acetic acids. Previous thermodynamic calculations show that the
complexation capacity of small carboxylic acids, taken as proxies for the degradation products of
PCE SPs and spent ion exchange-resins, towards metal cations (e.g., Ni, Eu, U) is almost
negligible under alkaline conditions (Garcia et al. 2018b, Hummel 2008, Hummel & van Loon
1999).

According to current knowledge, the application of modern concrete admixtures such as PNS,
PMS, and PC SPs, in typical dosage (a few wt.% relative to cement) during concrete production
leads to low concentrations of the polymeric and low-molecular-weight organic ligands in the
near-field porewater due to the strong interaction of the concrete admixtures with HCP under the
relevant repository conditions (e.g., HCP-to-porewater ratio of ~ 2 kg/L) (Wieland et al. 2014).
Furthermore, in the case of PC SPs and their possible degradation products, the new literature
shows that complexation of the radionuclides occurs via the carboxylic groups of these
compounds, resulting in weak metal-ligand complexes that hardly exist in the alkaline pH range
due to the formation of hydrolysis products. The earlier assessment in NTB 14-08 (Wieland 2014)
that SPs have only a negligibly small effect on radionuclide retention in the cementitious near-
field is retained and, with the exception of gluconic acid, sorption reduction by concrete
admixtures is not taken into account in this study.

6.3 Sorption reduction factors associated with complexing agents

Sorption reduction factors have been assigned to waste group 1 (Tab. 7-4) and waste group 2
(Tab. 7-5) based on the concentration limits defined in Nagra (2023a) for the three different stages
of cement degradation. They are estimated based on the concentration limits given in Tab. 6-1 for
waste groups 1 and 2 (e.g., concentration limit in the case of ISA: 10* M to distinguish between
waste group 1 and waste group 2). Sorption reduction is assessed with a view to currently
available information on the impact of complexing ligands on solubility and sorption of the
respective radionuclides (see Section 4.2). For strongly complexing ligands, the combined effect
of all complexing ligands on the Rq4 values can be approximated as the sum of the reduction factors
of each single complexing agent (see A.2, Eq. A-17).

6.3.1 Sorption reduction due to the presence of ISA

Ca, Al, Ni, Fe, Pb

Complexation of Ca(Il) by ISA has been investigated extensively in the past (Dudas et al. 2017,
Rai et al. 2003, Rai et al. 1998, van Loon et al. 1999, 2004, Vercammen et al. 1999). CalSA*(aq)
and CalSA_ n(aq) are considered to be the main complexes formed. The latter species dominates
under alkaline conditions and involves deprotonation of an alcohol group. The Ca inventory in
the near-field is dominated by stable Ca associated mainly with cement phases. The inventory of
#Ca is comparatively low, and isotopic exchange between *'Ca and stable Ca is the uptake
mechanism. Isotopic dilution of stable Ca and radiocalcium implies that the concentration of the
aqueous ISA complexes with */Ca is extremely low. No significant sorption reduction is
anticipated at an [ISA]aqq < 6.8 - 10 M as a result of the formation of Ca-ISA complexes. Thus,
no effect on *'Ca sorption has been assigned (Tab. 6-2).
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In addition, the influence of ISA on the uptake of other earth alkaline metals (e.g., Sr, Ba, Ra) and
transition metals (e,g., Ni, Co) is also considered to be negligibly small in the concentration range
of interest (Wieland 2014 and references therein). This conclusion is in line with solubility studies
in the presence of ISA, such as in the case of Ni (Gonzalez-Siso et al. 2017). To the best of the
authors’ knowledge, no thermodynamic data for AlI-ISA complexes have been reported. Thus, a
negligible effect on sorption is also assumed in the case of Al.

Rai et al. (2012) published thermodynamic data of the Fe(Ill)-ISA complex formation. The
solubility of Fe(OH)s(s) was studied in the presence of ISA in the pH range from 2 to 14.
Formation of Fe(III)-ISA complexes was observed at pH < 12, which significantly increased the
Fe(OH);(s) solubility at an [ISA].q of 10 M, while no measurable effect within the experimental
uncertainty was reported above pH 12. The thermodynamic calculations of Rai and co-workers
further show that competition of Fe(Ill) with tetravalent cations for ISA does not significantly
affect the solubilities of tetravalent hydrous oxides (e.g., Th and Np(IV)) in ISA solutions. This
finding suggests that ISA forms stronger complexes with tetravalent actinides compared to
Fe(IIl). Therefore, sorption reduction of Fe(Ill) by ISA is accounted for at the highest ISA
concentration (8.6 - 10* M in waste group 2) and in DS-III (factor of 10 sorption reduction)
(Tab. 6-2).

Complexation of Ni and Pb by a hitherto unknown, readily soluble organic ligand in wood and
paper was considered in previous SDBs (Bradbury & Sarott 1994, Bradbury & van Loon 1997).
The effect of this presently still unknown ligand on Ni and Pb uptake by HCP is taken into account
and combined with the effect of EDTA in the sorption reduction factors listed in Tab. 7-4.

Ti, Zr, Sn

The influence of ISA on the uptake of Zr(IV), Sn(IV) and Ti(IV) is expected to be weak due to
the limited thermodynamic stability of the ISA complexes. This conclusion is supported by
solubility studies in the case of Zr (Kobayashi et al. 2017). A possible effect of ISA on Zr(IV)
uptake by HCP is considered at the highest ISA concentration (8.6 - 10* M in waste group 2)
(factor of 10 sorption reduction). Sorption reduction factors for Sn(IV) and Ti(IV) have been
assigned on the basis of chemical analogy with Zr(IV) (Tab. 6-2).

Lanthanides and trivalent actinides

The sorption reduction factors previously proposed in NTB 14-08 (Wieland 2014) are retained as
no new information is currently available that would require a re-appraisal of the ISA effect on
the sorption by HCP. The factors given in NTB 14-08 were selected on the basis of in-house
sorption studies with Eu(III) on HCP. Hence, based on chemical analogy, the same sorption
reduction factors have been assigned to Ho(IIl), Ac(Ill), Am(III), Cm(III), Pu(Ill) and CA(III)
(Tab. 6-2).

Penta- and hexavalent actinides

The appraisal documented in NTB 14-08 (Wieland 2014) further shows that a reduction of U(VI)
uptake by HCP due to the presence of aqueous ISA at concentrations < 10~ M is negligibly small.
Therefore, no sorption reduction was considered for waste group 1 in any stages of cement
degradation in NTB 14-08. The solubility studies with U(VI) in the presence of ISA reported by
Kobayashi et al. (2019) indicate that U(VI)-ISA complexes could dominate at a pH < 11. Hence,
a cautious approach is taken by assigning a sorption reduction factor of 10 to all penta- and
hexavalent actinides in waste group 1 ([ISA]aq < 10* M) in DS-III (Tab. 6-2, Tab. 7-4).
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Sorption reduction is likely to occur at the enhanced ISA concentrations relevant to waste group 2
([ISAJaqg = 10* - 8.6 - 10"* M). For this reason, a sorption reduction factor of 10 was proposed in
NTB 14-08 in DS-I and DS-II. This appraisal of the ISA effect is consistent with results obtained
from the solubility studies with U(VI) by Kobayashi et al. (2019). Currently available information
suggests that the complexes formed between penta- and hexavalent actinides by ISA are weaker
than those with tetravalent actinides. The sorption reduction factors previously derived in
NTB 14-08 are retained. A reduction in sorption by a factor of 10 is considered for waste group 2
at the highest ISA concentration (Tab. 6-2) in DS-I and DS-II. For the sake of consistency with
the previous assessment for waste group 1, sorption reduction is increased to 100 for DS-III.

Tetravalent actinides

The studies of Tasi et al. (2018b) and Tasi et al. (2021) allow us to re-assess the sorption reduction
factor proposed earlier for the tetravalent actinides in NTB 14-08 (Wieland 2014). The latter
values were derived from in-house sorption studies with Th(IV) on HCP. Tasi et al. (2018b)
observed an effect of ISA on the solubility of PuO»(ncr,hyd) at pH 12 in the presence of an [ISA ]
of 10* M and a [Ca]wt of 102 M compared to a system in the absence of Ca. The formation of
quaternary Ca-Pu-ISA-OH complexes was shown to enhance the solubility of PuOa(ncr,hyd) at
pH 12. Under these conditions, which are representative of DS-II, the solubility is enhanced by
about an order of magnitude. However, the increase in solubility is negligible at pH 12 in the
presence of an [ISAlw: of 10* M and an [Caliw: of 102 M, which corresponds to the Ca
concentration relevant to DS I (pH 13.3, [Ca]wt & 10 M). It should be noted that the in-house
sorption studies performed with Th(IV) to derive sorption reduction factors in NTB 14-08
(Wieland 2014) were conducted under conditions representative of DS I, i.e., [Ca]wt = 107 M.
Although a direct transfer of the observations made in the solubility studies for assessment of
sorption processes is subject to great uncertainties for the reasons mentioned above (competition
effects, formation of ternary surface complexes), the formation of quaternary Ca-Pu-ISA-OH
complexes could lead to an increased sorption reduction in DS-II. As a consequence of the
observed effect of Ca on Pu(IV)-ISA complexation and as a result of a cautious approach to the
development of the cement SDB, the previously reported sorption reduction factors for tetravalent
actinides in the different stages of cement degradation are revised as follows (Tab. 6-2):

Waste group 1 ([ISA]aq < 10 M):

e Stage I (pH 13.1, [CaJw = 107 M): 1

e Stage Il (pH 12.5, [Ca]it = 2 - 102 M): 10

o Stage Il (pH 9.9, [Cauoe = 7 - 102 M): 10
Waste group 2 ([ISA]aq =10 - 8.6 - 10* M):

e Stage I (pH 13.1, [Ca]w = 107 M): 100

e Stage I (pH 12.5, [Caje = 2 - 102 M): 1,000
e Stage Il (pH 9.9, [Calw = 7 102 M): 1,000

6.3.2 Sorption reduction due to the presence of GLU

Sorption reduction factors due to the presence of GLU were assigned in NTB 14-08 (Wieland
2014) under the assumption that the thermodynamic constants of radionuclide-GLU complexation
are about one order of magnitude larger compared to radionuclide-ISA complexation and that the
average and maximum concentrations of GLU in the near-field are about one order of magnitude
lower. No influence of GLU is expected at a [GLUJ,q < 5.1 - 10°® M), which is the maximum GLU
concentration estimated for both waste groups.
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Tab. 6-2:  Recommended sorption reduction factors in the presence of ISA and GLU

Metal cation ISA* GLU
<10*M 10*M - 8.6:10* M <51-10°M
Ca(1I), AI(IIT), Ni(IT), Pb(II) | | |
Fe(II) | 10 |
Zr(IV), Sn(IV), Ti(IV) | 10 |
Ho(III) | 10 |
Ac(I1I), Am(IIT), Cm(IIT), Pu(II) | 10 |
Pa(IV), Th(IV), U(IV), Np(IV), Pu(IV) 1/10/10 100/1,000/1,000 1
Pa(V), Np(V), Pu(V) 1/1/10 10/10/100 1
0A%)) 1/1/10 10/10/100 1
CA(1IN) | 10 |

First number assigned to DS- I, second number to DS-II and third number assigned to DS-III

6.3.3 Sorption reduction due to the presence of EDTA

All EDTA-containing L/ILW has been assigned to waste group 2 (Nagra 2023a). In NTB 14-08
(Wieland 2014), sorption reduction factors were assigned to some radionuclides under conditions
anticipated in waste group 2: a factor 5 reduction in sorption for Fe(Il), Pb and Ni due to the
presence of EDTA, and a factor 50 reduction in sorption for Fe(III). The formation of Ca-EDTA
complexes dominates Ca speciation in the alkaline pH range of a cement-type porewater (Hummel
et al. 2022). The Ca inventory of the near-field is dominated by stable Ca associated mainly with
cement phases. The inventory of *!Ca is comparatively low suggesting that the concentration of
#1Ca-EDTA complexes is much lower than the concentration of Ca-EDTA. A cautious approach
is taken by assigning *!Ca a reduction in sorption by a factor of 10 at the highest EDTA
concentration in waste group 2.

Given the new data available in the literature on the formation of apparently very stable ternary
and quaternary Ca-An(III/IV)-OH-EDTA complexes under CPW conditions, the sorption
reduction factors due to the presence of EDTA for trivalent and tetravalent actinides were re-
evaluated. Hummel et al. (2022) calculated solubility limits for a series of 27 elements in a
concrete porewater representative of DS-II using the PSI Chemical TDB 2020 (Hummel &
Thoenen 2023) with the latest version of GEM software (GEMS, https://gems.web.psi.ch/). In the
same report, the authors also modelled the influence of 0.05 M EDTA on the speciation and
solubility of a selected subset of elements (Am, Fe, Hg, Ni, Np, Pb, Pu and U) for suboxic and
reducing conditions. Note that 0.05 M EDTA is twice the maximum EDTA concentration
indicated in Tab. 6-1. The effects were represented in terms of “solubility enhancement factors,
“Fenn”. For the present cement SDB, “EDTA solubility enhancement factors” were recalculated
for an EDTA concentration of 0.025 M and under the chemical conditions representative of a DS-
II porewater (see Appendix C). The results are summarised in Tab. 6-3. The enhancement factors
clearly show that 0.025 M EDTA in the presence of Ca could strongly increase the solubilities of
the tetravalent actinides. The experimentally observed effects of EDTA on the solubilities of
trivalent actinides could not be taken into account, as stability constants for ternary and quaternary
An(IIT)-EDTA complexes with Ca and OH are not yet available. The effect of the formation of
the quaternary Ca-An(III/IV)-OH-EDTA complexes on An(III/IV) sorption have not yet been
investigated experimentally. By taking a cautious approach, sorption reduction factors for EDTA
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complexation with tetravalent actinides in all three stages of cement degradation have been
estimated based on the solubility enhancement factors listed in Tab. 6-3. The sorption reduction
factors assigned to EDTA are listed in Tab. 6-4 (values were rounded up to the nearest 5, 10 or
100 values; values > 1,000 are rounded to the thousand value). The effect of the quaternary
Ca-EDTA-OH-An(IV) complexes on R4 values for Th(IV) and Pa(IV) was assumed to be
identical to that of the Rq value for Np(IV); i.e., the reduction factor for Th(IV) and Pa(IV) was
set to 1,000 (Tab. 6-4).

Although they could not yet report stability constants, the work of DiBlasi et al. (2021) and
DiBlasi et al. (2022) convincingly shows that EDTA complexes with trivalent actinides are also
strongly stabilised by the presence of Ca under alkaline conditions. Therefore, by taking a
cautious approach, we also assign a reduction factor equal to 1,000 (i.e., the lowest Fq value
assigned to the tetravalent actinides) to the trivalent actinides due to complexation with EDTA in
the presence of Ca (Tab. 6-4 and Tab. 7-5).

Tab. 6-3:  Summary of solubilities without and with 0.025 M EDTA for selected elements in
CPW expected in DS-1I
Hummel et al. (2022)
Reducing conditions
No EDTA With EDTA Fenn
[mol/kg H,O] [mol/kg H,O]
Am 5.20 - 1010 5.26 - 1010 1.01
Fe 2.60 - 10 2.63-10°8 1.02
Ni 5.70 - 107 4.10- 107 7.00
Np 9.70 - 10°1° 1.00 - 10° 811.0
Pu 2.40 - 10712 2.33.10°% 7,800
U 4.40 - 10° 1.60-10* 31,900
Tab. 6-4:  Recommended sorption reduction factors in the presence of EDTA, CN- and

NO;/NOy

Metal cation EDTA* CN- NO3;/NOy
<10°M 10°-0.025M | <10°M | 10°-0.18M | <0.05M | 0.04-0.48 M

Ca(Il) 1 10 1 1 1 1
Fe(IID) 1 50 1 1 1 1
Pb(II) 1 5 1 1 1 1
Fe(II) 1 5 1 100 1 1
Ni(Il) 1 5 1 10 1 1
Ag(l) 1 1 1 1 1 1
Hg(l) 1 1 1 1 1 1
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Tab. 6-4:  Cont.

Metal cation EDTA* CN- NO3/NOy
<10°M 10°-0.025M | <10°M | 10°-0.18M | <0.05M | 0.04-0.48 M

uav) 10 32,000 1 1 1 1

Np(IV) 1 1,000 1 1 1 1

Pu(IV) 5 8,000 1 1 1 1

Th(IV) 1 1,000 1 1 1 1

Ho, Ac, Am, Cm, Cf 1 1,000 1 1 1 1

*

It should be noted that all EDTA-containing L/ILW will be assigned to waste group 2.

6.3.4 Sorption reduction by minor complexing ligands

Cyanide (CN") is an additional complexing agent present in some waste forms (Tab. 6-1). The
presence of CN™ may affect Ni(Il) and Fe(I) uptake by HCP. A slight sorption reduction is
expected in the case of Ni, while the formation of strong complexes with CN” was observed in the
case of Fe(Il). Accordingly, a sorption reduction factor of 10 has been assigned to Ni(II) and a
reduction factor of 100 to Fe(Il) in waste group 2 where high CN" concentrations are expected.

Complexation of Ni and Pb by a hitherto unknown, readily soluble organic ligand in wood and
paper has been considered in previous SDBs (Bradbury & Sarott 1994, Bradbury & van Loon
1997). The potential effect of this presently still unknown ligand on Ni and Pb uptake by HCP is
retained and combined with the effect of EDTA in the sorption reduction factor listed in Tab. 7-5.

6.4 Sorption competition

An appraisal of sorption competition has been based on the assumption that HCP present in the
cementitious near-field is the main source of impurity elements (“base case”), with the exception
of a few elements whose content in cement is not known. This approach has been undertaken as
the partitioning of the impurity elements between HCP and porewater determines the maximum
loading of most elements on cement phases, in particular C-S-H phases. In order to undertake the
appraisal by considering all elements present in the near-field, the maximum concentrations in
the porewater were determined by means of solubility limits for those impurity elements for which
the content in HCP is not known. It should be noted that this approach adds a lot of conservatism
to the appraisal and increases the safety margin of the conclusions. The maximum concentrations
were estimated in terms of the solubility limitation of the element of interest in alkaline CPW.
The approach implies that 1) the inventory of an element controlled by solubility is sufficiently
large in the near-field in order to justify the notion of a solubility-limited concentration in the
porewater, and ii) a solid phase precipitates above the threshold concentration, which limits the
loading of the element of interest on C-S-H phases.

To place the effect of sorption competition in a broader framework, reference is made to the
sorption competition effects in clay systems (OPA and MX-80 bentonite) (Bradbury et al. 2017).
These authors found that competition effects mainly play a role for metals with similar chemical
properties (valence state, hydrolysis behaviour). The authors distinguished three different groups
of metals: divalent transition metals, trivalent lanthanides and actinides, and tetravalent metal
ions. Competition was found to take place between members of the same group but was non-
existent between members of different groups. The influence of these competitive sorption
processes on the Ry values selected in the databases was modelled using the thermodynamic
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“2SPNE SC/CE” sorption model, which takes into account both surface complexation and cation
exchange processes of the metal ions on the clay surfaces and assumes “maximum limit”
concentrations for the most important radionuclides in the bentonite backfill of a deep geological
repository for HLW/SF. In the clay systems, reduction factors were found to vary between 30 and
100 in the case of the divalent transition metals, between a factor 20 and a factor 80 in the case of
the trivalent lanthanides and actinides, and by approximately a factor of 10 in the case of the
tetravalent metal ions.

The current, simplified assessment of sorption competition in the cementitious near-field is thus
less detailed. In particular, it cannot account for the competitive effects of specific groups of metal
cations. The assessment of sorption competition for the cementitious systems especially accounts
for the possibility of a sorption competition between dose-relevant radionuclides and Fe(ILIII). It
should be noted that aqueous Fe(ILIII) species are present in the near-field as a result of iron/steel
corrosion. In particular, Fe(Ill) at maximum loadings may occupy a significant portion of the
interlayer sites or surface sites, respectively. The maximum loading, however, depends on the
Fe(IIT) concentration expected in the porewater of the cementitious near-field. It should be noted
that the latter concentration was estimated to be much higher on the basis of laboratory studies
than compared to the estimated solubility limits under near-field conditions. In addition to the
corrosion products, the presence of stable isotopes may also contribute to sorption competition
and reduce the uptake of the dose-relevant radionuclides.

The overall assessment of sorption competition for a cement-based near-field suggests that, on
the basis of very conservative assumptions, i.e., high solubility of Fe(ILIII) and the simultaneous
presence of all solubility-limited radionuclides in the near-field, sorption competition with
Fe(ILIID) (corrosion products) and other stable isotopes present in the near-field can occupy a
large portion of the sorption capacity of C-S-H phases. It is anticipated that, in a more realistic
scenario, Fe(ILIII) solubility is much lower under the conditions representative of the cementi-
tious near-field due to control by Fe-bearing cement minerals instead of Fe-hydroxides. Further-
more, the simultaneous presence of all radionuclides at maximum concentrations is unlikely, as
radionuclide release is most likely a time-dependent process related to the degradation of waste
materials. A detailed assessment of sorption competition can be found in Appendix B.

For the above reasons, no sorption reduction (sorption reduction factor = 1) has been assigned in
relation to sorption competition for the realistic base case (“real”) (Tab. 7-6). An arbitrarily
chosen sorption reduction factor of 10 is recommended for use in worst-case scenarios (“pess”).
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7 Compilation of sorption values and sorption reduction
factors

Tab. 7-1:  Sorption values for unperturbed HCP (m?*/kg) in cement degradation stages I — III
under oxidising (oxid.) and reducing (red.) conditions

Element Region of cement degradation”
Stage I Stage 11 Stage 111

Oxid. Red. Oxid. Red. Oxid. Red. fe ™
Ca™ 0.32 0.32 5.8 - 107 5.8-102 102 102 1.4
A" 2.5 2.5 0.1 0.1 45 45 1.4/3.3
Sit* 5.2 52 0.2 0.2 1.5 1.5 1.4
Cs 5-10% 5104 103 107 5-104 5-10% 33
Sr 10! 107! 102 102 10° 103 1.4
Ra 5-1071 51071 5-10? 5107 10 107! 1.4
4COoz> 0.46 0.46 1.6 1.6 2.0 2.0 1.4
Organics 107 107 0 0 0 0 3.3
Cl 103 107 10+ 10+ 10+ 10+ 33
I 103 107 10+ 10+ 10+ 10+ 33
Se™ 102 1021073 102 310104 0 2.5- 1010+ 1.4/3.3
Mo 1.5-1072 1.5-102 2.5-1072 2.5-102 2102 2107 1.4
Te 103 1 10+ 1 10+ 1 1.4/3.3
Fe 100 5-1072 100 5-1072 100 5-1072 1.4/3.3
Ni** 0.41 0.41 0.41 0.41 0.41 0.41 1.4
Ti 10 10 10 10 10 10 33
Zr 10 10 10 10 10 10 33
Nb 1 1 1 1 1 1 1.4
Ag 0 10+ 0 10+ 0 10+ 33
Hg 0 10+ 0 10+ 0 10+ 33
Sn 10 10 20 20 20 20 33
Pb 5-1071 51071 3 3 30 30 1.4/3.3
Po 0 0 0 0 0 0
Ho 100 100 100 100 100 100 3.3
Ac 100 100 100 100 100 100 33
Th 100 100 100 100 100 100 33
Pa™"* 50 100 50 100 100 100 33
U 2 100 20 100 100 100 1.4/3.3
Np™™** 50 100 50 100 100 100 33
Pu™* 2 100 20 100 100 100 1.4/3.3
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Tab. 7-1:  Cont.
Element Region of cement degradation”
Stage I Stage 11 Stage I11
Oxid. Red. Oxid. Red. Oxid. Red. fe ™
Am 100 100 100 100 100 100 33
Cm 100 100 100 100 100 100 33
Cf 100 100 100 100 100 100 3.3
* Definitions of the regions of the cement degradation are given elsewhere (Kosakowski et al. 2023).

" Experimental uncertainty factors as derived in NTB 14-08 (Wieland 2014) are as follows: fg = 3.3 for

Ry < 103 m3/kg and > 10 m’/kg, fe = 1.4 for Rq ranging between 10 m3/kg and 10 m3/kg.
**  Ra value estimated based on isotopic exchange (see also NTB 14-08).

****  Sorption values estimated on the basis of Se(VI), Np(V), Pa(V) and Pu(VI) under oxidising conditions and on
the basis of Se(IV), Np(IV), Pa(IV) and Pu(IV) under reducing conditions. In addition, sorption values are
estimated for Se(-II) (strongly reducing conditions). Uptake of Np(III) and Pu(III) by HCP is treated in analogy

to that of trivalent actinides, e.g., Am(III).
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Tab. 7-2:  Lower and upper limits of the sorption values (m*kg) for cement degradation
stages | — III (lower and upper limits as reported by Wang et al. 2012 and
Ochs et al. 2011 except where indicated)

Element Region of cement degradation”
Stage I Stage 11 Stage I11

Oxid. Red. Oxid. Red. Oxid. Red.
Ca™ 10°1/2 10°1/2 1022 - 10! 1022 - 10! 1032 -10% | 103/2-10?
Al™ 10°1/2 10°1/2 1/10 1/10 10/100 10/100
Si** 1/10 1/10 1/20 1/20 5-10/5 51075
Cs™"™* 1041072 104107 104/5 - 102 104/5 - 102 10410 104/107!
Sre 3-10%3-107" | 3-10%3 10" 5-1073/107" 5-1073/10" 5-10%102 | 5-10%102
Ra™* 10°/1 10711 1073/1 10°3/1 104/10°! 10410
HCos>™ 102/10! 10%/10°! 3-10/3 310173 5-101/10 3-10Y10
Organics™ 0/1073 0/1073 n.a. n.a. n.a. n.a.
cr 1041072 104107 10-%/1073 10-%/1073 0/10* 0/104
- 1041072 104107 10-%/1073 10-%/1073 0/10* 0/104
Se™ 103/2 - 102 103/3 1045 - 107 1041072 n.a. 0/102
Mo™ 10%/3 10%/3 1041072 1041072 104/1072 1041072
Tc™ 0/1073 6 - 1020 0/1073 610220 n.a. 610220
Fe™ 10/700 101 10/700 101 10/700 1041
Ni** 1041 101 1041 101 101 1041
Ti*™ 10°1/100 107/100 10°1/100 10°1/100 1/1,000 1/1,000
Ze™ 10°1/100 107/100 10°1/100 10°1/100 1/1,000 1/1,000
Nb*™* 1/1,000 1/1,000 1/1,000 1/1,000 1/1,000 1/1,000
Ag" n.a. 0/10* n.a. 0/10* n.a. 0/104
Hg™ n.a. 0/10* n.a. 0/10* n.a. 0/104
Sn* 10/200 10/200 10/200 10/200 3104100 | 3-10%100
Pb*™* 10°/1 1011 1/10 1/10 1/100 1/100
Po™* 0/100 0/10* 0/100 0/10* 0/100 0/104
Ho™ 101/5,000 1071/5,000 1/5,000 1/5,000 3/5,000 3/5,000
Ac™ 10°1/5,000 101/5,000 1/5,000 1/5,000 3/5,000 3/5,000
Th*** 1/1,000 1/1,000 1/1,000 1/1,000 1/1,000 1/1,000
Pa* 4-1010 1/1,000 3/300 1/1,000 1/1,000 1/1,000
U™ 410710 1/1,000 3/300 1/1,000 1/1,000 1/1,000
Np*™* 410710 1/1,000 3/300 1/1,000 1/1,000 1/1,000
Pu™* 4-1010 1/1,000 3/300 1/1,000 1/1,000 1/1,000
Am™* 101/5,000 101/5,000 1/5,000 1/5,000 3/5,000 3/5,000
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Tab. 7-2:  Cont.

Element Region of cement degradation”
Stage I Stage 11 Stage II1
Oxid. Red. Oxid. Red. Oxid. Red.
Cm™ 101/5,000 1071/5,000 1/5,000 1/5,000 3/5,000 3/5,000
cf” 101/5,000 1071/5,000 1/5,000 1/5,000 3/5,000 3/5,000

* See Tab. 7-1. Presentation of the data: lower limit/upper limit; limits are only given for those oxidations states of
radionuclides listed in Tab. 7-1 with R4 # 0.

**  Estimated value (this study). Limits for Po based on discussion given in Section 3.2.3. Limits for Ho and Cf
assigned in analogy to Eu (Wieland 2014) and Cm, respectively. Limits for Ti in analogy to Zr. Limits for Fe
based on new experimental data (Section 3.4.3). Limits for Ni in analogy to Fe(II).

***  Limits as given in Wang et al. (2012) and Ochs et al. (2016), (2011) with the following exceptions: Zr: estimated
limits for stage I; Tc: estimated limits for Tc(VII) (oxid.); Ac, Cm: limits corresponding to those given for Am;
Pa, Np, Pu: limits corresponding to those given for Th (oxidation state IV) and U(VI).

n.a. not applicable
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Tab. 7-3:  Sorption reduction factors (realistic and upper bound (pessimistic) values), Freq,1, for
uptake by HCP in the presence of cement-derived near-field colloids assuming a
typical colloid concentration of 10 kg/m?

Sorption reduction factors are listed for the elements with sorption values different from zero.
Values were taken from Wieland & van Loon (2002) for cement degradation stages I and II
and/or estimated for cement degradation stage III and the new dose-relevant radionuclides
according to the procedure given in Wieland & van Loon (2002).
Element Region of cement degradation”
Stage I Stage 11 Stage II1
Oxid. Red. Oxid. Red. Oxid. Red.
real./pess. real./pess. real./pess. real./pess. real./pess. real./pess.
Ca 11 11 11 11 11 11
Al 1/1.01 1/1.01 1/1 11 1.12/1.5 1.12/1.5
Si 1.02/1.07 1.02/1.07 1/1 11 1/1.01 1/1.01
Cs 1/1 1/1 11 11 11 171
Sr 11 11 11 11 11 171
Ra 11 11 11 11 11 11
H4COoz* 1/1 171 1/1.01 1/1.01 1/1.01 1/1.01
Organics 1/1 11 1/1 11 1/1 1/1
Cl 11 11 11 11 11 11
1 171 11 11 11 11 11
Se 1/1 11 1/1 11 1/1 1/1
Mo 1/1 11 1/1 11 11 1/1
Tc 1/1 1/1.01 1/1 1/1.01 1/1.01 1/1.01
Fe 1.2/2 11 1.2/2 11 1.272 11
Ni 11 11 11 11 11 171
Ti 1.02/1.07 1.02/1.07 1.02/1.07 1.02/1.07 1.02/1.07 1.02/1.07
Zr 1.02/1.07 1.02/1.07 1.02/1.07 1.02/1.07 1.02/1.07 1.02/1.07
Nb 1/1.01 1/1.01 1/1.01 1/1.01 1/1.01 1/1.01
Ag n.a. 1/1 n.a. 1/1 n.a. 1/1
Hg n.a. 1/1 n.a. 1/1 n.a. 1/1
Sn 1.02/1.07 1.02/1.07 1.04/1.12 1.04/1.12 1.04/1.12 1.04/1.12
Pb 1/1 11 1/1.02 1/1.02 1.07/1.2 1.07/1.2
Po n.a. n.a. n.a. n.a. n.a. n.a.
Ho 1.2/2 1.2/2 1.2/2 1.272 1.2/2 1.2/2
Ac 1.2/2 1.272 1.2/2 1.272 1.2/2 1.2/2
Th 1.2/2 1.2/2 1.2/2 1.2/2 1.22 1.2/2
Pa 1.12/72 1.22 1.12/1.5 1.2/2 1.22 1.2/2
U 1/1.01 1.2/2 1.04/1.12 1.2/2 1.2/2 1.2/2
Np 1.12/2 1.2/2 1.12/1.15 1.2/2 1.2/2 1.2/2
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Tab. 7-3:  Cont.

Element Region of cement degradation”
Stage I Stage 11 Stage II1
Oxid. Red. Oxid. Red. Oxid. Red.
real./pess. real./pess. real./pess. real./pess. real./pess. real./pess.

Pu 1/1.01 1.272 1.04/1.12 1.2/2 1.272 1.22
Am 1.2/2 1.272 1.2/2 1.272 1.2/2 1.2/2
Cm 1.2/2 1.272 1.2/2 1.272 1.2/2 1.2/2
Cf 1.22 1.272 1.22 1.272 1.272 1.22

* See Tab. 7-1.
n.a. not applicable as no sorption (Rd = 0) is recommended in the corresponding stages of cement degradation
(Tab. 7-1).
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Tab. 7-4:  Sorption reduction factors for waste group 1, Freq2, due to the presence of important
complexing ligands in the porewater for cement degradation stages I — III under
oxidising (oxid.) and reducing (red.) conditions”

Element/ligand Waste group 1™
Stage 1 Stage 11 Stage I11
Oxid. Red. Oxid. Red. Oxid. Red.

Ca 1 1 1 1 1 1
Al 1 1 1 1 1 1
Si 1 1 1 1 1 1
Cs 1 1 1 1 1 1
Sr 1 1 1 1 1 1
Ra 1 1 1 1 1 1
HCos* 1 1 1 1 1 1
Organics 1 1 1 1 1 1
Cl 1 1 1 1 1 1
1 1 1 1 1 1 1
Se 1 1 1 1 1 1
Mo 1 1 1 1 1 1
Tc 1 1 1 1 1 1
Fe 1 1 1 1 1 1
Ni/L 1 1 1 1 10 10
Ti 1 1 1 1 1 1
Zr 1 1 1 1 1 1
Nb 1 1 1 1 1 1
Ag n.a. 1 n.a. 1 n.a. 1
Hg n.a. 1 n.a. 1 n.a. 1
Sn 1 1 1 1 1 1
Pb 1 1 1 1 1 1
Po n.a. n.a. n.a. n.a. n.a. n.a.
Ho/ 1 1 1 1 1 1
Ac/ 1 1 1 1 1 1
Th/ISA 1 1 10 10 10 10
Pa/ISA 1 1 1 10 10 10
U/EDTA, ISA 1 10 1 20 10 20
Np/ISA 1 1 1 10 10 10
Pu/EDTA, ISA 1 5 1 15 10 15
Am 1 1 1 1 1 1
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Tab. 7-4:  Cont.
Element/ligand Waste group 1"
Stage I Stage 11 Stage II1
Oxid. Red. Oxid. Red. Oxid. Red.
Cm 1 1 1 1 1 1
Cf 1 1 1 1 1 1
* See Tab. 7-1.

sk

Concentration limits and maximum concentrations of the complexing ligands as listed in Tab. 6-1. Ligands
affecting radionuclide uptake by HCP: CN = cyanide, ISA = isosaccharinic acid, GLU = gluconic acid, EDTA =
ethylenediaminetetraacetic acid; L = unknown readily soluble organic ligand in wood and paper (Bradbury &
Sarott 1994, Bradbury & van Loon 1997).

n.a. not applicable as no sorption (Ra = 0) is recommended in the corresponding stages of cement degradation
(Tab. 7-1).
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Tab. 7-5:  Sorption reduction factors for waste group 2, Freq2, due to the presence of important
complexing ligands in the porewater for cement degradation stages I — III under
oxidising (oxid.) and reducing (red.) conditions”

The values are rounded up to the nearest 5, 10 or 100 values. Values > 1,000 are rounded to
the thousand value.

Element/ligand Waste group 2™
Stage I Stage II Stage 111

Oxid. Red. Oxid. Red. Oxid. Red.
Ca 10 10 10 10 10 10
Al 1 1 1 1 1 1
Si 1 1 1 1 1 1
Cs 1 1 1 1 1 1
Sr 1 1 1 1 1 1
Ra 1 1 1 1 1 1
HCos* 1 1 1 1 1 1
Organics 1 1 1 1 1 1
Cl 1 1 1 1 1 1
1 1 1 1 1 1 1
Se 1 1 1 1 1 1
Mo 1 1 1 1 1 1
Te 1 1 1 1 1 1
Fe/EDTA, ISA, CN™* 50 105 50 105 60 105
Ni/EDTA, L, CN*™™* 15 15 15 15 15 15
Ti/ISA, EDTA 10 10 10 10 10 10
Zr/ISA, EDTA 10 10 10 10 10 10
Nb 1 1 1 1 1 1
Ag n.a. 1 n.a. 1 n.a. 1
Hg n.a. 1 n.a. 1 n.a. 1
Sn/ISA, EDTA 10 10 10 10 10 10
Pb/EDTA, L™ 5 5 5 5 5 5
Po n.a. n.a. n.a. n.a. n.a. n.a.
Ho/ISA, EDTA 1,010 1,010 1,010 1,010 1,020 1,020
Ac/ISA, EDTA 1,010 1,010 1,010 1,010 1,020 1,020
Th/ISA, EDTA 1,100 1,100 2,000 2,000 2,000 2,000
Pa/ISA, EDTA 10 1,100 10 2,000 100 2,000
U/ISA, EDTA 10 32,100 10 33,000 100 33,000
Np/ISA, EDTA 10 1,100 10 2,000 100 2,000
PwISA, EDTA 10 8,100 10 9,000 100 9,000
AnvISA, EDTA 1,010 1,010 1,010 1,010 1,020 1,020
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Tab. 7-5:  Cont.
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Element/ligand Waste group 2™
Stage I Stage II Stage 111
Oxid. Red. Oxid. Red. Oxid. Red.
Cm/ISA, EDTA 1,010 1,010 1,010 1,010 1,020 1,020
Cf/ISA, EDTA 1,010 1,010 1,010 1,010 1,020 1,020

* See Tab. 7-1.

Sarott 1994, Bradbury & van Loon 1997).

(Tab. 7-1).

Concentration limits and maximum concentrations of the complexing ligands as listed in Tab. 6-1. Ligands
affecting radionuclide uptake by HCP: CN = cyanide, ISA = isosaccharinic acid, GLU = gluconic acid, EDTA =
ethylenediaminetetraacetic acid; L = unknown readily soluble organic ligand in wood and paper (Bradbury &

Sorption reduction factors for Ni and Pb as reported by Bradbury & van Loon (1997) for the reference case. For
cement degradation Stage I, the effect of EDTA, L, and CN is taken into account in the case of Ni(I) and Fe(II).
n.a. not applicable as no sorption (Rd = 0) is recommended in the corresponding stages of cement degradation




107 NAGRA NTB 23-07

Tab. 7-6:  Sorption reduction factors by sorption competition” in the porewater for cement
degradation stages I — III of the under oxidising (oxid.) and reducing (red.)
conditions, Freq s

Element Region of cement degradation™

Stage I Stage 11 Stage 111
Oxid. Red. Oxid. Red. Oxid. Red.
real./pess. real./pess. real./pess. real./pess. real./pess. real./pess.

Cs 1/1 11 1/1 11 1/10 1/10

Sr 11 11 11 11 1/10 1/10

Ra 11 11 11 11 1/10 1/10

Fe 1/10 1/10 1/10 1/10 1/10 1/10

Ti 1/10 1/10 1/10 1/10 1/10 1/10

Zr 1/10 1/10 1/10 1/10 1/10 1/10

Nb 1/10 1/10 1/10 1/10 1/10 1/10

Ag n.a 1/1 n.a 1/1 n.a 1/10

Hg n.a 1 n.a 1 n.a 1

Sn 1/10 1/10 1/10 1/10 1/10 1/10

Pb 1/10 1/10 1/10 1/10 1/10 1/10

Po n.a n.a. n.a n.a. n.a n.a.

Ho 1/10 1/10 1/10 1/10 1/10 1/10

Ac 1/10 1/10 1/10 1/10 1/10 1/10

Th 1/10 1/10 1/10 1/10 1/10 1/10

Pa 1/10 1/10 1/10 1/10 1/10 1/10

U 1/10 1/10 1/10 1/10 1/10 1/10

Np 1/10 1/10 1/10 1/10 1/10 1/10

Pu 1/10 1/10 1/10 1/10 1/10 1/10

Am 1/10 1/10 1/10 1/10 1/10 1/10

Cm 1/10 1/10 1/10 1/10 1/10 1/10

Cf 1/10 1/10 1/10 1/10 1/10 1/10

Sorption competition is not effective in the case of Al, Ca, Si, Ni, “COs?, Cl, I, Mo, Se, T¢ and the organics.

See Tab. 7-1.

not applicable as no sorption (Ra = 0) is recommended in the corresponding stages of cement degradation

(Tab. 7-1).
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Tab. 7-7:  Sorption values for cement degradation stage IV under oxidising (oxid.) and
reducing (red.) conditions in m*/kg

Element Calcite” Degraded near- fe™ Reference/comment
field in DS-IV
[70 wt.% calcite]

Ca(Il) 5.0 - 107 3.5-107 33 NTB 12-04

AI(IIT) 5.0-107 3.5-107 3.3 Nominal from Ca(II)

Si(IV) 0 0 This study

Cs() 0 0 NTB 12-04

Sr(1I) 5.0 - 107 3.5-107 33 NTB 12-04

Ra(II) 5.0 - 107 3.5-107 33 NTB 12-04

Cinorg (1*CO3%) 5.0- 107 3.5-10° 1.4 NTB 12-04

Corg(Organics) 0 0 NTB 12-04

Cl(-) 0 0 NTB 12-04

1(-) 0 0 NTB 12-04

Se(-I1) 0 0 NTB 12-04

Mo(VI) 0 0 NTB 12-04

Te(IV) 0 0 NTB 12-04

Fe(IIT) 5.0 - 10* 3.5-10% 1.4 Nominal from Ni(II)

Ni(1D) 5.0-10* 3.5-10% 1.4 NTB 12-04

Ti(IV) 8.5-10% 6.0-10% 1.4 Analogy with Zr(IV)

Zr(1V) 8.5-10* 6.0-10* 1.4 NTB 12-04

Nb(V) 0 0 NTB 12-04

Ag(l) 0 0 NTB 12-04

Hg(I) 0 0 Analogy with Ag(I)

Sn(IV) 3.8-10% 2.7-10% 1.4 NTB 12-04

Pb(ID) 2.0 - 1072 1.4-1072 1.4 NTB 12-04

Po(IV) 4.0-10°3 2.8 1073 33 NTB 12-04

Ho(III) 0.13 9.1-1072 1.4 NTB 12-04

Ac(IIT) 0.13 9.1-1072 1.4 Analogy with Ho(III)

Th(IV) 4.5-1072 3.2-1072 1.4 NTB 12-04

Pa(V) 4.6 - 107 3.2-107 1.4 NTB 12-04

uav) 9.5-1072 6.7 102 1.4 NTB 12-04

Np(IV) 5.5-107 3.9-1072 1.4 NTB 12-04

Pu(IID) 2.0 1.40 1.4 NTB 12-04

Am(IIT) 1.0 0.70 1.4 NTB 12-04
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Tab. 7-7:  Cont.

Element Calcite” Degraded near- fe™ Reference/comment
field in DS-1V
[70 wt.% calcite]

Cm(III) 0.87 0.61 1.4 NTB 12-04

Cf 0.87 0.61 1.4 Analogy with Cm(I1I)

Data from NTB 12-04 (Tab. 7-2), including a lab-to-field transfer factor (0.05) owing to differences in the surface

areas of calcite used in laboratory experiments (small grain size) and the calcite particles relevant to the field
(coarser grain size).

Estimated uncertainty factors in agreement with values listed in Tab. 7-1.

sk
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Assessment of sorption reduction factors

List of abbreviations

Distribution ratio (Rg) for sorption on cement paste in the absence of colloids and
aqueous complexing organic ligands

Ry for sorption on cement paste in the presence of aqueous complexing organic
ligands only

Ry for sorption on cement paste in the presence of colloids only

Ry for sorption on cement paste taking into account the effects of sorption
competition

Ry for sorption on cement paste in the presence of colloids and aqueous complexing
organic ligands

Rq for sorption on cement paste taking into account the effects of colloids,
complexing organic ligands and sorption competition

Ry for sorption of metal ions on colloids

amount of metal ions sorbed on cement paste in the absence of colloids and aqueous
complexing organic ligands

amount of metal ions sorbed on cement paste in the presence of colloids and aqueous
complexing organic ligands

amount of metal ions sorbed on cement paste in the presence of aqueous complexing
organic ligands

amount of metal ions sorbed on cement paste in the presence of colloids and in the
absence of organic complexing ligands

amount of metal ions sorbed on colloids and in the absence of organic complexing
ligands

amount of metal ions sorbed on colloids and in the presence of organic complexing
ligands

the amount of metal sorbed onto colloids in the presence of organic complexing
ligands

aqueous free metal concentration in the absence of colloids and aqueous complexing
organic ligands

aqueous free metal concentration in the presence of organic complexes
aqueous free metal concentration in the presence of colloids only

=[Mr]: aqueous free metal concentration in the presence of colloids and complexing
organic ligands

aqueous concentration of the metal and its inorganic complexes in the absence of
colloids and aqueous complexing organic ligands

aqueous concentration of the metal and its inorganic complexes in the presence of
complexing organic ligands only

aqueous concentration of the free metal and its inorganic complexes in the presence
of colloids only
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[Meolteompl] - = M™]: aqueous concentration of the free metal cation and inorganic complexes in

red, L

F red,3

A2

the presence of colloids and organic complexing ligands

= [Mscoi]: concentration of M sorbed onto colloids

concentration of the inorganic ligand, 1*

number of inorganic ligands, 1?, making up the complex Ml%; b > 1

thermodynamic stability constant of the aqueous inorganic metal — ligand complex,
ML3,

conditional stability constant of the aqueous metal — ligand complex, MLX,,
corresponding to the thermodynamic stability constant of the metal-ligand
complexation, %, divided by the side reaction factor A

aqueous concentration of an organic complexing ligand, L
number of organic ligands, L¥, making up the complex ML¥,. n > 1
side reaction factor including metal complexation by inorganic ligands

reduction factor taking into account the effects of aqueous metal-organic ligand
complexation on the radionuclide sorption onto cement paste

reduction factor taking into account the effects of radionuclide sorption on dispersed
colloids on radionuclide uptake by cement paste in the absence of complexing
ligands

reduction factor taking into account the effect of aqueous complexation of a
radionuclide with n ligands, L* on the radionuclide sorption onto cement paste

reduction factor taking into account the effects of sorption competition

Derivation of reduction factors accounting for aqueous complexation,
sorption onto dispersed colloids and sorption competition

The uptake of radionuclides by HCP can be reduced by the presence of dispersed colloids and
organic complexing ligands due to the formation of water-soluble complexes in case of organics
and the association of radionuclides with colloidal material. Competition with other metal cations
for sorption sites can reduce the effective Rq values even further. These adverse effects can be
described in terms of sorption reduction reactors, Fr.q, on the assumption of a reversible sorption
process. The mathematical derivation of sorption reduction factors is described below.

In the absence of colloids and complexing organic ligands, the distribution ratio of M between
cement and CPW, R’ is defined as:

(A-1)
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{M;} is the amount of metal cation sorbed on cement (mol/kg), and [M] is the aqueous metal
concentration, including the free metal concentration, [My] and the concentration of inorganic

complexes such as hydroxy species, carbonates, sulphates, Z Z [Ml;] , in the absence of organic
a b

complexing ligands and colloids; i.e.:

[M]=[M,]+ ;;[Mli] (A-2)

In this equation, b is the number of organic ligands, 1*, making up the inorganic complex ML%.

Eq. A-2 can also be written as follows (van Loon & Glaus 1998):
b
M= 1+ 0T -
a b

In a constant, well-defined cement porewater, the term 1 + Z Z B2 - [|a ]b is a constant value and
a b

is referred to as the side reaction factor, A.

Hence, Eq. A-3 can be simplified to:
[M]=[M,]-A (A-4)

Combining Eq. A-1 with A-4 can be written as:

R§ = S.} (A-5)

A real cement porewater contains not only free metal ions and inorganic complexes, but also
organic complexes (MLY,) and metal-colloid complexes (M.); the equation for the R4 value then
becomes:

(]

COIMTA+[M, ]+ Y ML ]

(A-6)

where [Mr'] and {M;"} are the aqueous equilibrium concentration of the free metal cation (mol/L)
and the amount of metal cation sorbed on cement (mol/kg) in the presence of organic complexing
ligands and dispersed colloids, [M,] is the concentration of metals sorbed onto colloids (mol/L)

in the presence of complexing ligands, and > UIMLY] is the sum of the concentrations of all
k n

metal complexes with all organic complexing ligands, LY, in solution (mol/L).
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A2.1 Effect of complexation with aqueous organic ligands, L, on radionuclide
uptake by cement paste

The effect of complexation with aqueous organic ligands can be described as given below.

The complexation of metal cation, M, with an organic complexing ligand, L¥, is defined by the
following complexation reaction:

[ ML, |

e [T

[MeomPl] ig the sum of the aqueous concentration of the free metal cation and inorganic metal-
complexes in the presence of organic complexing ligands; n is the number of organic ligands, L,
making up the complex ML,. Note that the value of n, is not necessarily the same for each organic
complexing ligand, L*. We use this notation to simplify the mathematics. [ML.¥] is the
concentration of the metal-ligand complexes, [L¥] is the concentration of the k™ ligand, 'B*, is the
conditional metal-ligand complexation constant corresponding to the metal-ligand complexation
constant (B¥,) divided by the side reaction coefficient A.

M +nLf < ML\ with: ‘B = (A-7)

oo (ME ] B (A-8)
B L
The aqueous metal concentration is, in analogy to Eq. A-4, given by:
I:Mcompl] _ I:Mgompl] A (A-9)

[M¢°mPl] is the aqueous free metal concentration in the presence of organic complexes and A is
the side reaction coefficient.

Combining Eqgs. A-7 and A-9 and rewriting Eq. A-7 as a function of [ML‘;J and a summation

over all metal organic ligand complexes in solution then gives:

D2 [ML; [= 3030y M- A LT (A-10)
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In this case, the distribution ratio for sorption of M onto cement paste in the presence or organic
ligands becomes:

— {M:ompl} _ {Mzompl} B
d [Mcompl ] + ZZ[MLkn] [Miompl] A+ ZZ!BE . [Miompl] A [Lk ]n
kcom[;l Y (A_l 1)
M)

[M:"“‘P‘]-A-[HZZ'B: -[Lk]“j

With {M ™" as the amount of M sorbed on cement in the presence of complexing organic
ligands.

Assuming linear and reversible sorption and a constant solution composition with regard to its
inorganic ligand concentrations (A is constant), we can state that:

M) {M?Tp} =R} (A-12a)
[M;]-A [M{"™]-A

A sorption process is called linear when the ratio of the amount of metal sorbed and the free metal
concentration in solution are constant, independently of the free metal concentration in solution
(e.g., Baeyens & Bradbury 1997); i.e.,

% = constant (A-12b)

Generally, this assumption is only valid at trace metal loadings.

Combining Eq. A-11 and Eq. A-12a leads to:

compl __ Rd

= A-13
LSS T (A-13)

We can now define a reduction factor, Fr.q1, to express the effect of metal complexation in
solution on the R4 value for sorption of M on cement:

¥ )
Foua = oy =1+ 2, 0By [L] (A-14)
d k n

where X /A equals 'g¢ with gk as the thermodynamic stability constant and A as the side
reaction coefficient. Eq. A-14 is consistent with an earlier derivation by van Loon & Glaus (1998).
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For strongly complexing ligands ('ﬁ,’f C[LF > 1), the combined effect of all complexing
ligands on the radionuclide Rq values, (Frq2) can be approximated as the sum of the reduction
factors of each single complexing ligand. Indeed, Eq. A-14 says that

Fg, =1+ '[UT +'B} .[LIT +..+ B! -[L‘T +p? ,[LzT i ~[L2T I ~[L2T .
U] [T e [T

(A-15)
Defining the reduction factor for each single complexing ligand as:
— nk k"
Fogpe =14 By (] (A-16)

Eq, A-15 can be written as:

Fredz = l:red,L% + (Fred,L} - 1)'*"""‘(1:1‘ed,Lr11 - 1) + (Fred,Li - 1) + (Fred,L§ -
Do+ (Frearz = Do+ (Froqps = 1) + (Frequs = 1)+ (Freqpi = 1) (A-17)

For strongly complexing organic ligands, this equation can be approximated as follows:

FdesZ = Fred U + Fred L + ”'Fred L + Fred |5 + Fred 12 toot Fred 2 ot Fred X + Fred X Foe
(A-18)
+Fred,Ll§| = Zk: Z Fred,Lkn
A.2.2 Effect of dispersed colloids on radionuclide uptake by cement paste in

the presence and absence of complexing ligands

The effect of radionuclide sorption onto dispersed colloids on the uptake of the same radionuclide
by cement in the absence of complexing ligands can be derived as described below.

The aqueous concentration of M sorbed onto colloids, [M; o], is:

[Ms,coll] = Meoll” {M,coll} (A-19)

with meon as the mass of colloids (kg/L) and {Mc.n,} as the amount of M sorbed onto the colloids
(mol/kg).
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The distribution ratio describing the sorption of M onto colloids, Rcoi, can be expressed in a
similar way as in Eq. A-2 for metal sorption on cement paste, i.e., as the amount of metal sorbed
on the colloids, {M°"} divided by the concentration of the aqueous free metal cations in solution
[MCOH]:

MCO
Ro = {[M]} (A-20)

[M¢!] is the sum of the aqueous concentration of the free metal cation and the inorganic metal-
complexes in the presence of colloids; i.e., in analogy to equation A-4:

I:Mcoll} _ I:M?OH] A (A-21)

Rewriting Eq. A-20 as a function of {Mcon} and combining this with Eq. A-21, gives:

coll

{Mcoll} =R [M; ]-A (A-22)

Thus, by combining Eq. A-19 and Eq. A-22, the concentration of M sorbed onto the colloids,
[M; coi], can be described as follows:

l:Ms,coll:I =m, R '[M?H] A (A-23)

The sole effect of the sorption of M onto dispersed colloids on the Ry value for the sorption of M
onto cement, R, is:

M
RZOH _ {ll s,coll } (A_24)
[M . ] + [Ms,coll]

{M;con} is the amount of metal sorbed on cement in the presence of dispersed colloids.

Combining Eq. A-24 with Eq. A-23 gives:

M
(M ]-A+m,, R

Ry = (A-25)
coll "~ coll '[Mf “]'A

or:

coll _ {Ms,coll} (A—26)
¢ [M;OH] . A . (1 + mcoll : Rcoll )
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Assuming, again, linear, reversible sorption and a constant value of A, we can state that:

{MS} _ {Msl,lcon} ~R" (A-27)
M;]-A [M{]-A

Thus, Eq. A-26 becomes:

0
coll _ R d

d (A-28)

I+m_,-R

coll " Neoll

We can now define a reduction factor, Frq,1, to express the effect of metal sorption onto dispersed
colloids on the Rq value for metal sorption on cement:

Rcoll (A-29)

coll *

Equation A-28 is consistent with an earlier derivation by Wieland & van Loon (2002) and only
holds in the absence of organic complexing ligands, L, therefore accounting for the effect of
colloids on metal sorption on cement paste only.

In the presence of organic complexing ligands, metal sorption on colloids is given as:

{Mcompl}

coll

= I:Mcoll+compl:| + Zk: Zn: |:MLkn:|

(A-30)

{Mcon®™!} is the amount of metal sorbed onto colloids in the presence of organic complexing
ligands. [M!"®*™!] j5 the sum of the aqueous concentration of the free metal cations and the
inorganic metal-complexes in the presence of colloids and organic complexing ligands given as:

I:Mcochompl:I _ I:M;ollﬂ:ompl] A (A-31)

Assuming that the sorption process on colloids is linear and reversible, the sorption distribution
ratio in the presence of complexing organic ligands, Reoi®®™, equals the sorption distribution ratio
in the absence of complexing organic ligands, Reoi.

Combining Eq. A-30 and A-31 and replacing the metal-organic ligand complexes with their
definition in Eq. A-10 gives:
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Y i }

coll

RE((:HIP = Rcoll = { T
I:Mttzoll+compl:| A+ ZZVB: . |:M:oll+compli| A [Lk ]n
k n

] [z

(A-32)

coll

e Tn o T2 )

Assuming linear, reversible sorption on the colloids and a constant value of A, we can further
state that:

Maf M3y
[M;OH]. A [M(f:ochompl]. A coll

Rewriting Eq. A-32 as a function of {Mcon} gives:

[MEPE =Ry [ M ] A [1 + ; > L ]j (A-33)

The aqueous concentration of metals sorbed on colloids in the presence of complexing ligands
then amounts to:

k n

|:Ms,c0||:| - [Mc] =mg, R - [M?H] ‘A (1 + Z Z VBE ' [Lk ]nj (A-34)

A.2.3 Overall effect of metal complexation and metal sorption on dispersed
colloids on radionuclide uptake by cement paste

The combined effects of aqueous complexation and sorption onto dispersed colloids can be

described starting from Eq. A-6: the term ZZ[ML‘L] in this equation is replaced by its
k n

definition in Eq. A-9. [M] corresponds to the concentration of metal sorbed on colloids in the
presence of complexing ligands (Eq. A-34).

This gives the following expression for Ry":

i

[M{]-A+m, R, -([M’;]-A+ZZ'BE[M’;]-A-[U ]"j+ZZ'BE[M’;]-A-[Lk I

k n

(A-35)
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or:

[M’;]A(nmc ~Rcou'(1+22'ﬁﬁ '[Lk]“]+ZZ'BE -[Lk]“]

(A-36)

Here, [M¢] and {M;"} are the free aqueous concentration of M and the amount of M sorbed on
cement in the presence of complexing ligands and dispersed colloids, respectively.

Assuming, linear, reversible sorption and a constant side-reaction coefficient, A, means that:

M) M _R! (A-37)

Eq. A-36 can be rearranged giving:

. R!
R, = d (A-38)
I+m, R, -[l +2. 2B [ ]"j+ZZ'BE [T
k n k n
or
; R}
R, = : n : (A-39)
I+m Ry +m, Ry ZZVB: '[Lk] + ZZVB: '[Lk:l
k n k n
Using the expression for the sorption reduction factor by colloids (Eq. A-29) leads to:
. R}
R, = . (A-40)

Fua (1) (220 [0 - 230 (1]
k n k n
Using the expression for the sorption reduction factor by complexing ligands (Eq. A-14) leads to

. R}
R = d A-41
! Fred,l + (Fred,l - 1) ' (Fred,Z - 1) + (Ffed>2 - 1) ( a)

and
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. R}
R, = 4 (A-41b)
Fred,l + Fred,l ' Fred,Z - Fred,l - Fred,Z + 1 + Fred,Z - 1
and eventually to
- RS
Rj=—"9%— (A-42)
Fred,2 ’ red,l

Freq,1 values for sorption on colloids are taken from Wieland & van Loon (2002) and Fr.q> values
accounting for complexation of the dose-relevant radionuclides have been derived in Section 6.3.

A.24 Overall effect of metal complexation, metal sorption on dispersed
colloids and sorption competition on radionuclide uptake by cement
paste

A further process that may decrease radionuclide sorption values is sorption competition. This
effect is taken into account by applying a constant reduction factor, Freq3 to the selected R4 values
given in Tab. 7-1. This factor accounts for the reduction in the sorption capacity of C-S-H phases
caused by competitive sorption of other ions and is discussed in more detail in App. B. For the
sake of simplicity, it is assumed that sorption competition proportionally decreases the sorption
capacity and therefore the overall sorption value.

The overall Ry value taking into account the effects of colloids, complexes and competition on
the radionuclide uptake by cement paste, R, is then obtained by dividing Eq. A-42 by the
reduction factor, Fred3,

szf — Rg
E

red,l ’ Fred,2 ’

- (A-43)

red,3
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App. B Sorption competition

B.1 Introduction

The current design of an L/ILW repository implies that the inventory of metallic waste materials,
in particular iron and steel, will be large. The metallic waste materials will be embedded in, and
surrounded by, the cementitious materials of the engineered barrier. Current safety analysis is
based on the assumption that HCP is the only sorbent in the near-field retarding the release of
radionuclides (~ 14% of solid materials in the near-field). Hence, the barrier function of HCP in
addition to impacts that could change the sorption properties of HCP have to be assessed
adequately. The interaction of products resulting from the anoxic corrosion of iron and steel could
have an adverse effect on the sorption properties of HCP. In the following sections, an attempt is
made to assess the effect of the interaction of Fe(ILIII) with C-S-H phases on radionuclide uptake
by these phases (sorption competition). In addition to the effect of the presence of Fe(IL,III), the
presence of stable isotopes of the radionuclides considered for sorption competition in the
cementitious near-field is also taken into account. It is assumed that C-S-H phases are largely
responsible for the retention of metal cations by HCP.

B.2 Conceptual approach

The proposed approach aims at estimating the maximum loading of C-S-H phases with Fe(ILIII)
corrosion products and other metal cations present in the near-field and comparing this loading
with the maximum sorption capacity of C-S-H phases under near-field conditions. With this
approach, it is possible to assess whether or not sorption competition could influence retention of
cationic radionuclides in the cementitious near-field of an L/ILW repository. The stepwise
procedure is structured as follows:

1. define near-field parameters (App. B.3)

2. assess the potential and relevance of sorption competition on the various cement phases of
HCP and for the radionuclides to be considered in the safety analysis for SGT-E3 (App. B.4)

3. outline the effect of Fe(IL,III) uptake by C-S-H phases on sorption competition (App. B.5 and
App. B.6)

4. estimate the maximum loadings of radionuclides on C-S-H phases (App. B.7)
5. compare radionuclide loadings with the sorption capacity of C-S-H phases (App. B.8)

6. conclude on an appraisal of sorption competition in the cementitious near-field of an L/ILW
repository (App. B.9)

The current approach considers sorption competition on C-S-H phases, the most important
sorbent for radionuclides in the cementitious near-field. The assessment of sorption competition
is generally based on conservative estimates of those parameters required to estimate the
maximum loading of the C-S-H phases. It should be noted that the current approach represents a
gross simplification of the real near-field system and therefore constitutes a highly conservative
overall view. For example, we do not consider additional sorbents for metal cations that can be
expected in the cementitious near-field, such as iron corrosion products as well as cement phases
present in smaller amounts (e.g., hydrotalcite, calcite) and products resulting from cement
alteration (e.g., zeolites). These minerals also expose surface sites capable of coordinating metal
cations (e.g., actinides), thereby reducing the cation loading of the C-S-H phases. Nevertheless,
quantification of the sorption capacity in the real system is currently hardly possible due to the
lack of quantitative information on the uptake of metal cations and anions by potential candidate
minerals.
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B.3 Near-field parameters

Information on the specific near-field parameters is required to carry out the following estimates
of the radionuclide or metal cation loadings, respectively, on C-S-H phases in conditions relevant
to a cementitious near-field. The near-field parameters have been derived based on the tentative
design of the L/ILW repository (Kosakowski et al. 2023).

Tab. B-1:  Characteristic parameters of the L/ILW repository
Kosakowski et al. (2023)

Parameter Notation Value
Average porosity [-] € 0.2

Mass of sorption-effective cement matrix [kg/m?] Meem 350
Parameter (estimated) Notation Value
Total volume [m3/m] Viot 144
Total volume of solution” [m*/m] Vsol 29
Volume of solid material™ [m3/m] Vsolid 115

Mass of solid material™” [kg/m] Molid 2.88-10°
Mass of sorption-effective cement matrix [kg/m] Meem 4.02 - 10*
Percentage of cement matrix of solid material [%] 13.9
Volume near-field porewater [m’/m?] Vol 0.2
Solid-to-liquid ratio for cement matrix [kg/m?] S/L 1,386

Vsol = €Viot
* Visolid = (I-S)Vtot
*** The average dry density is estimated at 2.5 - 10° kg/m® using the parameters given for the operational and
decommissioning waste types in MIRAM 14 (Nagra 2014) and used for the modelling by Wieland et al. (2018).

The volume per metre of emplacement cavern is 144 m*/m based on the description of the dead-
end caverns in NTB 23-03 (Kosakowski et al. 2023) (internal width =~ 11.5 m, height = 12.5 m.
11.5 x 12.5 = 143.75 m*/m). The average porosity amounts to 20 volume percentage (vol.-%); the
volume of solid materials corresponds to 115 m*/m (Tab. B-1). The total mass of the sorption-
effective cement matrix amounts to 13.9 wt.% of the total mass of solid material per metre of
cavern length. HCP is considered the only sorbing material for radionuclides in the near-field of
an L/ILW repository and accounts for less than 20 wt.% of the solid material disposed of in the
cavern. The proportion of HCP seems plausible and therefore the amount of 350 kg/m® sorption-
effective HCP is used for the assessment of sorption competition (Tab. B-1). The volume of near-
field porewater amounts to 0.2 m* per m* cavern volume. The ratio of the two latter parameters
results in an S/L ratio of the sorption-effective HCP of 1.39 kg/dm?.
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B.4 Cement phases and radionuclides involved

The uptake of metal cations and anions by HCP has to be assessed with a view to the radionuclides
(species-sensitive) and the mineral phases involved (e.g., reviews by Cornelis et al. 2008, Evans
2008, Gougar et al. 1996). For this reason, assessment of the uptake process in the different stages
of cement degradation and disturbances of the uptake process on HCP need to be discussed in
terms of the dose-relevant radionuclides involved and those individual cement minerals with the
potential to immobilise these radionuclides. This conceptual view has been applied in conjunction
with the assessment of sorption competition on HCP.

i.) Calcium silicate hydrates (C-S-H)

C-S-H phases are the most abundant cement phase of HCP and have favourable sorption
properties (e.g., high surface area and high sorption site densities (e.g., Churakov et al. 2014,
Labbez et al. 2006, Ochs et al. 2016)). Therefore, they are among the most important sorbing
materials present in the near-field of an L/ILW repository. Furthermore, C-S-H phases are among
the most thermodynamically stable cement phases. They are found to persist in an evolving
cementitious near-field over a very long period of time (e.g., Atkinson et al. 1987, Berner 1992,
Wang et al. 2012, Kosakowski et al. 2014). The content of C-S-H phases in the HCP present in
the L/ILW repository was estimated to vary between ~ 33 wt.% (DS-I) and ~ 67 wt.% (DS-III)
(Tab. 2-3).

C-S-H phases are predominantly amorphous in nature with a high surface area (~ 148 m?/g; Tits
et al. 2006b, 192 m?/g < surface area < 332 m?g, Suda et al. 2015), while the presence of
microcrystalline domains cannot be excluded. The structure of amorphous C-S-H phases is related
to 14-A tobermorite, a crystalline C-S-H mineral with a low C/S ratio, and jennite, a crystalline
C-S-H mineral with a high C/S ratio. C-S-H phases have a layered structure with central Ca-O
layers and Si atoms arranged in “Dreierketten” sheets as structure building units (Fig. B-1). The
oxygen atoms of the sevenfold coordinated calcium atoms of the CaO layers are thereby
coordinated to silica atoms of the “Dreierketten” chains. The latter formation corresponds to silica
dimers connected by bridging silica tetrahedra on both sides of the CaO; layers (e.g., Bonaccorsi
et al. 2005, Chen et al. 2004, Richardson 2004).

The C/S ratio of the C-S-H phases varies between 1.5 (Fig. B-1a) and 0.66 (Fig. B-1b). These
changes are attributable to progressive replacement of the interlayer protons neutralising the
negative charges on the bridging Si tetrahedra by interlayer Ca?" ions (e.g., Bonaccorsi et al. 2005,
Nonat 2004, Richardson 2004). The C-S-H phases with a C/S ratio above 1.5 are envisaged either
as a defect tobermorite-like structure interstratified with layers of Ca(OH). or as a tobermorite-
like structure intermixed with a jennite-like structure (Chen et al. 2004, Richardson 2004). Jennite
is a layered crystalline C-S-H phase consisting of edge-sharing Ca octahedra and “Dreierketten”
silica chains but at a much higher C/S ratio due to the presence of Ca-OH groups in the structure
(Bonaccorsi et al. 2004, Richardson 2004).
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Fig. B-1:

& ca”
@si*

e 0?

Silica chain

Interlayer

ol Ca-octaheder layer

Interlayer
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Non-bridging terahedron
H
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a) Schematic diagram of the tobermorite-based structure of a C-S-H phase with a
C/S ratio of 1.5 obtained by removing the bridging tetrahedra and neutralising the
negative charges of the silanol groups by Ca*" ions. b) Schematic diagram of the
tobermorite-based structure of a C-S-H phase with a C/S ratio of 0.66 and a maxi-

mum degree of protonation of the silica chains

Adapted from Richardson (2004) and modified from Tits et al. (2014a)
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The uptake of metal cations by C-S-H phases is well documented (see, e.g., reviews by Cornelis
et al. 2008, Evans 2008, Gougar et al. 1996, Ochs et al. 2016, Tits & Wieland 2018). Adsorption
on the surface of C-S-H phases may often be an intermediate step in the uptake of metal cations
by C-S-H phases. Nevertheless, there is ample evidence that metal cations can also be taken up
into the structure of C-S-H phases (e.g., Cocke & Mollah 1993, Gaona et al. 2011, Glasser 1992,
Mandaliev et al. 2011). In recent years, advanced spectroscopic techniques (e.g., synchrotron-
based spectroscopy, laser-induced luminescence spectroscopy) have been increasingly used to
develop a mechanistic picture of the uptake of metal cations by cementitious materials. To this
end, the local coordination environment of metal cations by cementitious systems has been
explored, thus allowing the type and number of neighbouring atoms as well as bond distances to
be determined. The latter information is essential towards the aim of differentiating between
adsorption and absorption processes (e.g., Gaona et al. 2011, Scheidegger et al. 2000, Tits et al.
2003, 2011, 2015, Vespa et al. 2006).

Uptake of anions into the C-S-H structure seems to be less important despite evidence suggesting
that silicate substitution by chromate and arsenate could occur in C-S-H phases (Cornelis et al.
2008 and references therein).

ii.) Ettringite (AFt) and AFm phases

Ettringite, a calcium aluminate mineral, is the common AFt (Al,O3-Fe,Os-tri) phase in hydrated
cement (Taylor 1997). Ettringite forms hexagonal prismatic or acicular crystals. Columns
consisting of Al(OH); octahedra alternating with triangular groups of edge-sharing CaOs
polyhedra and columns occupied by SO4* and H,O molecules account for the main structural
features. Incorporation of oxyanions, such as arsenate, chromate, selenate, selenite, etc., is the
dominant retention process owing to partial or even full replacement of SO4*. By contrast,
adsorption of anions on the AFt surface is less likely due to the net negative surface charge of
ettringite (Cornelis et al. 2008 and references therein). No evidence has been provided to indicate
strong interaction of single-charged anions, such as chloride and iodide, with ettringite. Incorpo-
ration of monovalent anions is limited by the coordinative constraints imposed by the column
structure of AFt.

AFm (Al>O3-Fe;O3-mono) phases, so-called hydrocalumites, naturally form under hydrothermal
conditions. AFm phases belong to the family of layered double hydroxides (LDH). The minerals
form flaky, hexagonal crystals in hydrated cement. However, they are often poorly crystalline.
The AFm structure consists of positively charged structural units with the composition
[Cax(ALFe)OH)s - 2H,O]". The overall positive structural charge of the octahedral layers is
compensated by anions, which are bound in the interlayer space between two adjacent layers.
Hence, the cavities formed in the interlayer space allow anionic contaminants to be accommo-
dated. These cavities are often surrounded by three water molecules. AFm phases containing
different types of anions in the interlayer are readily formed when the structure-forming ions are
mixed in the appropriate stoichiometric amounts.

Overall, AFt and AFm phases have a stronger tendency to bind anions than C-S-H phases.
Replacement of SO4* by other two-fold negatively charged anions in the case of AFt and
absorption of single and double negatively charged anions in the interlayer of AFm phases are
considered to be the main processes immobilising anions in HCP, provided that the two cement
phases are present in HCP. Adsorption of anions on the surfaces of AFt, AFm and C-S-H phases
is unlikely to occur due to the dominance of negatively charged surface sites in the pH range 10
to 13.3, thus repelling the anions. However, locally isolated positively charged surface sites can
cause weak anion adsorption, while the extent of surface sorption is expected to be small.
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iii.) Relevance of sorption competition

Sorption competition on HCP in the cementitious near-field of an L/ILW repository is based on
the notion that stable element impurities originating from the cementitious material and the waste
could be important competitors to radionuclide uptake by HCP. Among these competitors, Fe(Il)
and Fe(IIl) could play an important role as they are produced in significant quantities over the
course iron and steel corrosion in the L/ILW repository. Magnetite (Fe3O4) is the main iron phase
produced during the anoxic corrosion of iron and steel (e.g., Wersin et al. 2003). Anoxic
conditions are expected to prevail during the period under consideration for an L/ILW repository.
Fe(II) and Fe(III) species are thus the soluble iron species in equilibrium with magnetite. In the
following section, both oxidation states of iron are shown to interact with cement phases.

B.S Interaction of corrosion products with C-S-H phases

i.) Fe(III) interaction with cement phases

Fe(IIT) was found to replace AI(III) in Al-containing cement phases, such as ettringite and AFm
phases (e.g., Moschner et al. 2008, 2009, Dilnesa et al. 2011, 2012, 2014a, 2014b). Identical
Fe(III)- and Al(III)-containing phases even form solid solutions, indicating a structural similarity
of the Fe(Ill)- and Al(Ill)-containing end-members. For this reason, it is inferred that replacing
Al(IIT) with Fe(Ill) in ettringite and AFm phases does not result in major structural changes and
therefore has no impact on the uptake of anions by these cement phases. A recent study showed
that Fe(IIl) is taken up by C-S-H phases (Mancini et al. 2020) as previously reported for Al(III)-
forming C-A-S-H phases (L’Hopital et al. 2016 2016, Barzgar et al. 2020). Fe(IIl) sorption on
C-S-H phases was found to be significantly stronger than AI(III) sorption (Mancini et al. 2020).
Furthermore, the effect of pH on Fe(III) uptake by C-S-H phases was found to be negligibly small
or even absent as the sorption data for C-S-H phases with target C/S ratios of 0.8 and 1.5 agreed
within the experimental uncertainty (Fig. B-2). This finding indicates that neither the C-S-H
composition nor the pH (i.e., iron speciation) have any notable effect on Fe sorption, or that their
effects counteract and compensate each other. Nonetheless, the finding suggests that, in addition
to surface complexation, other uptake mechanisms may be important in the case of Fe(Ill). The
effects of pH and Ca on Al(III) and Fe(III) uptake was found to be different, which suggests that
Fe(IlI) is subject to a different binding mechanism in C-S-H as compared to AI(IIT). AI(III) is
known to coordinate tetrahedrally and replace Si(IV) at the bridging positions of the “Dreier-
ketten” silica chains. The extent of Fe(Ill) uptake, however, does not seem to depend strongly on
the C/S ratio and, accordingly, not on the C-S-H structure (Fig. B-2).

Sorption isotherms of Fe(Ill) were determined on C-S-H phases with target C/S ratios of 0.8 and
1.5 (Fig. B-2). The sorption behaviour of Fe(III) was linear over the entire aqueous Fe concentra-
tion range for both C-S-H phases (slope = 1). In contrast to sorption onto TiO,, Fe(IIl), uptake by
C-S-H phases linearly increased over the entire investigated Fe(IIl) concentration range, implying
that microcrystalline Fe(OH); was not a solubility-limiting phase in these systems (Mancini et al.
2020). Precipitation of amorphous Fe(OH)s(am) occurred at higher Fe concentrations in the
C-S-H systems as indicated by EXAFS spectroscopy (Mancini et al. 2020). Presence of
Fe(OH)s;(am) was observed at high Fe(IIl) loadings above 12,000 ppm for all C-S-H phases (C/S
ratios = 0.8, 1.2 and 1.5) (Mancini et al. 2020).
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For the assessment of sorption competition, we assume a K4 of 700 m3/kg for Fe(III) sorption on
C-S-H phases irrespective of the C/S ratio as reported elsewhere (Mancini et al. 2020). The
maximum sorption capacity of Fe(Ill) is assumed to be the same for all C-S-H phases irrespective
of the C/S ratio (= 0.70 mol/’kg C-S-H; Fig. B-2). Furthermore, it is assumed that the maximum
Fe(Il) loading is reached at an aqueous Fe(Ill) concentration of ~ 10 M (Fig. B-2). Note,
however, that the aqueous Fe(Ill) concentration in the cementitious near-field might be signif-
icantly lower due to solubility control by magnetite (Bemer 2003, Wersin et al. 2003,
Hummel et al. 2022). It should also be noted that Wersin et al. (2003) assumed 107 M as the
maximum Fe(IIl) concentration in near-field porewater.
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Fig. B-2:  Sorption isotherms of Fe(IlI) on C-S-H with a target C/S ratio of 1.5 (a), and C-S-H
with a target C/S ratio of 0.8 (b). The experimental data correspond to linear sorption
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Mangcini et al. (2020) further showed that Fe(III) coordination occurs in the interlayer of the C-S-H
samples with target C/S ratios of 1.2 and 1.5. The proposed structural model was based on the
structural parameters deduced from EXAFS spectroscopy and additional evidence by the #°Si
NMR data. The large number of neighbouring atoms of Fe(Ill) derived from EXAFS spectroscopy
was interpreted in terms of coordination of Fe(IIl) in the interlayer rather than formation of Fe(III)
species adsorbed on the C-S-H surface. Atomic distances and numbers of neighbouring atoms
indicated that Fe(Ill) is directly bonded to Si tetrahedra of the “Dreierketten” silica chains
adjacent to the interlayer space. The *Si NMR results further showed that Fe in C-S-H phases is
directly connected to the silica chain (Mancini et al. 2020).

Identification of the interlayer position of Fe(Ill) further suggests that Fe(Ill) substitutes Ca
coordinated to non-bridging Si tetrahedral in the interlayer of C-S-H phases.

Interpretation of Fe(IlI) coordination to C-S-H phases with a low C/S ratio was found to be more
challenging based on the available EXAFS spectroscopy data and in combination with evidence
from Si NMR. The observed *’Si NMR parameters, i.e., variations in centre-band linewidth,
spinning sideband intensity, signal reduction (I/I0) and spin-lattice relaxation times, support a
structural model of Fe(II) binding at a low C/S ratio, where Fe(IIl) is predominantly bonded to
the surface of the C-S-H particles or present as clusters/separate particles, respectively, on the
C-S-H surface (Mancini et al. 2020). Hence, the 2°Si NMR data did not support interlayer bonding
of Fe(Ill) by C-S-H phases at a low C/S ratio. This conclusion was further supported by EXAFS
spectroscopy. The EXAFS spectra could not be fitted with the same structural models used for
the multi-shell fitting of the EXAFS data of the C-S-H phases with target C/S ratios of 1.2
and 1.5.

About four neighbouring Si atoms were determined at a distance of Rgesi of ~3.15 A £ 0.07 and
about three Ca atoms at Rre.c, of ~ 3.19 A + 0.05 in the case of the C-S-H phase with a target C/S
ratio of 0.8. A third backscattering contribution resulted from two Fe(IIlI) atoms located at a
distance of Rrere ~3.34 A £ 0.05. For the C-S-H phase with a low C/S ratio of 0.8, significant
Fe(IIT) uptake by the interlayer can be excluded on the basis of the ’Si NMR data. The model
provided by the multi-shell fit of the EXAFS spectrum, however, supports the idea of the
formation of a secondary phase or clusters on the surface of the C-S-H phase. Thus, for the current
assessment of sorption competition, it is assumed that Fe(Ill) forms a separate secondary
Ca-Si-rich phase (or clusters) on the surface of C-S-H phases with a low C/S ratio.

The current assessment of sorption competition is based on the following assumptions regarding
Fe(III) uptake by C-S-H phases:

e Ky =700 m’kg C-S-H for Fe(Ill) uptake by C-S-H phases (K4 = 350 m3/kg HCP) and a
maximum site occupancy of 0.70 mol’kg C-S-H for all C-S-H phases irrespective of the C/S
ratio (= 0.35 mol/kg HCP). Maximum Fe(III) loading is achieved at an aqueous Fe(IlI)
concentration between 10 M (Fig. 2) and 107 M (Wersin et al. 2003, Hummel et al. 2022)
(see App. B-7).

e Fe(Ill) is preferentially taken up by the interlayer of C-S-H phases with a high C/S ratio (> 1)
where it preferentially coordinates to non-bridging Si tetrahedra, substituting Ca and
competing with dose-relevant, interlayer-bound radionuclides for sorption.

e Fe(Ill) is bonded on the surface of C-S-H phases with a low C/S ratio (< 1) where it
coordinates to surface Si sites and competes with other dose-relevant, surface-bound
radionuclides for sorption.

e Sorption competition between Fe(Ill) and dose-relevant radionuclides is only relevant to
cationic species and can be ignored in the case of the uptake of anionic species by HCP.
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ii.) Fe(Il) interaction with cement phases

Mancini et al. (2021) investigated the interaction of Fe(II) with C-S-H phases (target C/S ratios =
0.8 and 1.5). The authors carried out co-precipitation experiments to explore to what extent Fe(II)
can replace Ca(Il) in C-S-H phases. To this end, C-S-H phases were synthesised by replacing a
portion of CaO by FeO (10 mol%). The authors observed limited Fe(II)-Ca(Il) replacement.
About 2% Ca (on a mol basis) at best was replaced by Fe(Il) as determined by linear combination
fitting of the X-ray absorption near-edge spectroscopy (XANES) data. The replacement resulted
in low Fe:Si ratios of ~0.02 in C-S-H 0.8 and ~ 0.05 in C-S-H 1.5. XRD of the phases further
showed an increase in the basal spacing, i.e., a shift of the first peak at 20 ~ 9°-10° to lower values
for both C-S-H phases. Hence, the assumption of interlayer binding of Fe(Il) made in the current
assessment is based on the evidence provided by XRD. The observed increase in the basal spacing
has to be interpreted in terms of Fe(Il) uptake into the interlayer.

Mancini et al. (2021) also investigated Fe(Il)-loaded C-S-H phases by employing EXAFS
spectroscopy. These investigations revealed the absence of Fe(OH),(s) in the Fe(II) concentration
range of the linear sorption isotherm of Fe(Il) on the C-S-H phases, thus suggesting that
precipitation of Fe(OH), occurs only at Fe(Il) loadings above 0.1 mol/kg. Hence, it is assumed
that this Fe(Il) loading corresponds to the maximum capacity that Fe(Il) occupies in C-S-H
phases. Furthermore, the same maximum Fe(Il) loading has been assigned to C-S-H phases
irrespective of their C/S ratio. Eventually, the maximum Fe(II) loading corresponds to an aqueous
Fe(II) concentration of ~ 10 M (Fig. B-3). Note, however, that the aqueous Fe(I) concentration
in the cementitious near-field might be significantly lower and depend on the type of Fe-
containing solids used to estimate the Fe(Il)-Fe(Ill) redox buffer (Wersin et al. 2003).

The wet chemistry measurements showed that Fe(Il) sorption onto C-S-H phases is linear in the
aqueous Fe(II) concentration range up to 10 M (Fig. B-3). Fe(OH)x(s) did not precipitate in the
Fe(II) concentration range covered by the sorption isotherm, thus limiting the solubility of Fe(II),
while precipitation cannot be excluded above aqueous Fe(Il) concentrations of 10° M. The
isotherm measurements further suggest that Fe(I) sorption does not depend on the pH or on the
C/S ratio of C-S-H phases, respectively, in the pH range between 11.5 and 12.5, as the sorption
data agree within the experimental uncertainty. Thus, the composition of a C-S-H phase (C/S
ratio) and pH has no measurable effect on the uptake of Fe(Il), although a reduction in Fe(II)
uptake at a higher pH is expected due to the increasing concentration of the hydrolysis product
Fe(OH)s". The uptake of Fe(Il) by C-S-H phases is much weaker compared to Fe(IIl) on the same
C-S-H phases, resulting in a difference in the sorption value (Kq) of the two oxidation states of Fe
by more than three orders of magnitude.

The spectroscopic investigations showed that Fe(Il) is coordinated in octahedral geometry (i.e.,
6 oxygen neighbours). Furthermore, Fe(Il) was found to have a large number of neighbouring Ca
(~2and ~4 in C-S-H 0.8 and 1.5, respectively) and Si atoms (~ 4 and ~ 2 in C-S-H 0.8 and 1.5,
respectively). This finding supports the idea that Fe(II) is bound either to surface sites of C-S-H
or in the interlayer. Note that the number of neighbouring atoms would be significantly higher,
i.e., typically resulting in ~ 10 neighbouring Ca and Si atoms as previously determined for Fe(III)
in C-S-H phases (Mancini et al. 2020), if Fe(Il) were taken up solely into the interlayer. The
structural data derived from EXAFS spectroscopy also indicate that Fe(Il) does not form solely
mono- or bidentate Fe(Il) surface complexes typically observed on stable oxide surfaces (e.g.
oxides, clays) for which a maximum number of three neighbouring atoms (Ca + Si + O) is
anticipated. For the current assessment, it is assumed that Fe(II) uptake occurs both by adsorption
on the outer surface of the C-S-H phases and in the interlayer in a manner similar to Fe(III)
bonding.
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Fig. B-3:  Fe(Il) sorption isotherms on C-S-H phases (target C/S ratios = 0.8 and 1.5)

The experimental study of Mancini et al. (2021) shows that Fe(Il) bonding in the interlayer cannot
be the only mechanism of Fe(Il) interaction with the C-S-H phases in the short-term sorption
samples studied by EXAFS spectroscopy (i.e., up to 14 days equilibration), while the XRD data
of the co-precipitation samples indicated an uptake into the interlayer. However, the presence of
equal proportions of surface-bound and interlayer-bound Fe(II) species cannot be excluded on the
basis of the EXAFS data. It should be noted that an alternative structure model allowing for a
total of ~ 6 (Ca + Si) neighbours can be proposed based on Fe(II) incorporation into the near-
surface structure, provided that the EXAFS spectra can be assigned to a single Fe(Il) species.
Presence of a single Fe(II) species is supported by linear sorption indicating that all sites have the
same affinity towards Fe(II) binding. Nevertheless, this alternative structural model is not in line
with the XRD data. In summary, the most plausible interpretation of the above findings from
XRD, spectroscopy and wet chemistry is as follows: i) Fe(Il) is bonded both on the surface
(formation of surface complexes) and in the interlayer at about equal quantities, ii) both sites, i.e.,
surface and interlayer sites, have similar affinities for Fe(II). This assumption is supported by the
large number of neighbouring atoms (~ 6 in total (Ca + Si)) of Fe(I) in C-S-H and the evidence
for interlayer binding provided by XRD.

The current assessment of sorption competition is based on the following assumptions regarding
Fe(II) uptake by C-S-H phases:

e Ki= 0.1 m’kg C-S-H for Fe(Il) uptake by C-S-H phases (K4 = 0.05 m3/kg HCP) and a
maximum site occupancy of 0.1 mol/kg C-S-H for all C-S-H phases irrespective of the C/S
ratio (= 0.05 mol’kg HCP).

e 50% of Fe(Il) is bound on the surface of C-S-H phases (= 0.05 mol/kg C-S-H) while 50% is
bound in the interlayer (= 0.05 mol/kg C-S-H).

e  Maximum Fe(I) loading at an aqueous Fe(II) concentration of ~ 10 M (Fig. B-3) and 107 M
(Wersin et al. 2003, Hummel et al. 2022) (see App. B.7).
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B.6 Sorption competition of Fe(ILIII) with dose-relevant radionuclides

In the current approach, we assess sorption competition in terms of maximum loadings estimated
for the corrosion products Fe(II,III) and dose-relevant radionuclides in the interlayer and surface
sites of C-S-H phases. To this end, preferential sorption sites must be assigned to each
radionuclide considered.

i.) Radionuclides not subjected to sorption competition with Fe(ILIII)

For the current assessment, it is assumed that sorption competition by Fe(ILIII) has no effect on
those dose-relevant radionuclides that are retarded by HCP in terms of an isotopic exchange
mechanism, such as:

Al Ca, *COs*, Ni, Si

For the current assessment, it is further assumed that sorption competition by Fe(IL,III) has no
effect on the uptake of anionic, dose-relevant radionuclides, such as:

Cl, Se, Mo, Tc, I, "“C-bearing organic compounds

ii.) Radionuclides subjected to sorption competition with Fe(ILIII)

Sorption competition is taken into account for those cationic, dose-relevant radionuclides that
could be taken up by C-S-H phases in all stages of cement degradation and include:

Ac, Ag, Am, Cf, Cm, Cs, Eu, Hg, Ho, Nb, Ni, Np, Pa, Pb, Po, Pu, Ra, Sn, Sr, Th, Ti, U, Zr

Spectroscopic studies have provided structural information on the uptake mechanism of some of
the cationic, dose-relevant radionuclides listed above by C-S-H phases. Lanthanides and trivalent
actinides, such as Cm(III) and Eu(IIl), can replace Ca(Il) in C-S-H phases (e.g., Tits et al. 2003,
Stumpfet al. 2004, Mandaliev et al. 2011, Wolter et al. 2019a). This finding implies the possibility
of Ca replacement by lanthanides and trivalent actinides in the interlayer and the CaO layer of
C-S-H phases. For the current assessment, sorption competition does not apply to the CaO layer
of C-S-H phases because there is no evidence that Ca replacement by either Fe(Il) or Fe(IIl)
occurs in this layer. Spectroscopic studies further showed that Np(IV) is accommodated in the
interlayer of C-S-H phases in a manner similar to that of Fe(Ill) (Gaona et al. 2011). This may
also apply to other tetravalent actinides, such as U(IV) and Pu(IV), however, experimental
evidence is presently lacking. The current assessment is thus based on the spectroscopic evidence
that sorption competition between Fe(Ill) and lanthanides (Ln(III)) as well as tri- and tetravalent
actinides (An(Ill, IV)) may occur in the interlayer of C-S-H phases. Sorption competition in the
interlayer is further assumed for other tetra-, penta- and hexavalent metal cations, also including
the actinides such as:

Nb(V), Np(V,VI), Pa(V), Pu(V,VI), Sn(IV), Ti(IV), U(V,VI) and Zr(IV)

The remaining dose-relevant radionuclides (Ag, Cs, Hg, Ni, Pb, Ra, Sr) are assumed to sorb only
on the surfaces of the C-S-H particles, such as in the case of Sr and Ra (Tits et al. 2006, 2006b,
Wieland et al. 2008) as well as Ni (Missana et al. 2022) and Pb (Rose et al. 2000, Ochs et al.
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2002a). There is experimental evidence to suggest interlayer binding of Cs and other alkalis in
C-(A)-S-H phases (Hong & Glasser 1999, 2002, Iwaida et al. 2002, L’Hopital et al. 2016, 2016).
Nevertheless, on the basis of sorption values, it is expected that bonding of Cs and alkalis uptake
in the interlayer is weaker than that of Fe(ILIIl) and in particular also the lanthanides and
actinides. This suggests that Cs and the alkalis are not able to compete with the latter metal cations
for uptake into the interlayer.

iii.) Sorption competition in the different stages of cement degradation

Sorption competition is assessed for the different stages of cement degradation (DS-I through
DS-IID). In these stages, C-S-H phases with different C/S ratios dominate.

1. DS-I(pH > 12.5)

C-S-H phases with a C/S ratio of ~ 1.6 dominate in this stage of cement degradation. Fe(III)
preferentially occupies interlayer sites, while Fe(Il) is equally distributed among surface and
interlayer sites (50%). The following modes of sorption competition are considered, including the
radionuclides that compete for the same type of sites:

Interlayer sites: Fe(ILIII), Ac, Am, Cf, Cm, Eu, Ho, Nb, Np, Pa, Po, Pu, Sn, Th, Ti, U, Zr
Surface sites: Fe(Il), Ag, Cs, Hg, Ni, Pb, Ra, Sr

2. DS-II (pH ~ 12 - 12.5)

C-S-H phases with a C/S ratio of ~ 1.6 dominate in this stage of cement degradation. Also in this
degradation stage, it is assumed that Fe(III) preferentially occupies interlayer sites, while Fe(II)
is equally distributed among surface and interlayer sites (50%). The following modes of sorption
competition are considered, including the radionuclides that compete for the same type of sites:

Interlayer sites: Fe(ILIII), Ac, Am, Cf, Cm, Eu, Ho, Nb, Np, Pa, Po, Pu, Sn, Th, Ti, U, Zr
Surface sites: Fe(Il), Ag, Cs, Hg, Ni, Pb, Ra, Sr

3. DS-II (pH < 12)

C-S-H phases with a C/S ratio between 0.7 and 1.1 dominate in this stage of cement degradation.
Fe(III) preferentially occupies surface sites, while Fe(Il) is equally distributed among surface and
interlayer sites (50%). The following modes of sorption competition are considered, including the
radionuclides that compete for the same type of sites.

Interlayer sites: Fe(II), Ac, Am, Cf, Cm, Eu, Ho, Nb, Np, Pa, Po, Pu, Sn, Th, Ti, U, Zr
Surface sites: Fe(ILIII), Ag, Cs, Hg, Ni, Pb, Ra, Sr
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B.7 Maximum loadings of dose-relevant radionuclides and stable isotopes

i.) Inventories and porewater concentrations

Maximum loadings were estimated based on the inventories of the stable isotopes of the element
in HCP (Tab. B-2) or based on the porewater concentrations determined by solubility for those
radionuclides for which no inventories have been reported, respectively (Tab. B-3). The solubility
limits of radionuclides in the cementitious near-field were assessed based on thermodynamic
calculations or expert judgement.

The maximum loadings of Fe(ILIII) on C-S-H phases are known from measurements of the
sorption isotherm and the solubility of Fe(ILIII)-hydroxides in C-S-H systems (see Section B.3
to B.5; Fig. B-2 and Fig. B-3). For example, the maximum Fe(III) loading is reached at an aqueous
Fe(III) concentration of 10 M (Fig. B-2). Accordingly, the maximum Fe(II) loading occurs at an
aqueous Fe(II) concentration of 10 M Fe(II) (Fig. B-3). Precipitation of Fe(OH), and Fe(OH);
is thus anticipated above these threshold concentrations.

Nevertheless, solubility limitation of the Fe(ILIII) concentrations may be different under the
conditions of the cementitious near-field. In the near-field situation, the Fe(IL,III) concentrations
are controlled by redox conditions in the anoxic state of the chemically heterogeneous near-field
of the L/ILW repository (Wersin et al. 2003). The redox conditions will be affected by thermo-
dynamic and kinetic factors, which are determined by the in-situ conditions, e.g., reactivity of
waste forms, porewater compositions, etc.

In general, it is anticipated that redox conditions in the near-field are mainly controlled by steel
corrosion due to the large inventory of iron and steel in the repository. The uncertainty of redox
conditions results from the limited knowledge about the redox-active Fe(ILIII)-containing
compounds present in the course of the evolution of the cementitious near-field. Hummel et al.
(2022) calculated solubility limits for Fe under anoxic (reducing) conditions equal to 3.2 - 10 M
(DS-I), 2.6 - 108 M (DS-II) and 1.5 - 10° M (DS-III). For the current assessment, we consider
this Fe(IL,III) concentration in addition to the maximum concentrations derived from the sorption
isotherm measurements (Fig. B-2 and Fig. B-3). For this reason, two values are reported for the
maximum Fe(ILIII) loadings on C-S-H phases. They are listed in Tab. B-4 to Tab. B-6.

The maximum loadings by those radionuclides competing with Fe(ILIII) for uptake by C-S-H
phases, i.e., the radionuclides listed in Tab. B-2 and Tab. B-3, were estimated in two different
ways, depending on the information that was available for a radionuclide.

On the one hand, maximum loadings of radionuclides were estimated based on the inventories of
the stable counterparts of the radionuclides in the near-field of the L/ILW repository. The
inventories of the stable isotope of a radionuclide associated with the various components in the
near-field, such as the waste matrices (e.g., metallic waste materials, cement and aggregates used
for the various applications in the disposal cavern, etc.) may be orders of magnitude larger than
the inventories of the radionuclides associated with waste materials. As a result, only very low
radionuclide concentrations are expected in the porewater of the cementitious near-field of the
L/ILW repository (Bradbury & Sarott 1994), and therefore porewater concentrations of radio-
nuclides may be controlled by the presence of stable isotope counterparts in the near-field rather
than the radionuclide inventories themselves. Hence, knowledge of the inventories of stable
elements in the near-field is imperative. For the current assessment of sorption competition, we
assume that HCP is the main source of the stable isotopes of an element. The contents of the
radionuclides in unhydrated cement are listed in Tab. B-2 (second column).
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Tab. B-2:  Concentrations of the stable counterparts of radionuclides present as impurities in
unhydrated (Wieland 2014) and hydrated CEM I 52.5 N HTS and the porewater
assuming DS-II, reducing conditions

Element | Unhydrated HCP Ra value™ Porewater Solubility-limited

cement concentration™ concentration porewater

concentration” estimated concentration™""
based on
inventory

[ppm] [mol/kg] [m3/kg HCP] [mol/L] [mol/L]
Ac - 100 7.9 - 10!
Ag - 1.0 -10* 3.9-107
Am - 100 521010
Cm - 100 1.0 - 10°
Cs 1.23 7.1-10° 1.0 - 1073 59-10° Unlimited
Eu 0.40 2.0-10° 100 2,610 5.8-10°
Hg - 1.0 -10* 3.4-107
Ho 0.35 1.6 - 106 100 2.1-10M 6.2 -10°
Nb 3.19 2.6 107 1 34-108 1.0 - 10
Ni 243 3.2-10* 0.1 1.3-10° 1.0 - 107
Np(IV) - 100 9.7-1010
Pa(V) - 100 3.0-10*
Pb 47.0 1.7 -10* 3 7.6 - 108 6.3 101
Po(IV) - 0 9.9-10%
Pu(1V) - 100 2.4 10"
Ra - 5.0-102 8.3-10°
Sn 3.47 2.2-10° 20 1.5-107 54107
Sr 1,576.0 1.4-10? 1.0 - 10 1.7-103 1.2-1073
Th 3.34 1.1-107 100 1.4-1010 1.2-10°
Ti 684.2 1.1-1072 10 1.4-10° 5.6 107
u(1v) 3.84 1.2-10° 100 1.6 - 10710 44-107
Zr 46.8 4.0-10* 10 5.1-10% 3.1-107

Estimated uncertainty: + 10%

The concentration of stable elements in HCP was estimated as follows: 1 kg unhydrated cement is mixed with
0.4 kg water (w/c = 0.4). 75% of the water is bound by cement phases during hydration, which results in a total
mass of 1.3 kg HCP (density ~ 2.2 g/cm?) and 0.1 kg free water (porosity ~ 20%).

Distribution ratios (Ra) were taken from Tab. 7-1 assuming DS-II, reducing conditions. For Eu(III), the same Rq
value as for Ho(III) and the trivalent actinides is taken.

Values correspond to those in Tab. B-3 except for Ni, which is based on the Ni concentration used for- the “shared
solubility” calculations (Tab. 4-2). The solubility of Ra was determined in equilibrium with (Ba,Ra)SO4 solid
solution at 1 - 10-® mol Ra added per 1 dm? of concrete (0.107 dm? of cement porewater).

sk

skokokok
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On the other hand, the maximum loadings of the radionuclides were estimated based on maximum
porewater concentration controlled by solubility limitation in the near-field of the L/ILW
repository (Tab. B-3) for those cases where the content of the stable isotope in cement was not
reported (Tab. B-3, second column). The solubility limits of all dose-relevant radionuclides were
taken from Hummel et al. (2022). Note that Hummel et al. (2022) assumed a cement porosity of
10 vol.-% for their solubility calculations, whereas for the calculations of the cement porewater
compositions carried out in the framework of this SDB, a cement porosity of 20 vol.-% was
assumed. Thermodynamic solubility calculations carried out assuming 20 vol.-% porosity showed
that the influence of this difference in porosity on the radionuclide solubilities is negligible (Kulik,
Pers. Comm). The solubility limits of all dose-relevant radionuclides, along with those of
Fe(Il, III) controlled by solubility limitation in the cementitious near-field, are listed in Tab. B-3.

For some of the stable isotopes in cement, the content is known, while information on the content
of stable isotopes in other near-field components (e.g., waste materials) is often lacking. It was
noted that HCP is an important source of stable elements in the cementitious near-field. Minor
and trace elements are introduced to cement during clinker production by the raw materials used.
Portland cements are ordinarily manufactured by heating raw mixes including limestone and clay,
or materials with similar bulk composition and reactivity, ultimately to a temperature of about
1,450 °C. Non-volatile impurity elements inherently associated with the raw materials are
accommodated in the clinker minerals, i.e., the products obtained through heat treatment. The
impurity elements are then released by the dissolution of the clinker minerals and distributed
among liquid and solid phases during cement hydration. The impurity elements inherently
associated with the unhydrated cement determine their background inventory in the aqueous and
solid phases of hydrated cements. Thus, hydrated cement is considered to be an important, maybe
even the main source, of the majority of the impurity elements in the cementitious near-field of
an L/ILW repository. For a few elements, such as Fe, Mn, Mo, Ni, and Cr, steel might be the main
source due to their high concentrations in this material.

During the hydration process, the impurity elements are taken up by the structure of the cement
phases of the hydrate assemblage or they may adsorb onto the surface of these phases. In contact
with water, the elements associated with the hydrate assemblage of HCP are released to solution
as a result of desorption from the surface or the interlayers of the cement phases, or as a result of
the dissolution of small portions of the cement phases under non-equilibrium conditions. Hence,
an aqueous solution in contact with HCP can contain significant concentrations of the impurity
elements governed by the partitioning of the element between the liquid and solid phases.

The content of stable isotopes in unhydrated cement as listed in Tab. B-2 (second column) has
been taken from Wieland (2014). These impurity elements are present at different concentration
levels in unhydrated cement. For example, concentrations above 100 ppm (ug/g) were determined
only for a few elements such as Sr and Ti. Most elements, however, are present at concentrations
ranging between 1 and 100 ppm, while the concentration of a few elements (Eu, Ho) is even below
1 ppm, including, in particular, the rare earth elements. Furthermore, it is expected that the
concentration of volatile elements, such as Hg, is negligibly small. The concentration of the
elements in HCP was estimated by assuming that unhydrated cement is mixed with water at a w/c
ratio of 0.4 to prepare the cement paste and, further, that 75% of the water is bound in HCP after
hydration. As a consequence of this, the concentrations in hydrated cement are ~ 30% lower than
reported for unhydrated cement (Tab. B-2, third column).

For the current assessment of sorption competition, it is further assumed that the partitioning of
the stable isotopes between cement and porewater occurs according to the distribution ratios (Rgq
values) previously selected for the elements of interest. The R4 values have been taken from
Tab. 7-1 on the assumption of reducing conditions in DS-II. The porewater concentration of each
element was calculated with the help of the HCP concentrations and the Ry values listed in
Tab. B-2 (column five).
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Tab. B-3: Maximum aqueous concentrations of the elements in cementitious environments at
pH 12.5 based on solubility limits calculated by taking into account the CPW compo-
sition under anoxic conditions in DS-II

Hummel et al. (2022)

Element Maximum conc. Element Maximum conc.
[mol/L] [mol/L]
Fe(I)" 1.0 -107/1.0 - 103 Np(ILIV) 9.7 - 1010
Fe(I)* 1.0 -107/1.0 - 106 Pa(V) 3.0-10*
Ac 7.9 - 10! Pb 6.3 - 101
Ag 3.9 - 107 Po(1V) 9.9 - 10
Am 52101 Pu(1ILIV) 241012
Cm 1.0 - 10° Ra 8.3-10°
Cs Unlimited Sn 5.4 - 107
Eu 5.8-107 Sr 1.2-1073
Hg 3.4-107 Th 1.2-10°
Ho 6.2 - 107 Ti 5.6 - 107
Nb 1.0 - 10 uav) 44-10°
Ni 5.7-10° Zr 3.1-107

5

The first value is assumed as an upper limit based on the modelling by Hummel et al. (2022) and Wersin et al.
(2003). The second value is derived from sorption of isotherm measurements on C-S-H phases.

For some elements listed in Tab. B-2 such as Ag, however, the inventories of the stable isotopes
in cement are not available, or some elements are not even present in pristine cement, such as
most actinides. For those elements, we alternatively used porewater concentrations based on
reported solubility limits in a cementitious environment (CPW with pH 12.5) (Tab. B-3 and
Tab. B-2).

A comparison of the porewater concentrations estimated from elemental inventories in HCP and
solubility limits (Tab. B-2, fifth and last column) shows that the aqueous concentrations estimated
from the former are generally lower than the ones estimated from solubility limits, with the
exception of Zr.

ii.) Estimate of maximum loadings of metal cations on HCP

The maximum loadings of the radionuclide on HCP were calculated based on the following
equations:

Initial inventory per metre of cavern: n = Mcem - Crcp [mol/m] (B-1a)
Porewater inventory per metre of cavern: nag = Vol * Caq [mol/m] (B-1b)
Loading of HCP per metre of cavern: ngw= ni — naq [mol/m] (B-1¢)
e e __ Ng—Ngq Vsol 3 _
Partitioning: R; = rar (_MCem) [m*/kg] (B-1d)

Vol and Mcem are the near-field parameters listed in Tab. B-1. Rq values are listed in Tab. B-2.
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The porewater concentrations listed in Tab. B-2 (column 5) were estimated by combining
Egs. B-1b and B-1d. The elemental loading on HCP results from the difference between total
inventory and porewater inventory according to Eq. B-1c divided by Mcem. The elemental loadings
on C-S-H phases were calculated by considering the wt.% contributions of C-S-H phases to HCP
in the three degradation stages listed in Tab. 2-3, i.e., the loading on HCP was multiplied by a
factor of 3, 2.8, and 1.5 for DS-1, DS-II and DS-III, respectively (Tab. B-4 to Tab. B-7, column 4).
The elemental loading on HCP was estimated by combining Eqs. B-1c and B-1d for those radio-
nuclides for which the porewater concentration was assumed to be controlled by solubility limits.
Correction by the above-mentioned factors results in the elemental loadings on C-S-H phases.

The maximum loadings on interlayer and surface sites were estimated in accordance with the
preferential sorption of each element as discussed in App. B.6 (Tab. B-4 to Tab. B-7, columns 6
and 7).

Sorption competition was estimated for two scenarios as follows:

Base case: For those elements, for which the porewater concentration could not be estimated on
the basis of the impurity element inventory in HCP, the maximum concentrations based on
solubility limits were used for the base case of sorption competition for DS-I through DS-III
(Tab. B-4 to Tab. B-6).

Upper bound: For an extreme scenario (Tab. B-7), we used the solubility-limited porewater
concentrations of all elements, irrespective of their inventory in HCP. It should be noted, however,
that the solubility-limited concentration of an element in the porewater is only reached if the
inventory of this element is sufficiently large in the cementitious near-field of the L/ILW
repository. For example, the inventory of Fe(0) in the L/ILW repository is large due to the
presence of metallic waste materials. However, the inventory may be very limited in the L/ILW
repository for those elements, which are not associated with specific waste types or whose
inventory in the waste is very low, such as the actinides.

The loading of C-S-H phases by dose-relevant radionuclides is assessed using the same approach
as for Fe(ILIII). For the base case, we estimated the loading of the C-S-H phases by the stable
counterpart of a dose-relevant radionuclide on the basis of the partitioning of the element between
HCP and CPW (Tab. B-2) or using the solubility-limited concentrations for those elements for
which no stable element content has been reported (Tab. B-2, last column, and Tab. B-3). The
loadings on C-S-H phases were calculated for DS-I through DS-III. Calculations account for
DS-II and reducing conditions take a potential extreme scenario into consideration. The estimated
loadings of the C-S-H phases for the base case are listed in Tab. B-4 to Tab. B-6. For the upper
bound case, we estimated the loading of C-S-H phases on the assumption that the porewater
concentration of all dose-relevant radionuclides is controlled by the solubility limits listed in
Tab. B-3). The results of the calculations are listed in Tab. B-7.

The loadings of the C-S-H phases were estimated in accordance with the expected near-field
conditions, i.e., 4.02 - 10* kg HCP per metre of cavern length in contact with 29 m? porewater per
metre of cavern length (Tab. B-1), which corresponds to an S/L ratio of 1,386 kg/m>. Tab. B-4 to
Tab. B-6 show the results for the three stages of cement degradation. Differences in the loadings
of C-S-H phases result from the different Rq values of some elements in the three stages, in
particular Cs, Np(V), Pa(V), Pb, Pu(VI), Ra, Sr, and U(VI) (Tab. 7-1).

Tabs. B-4 to B-6 show the pronounced effect of Pa(V) on the interlayer loading of C-S-H phases
due to its high solubility. The loadings range from ~ 41 to 51 mol/kg in the three stages of cement
degradation. It is very unlikely that such a high porewater concentration of 3.4 - 10 mol/L can
be achieved in the near-field, as it is expected that the Pa inventory of the waste materials will be
too low to reach saturation with the solubility-limiting Pa(V) phase Pa;Os. Therefore, it is
assumed that the influence of Pa is greatly overestimated in the present assessment of sorption
competition, and it is safe to ignore the high interlayer loading caused by Pa(V) sorption.



NAGRA NTB 23-07 B-18

Neglecting the contribution of Pa(V) leads to total interlayer loadings ranging from 0.02 to
0.08 mol/kg for the best estimate (i.e., low Fe(Il, III) loading) and 0.06 to 0.42 mol/kg for the
worst case (i.e., high Fe(ILIII) loading) in the three stages of cement degradation. The
corresponding surface loadings of C-S-H phases are estimated to range in value between 0.03 and
0.05 mol/kg (best estimate) and between 0.11 and 0.20 mol/kg (worst case).

Besides Pa(V), Fe(Il) and Fe(IlI) are important contributors to the surface and interlayer loadings
of C-S-H phases (Tabs. B-4 to B-6). In addition, significant contributions arise from Ti for the
interlayer loading and from Sr for the surface loading. All other metal cations contribute
significantly less to the maximum loadings of interlayer and surface sites. In DS-I and DS-II,
Fe(III) is assumed to be preferentially taken up by the interlayer of C-S-H with a C/S ratio ~ 1.6,
indicating that Fe(III) is the main competitor for radionuclide uptake by the interlayer. In contrast,
Fe(Ill) is the main competitor for surface sorption in DS-III, which is a consequence of the
interpretation of the spectroscopic and »’Si NMR data previously reported by Mancini et al.
(2020). These data support the idea that Fe(Ill) is preferentially taken up by the interlayer of
C-S-H phases at C/S ratios > 1.2, while the evidence is that Fe(IlI) is preferentially surface-bound
on C-S-H phase with a C/S ratio of 0.8 and below.

For the upper bound case, we calculated higher loadings for all elements as the porewater
concentrations of the elements determined by solubility limits are generally higher than those
estimated on the basis of HCP inventories.

In summary, the loadings on C-S-H phases for the base case can be estimated based on the
assumption that HCP present in the cementitious near-field is the main source of impurity
elements, with the exception of a few elements for which the concentration in the near-field pore-
water was estimated on the basis of solubility limits. The partitioning of radionuclides between
HCP and porewater is expected to occur in the same manner as for the stable counterparts of the
radionuclides. The current evaluation of the upper bound values implies that knowledge of the
inventory of the stable isotopes of dose-relevant radionuclides in an L/ILW repository is essential
as it has consequences on the assessment of sorption reduction by competing metal cations. The
availability of elemental inventories suggests that the upper bound case, i.e., porewater concen-
trations controlled solely by solubility limits, leads to a very conservative assessment of sorption
competition. The influence of Pa, in particular, could be greatly overestimated due to its high
solubility limit. It should be noted that the upper bound loading of metal cations on the C-S-H
phases in DS-II (Tab. B-7) decreases to 1.1 mol/kg instead of 48.4 mol/kg if the loading by Pa(V)
is neglected.
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Tab. B-4:  Loading of C-S-H phases under near-field conditions in DS-1

Element Rq value® Aqueous C-S-H Sorption Interlayer Surface sites

(redox state) concentr.” loading™* mode sites loading loading
[m3/kg HCP] [mol/L] [mol/kg] [mol/kg] [mol/kg]

Fe(Il) 0.05 10771073 1.5-107/0.15 50% Int./ 7.5 -10°%/0.075 7.5+ 10

50% Sur. 0.075

Fe(IID) 100 107/10°¢ 0.03/0.3 Interlayer 0.03/0.3

Ac 100 7.9 - 101 2.4-107 Interlayer 2.4-107

Ag 1.0-10# 3.9-107 1.2-107 Surface 1.2-107

Am 100 521010 1.6 -10% Interlayer 1.6 - 10%

Cm 100 1.0 -10? 3.0-10% Interlayer 3.0-10%

Cs 5.0-10* 8.6 - 10° 1.3-107 Surface 1.3-107

Eu 100 2,610 7.9 - 10 Interlayer 7.9 -10°

Hg 1.0 - 10# 3.4-107 1.0 - 107 Surface 1.0 - 107

Ho 100 2.1-101 6.4-10° Interlayer 6.4-10°

Nb 1 34-108 1.0-10* Interlayer 1.0 - 10*

Ni 0.1 4.1-10° 3.0-10°3 Surface 3.0 1073

Np(V) 50 9.7-1010 1.5-10% Interlayer 1.5-10%

Np(IV) 100 9.7-1010 2.9-10% Interlayer 2.9-10%

Pa(V) 50 3.0-10% 45.0 Interlayer 45.0

Pb 0.5 45107 6.8-10* Surface 6.8 - 10

Pu(V) 2 5.0 - 1010 3.0-10° Interlayer 3.0-10°

Pu(IV) 100 2.4-1012 7.2 107 Interlayer 7.2 107

Ra 0.5 8.3 10 1.25-102 Surface 1.25-1072

Sn 10 2.9-10° 8.8 107 Interlayer 8.8 107

Sr 0.1 1.8-10* 5.4-1072 Surface 5.4-107

Th 100 1.4-101° 43-103 Interlayer 43-103

Ti 10 1.4-10° 43102 Interlayer 43-102

uav) 100 1.6 - 1010 48103 Interlayer 48103

u(vID) 2 8.1-107 48103 Interlayer 48103

Zr 10 5.1-108 1.5-103 Interlayer 1.5-103

Total 45.2/45.6 45.1/45.5 0.07/0.14

5

Ra values relate to HCP as reported in Tab. 7-1 except for Ni, which is based on Missana et al. (2022).

Porewater concentrations were calculated based on inventory (Tab. B-2) and R4 values from Tab. 7-1, or solubility-

limited porewater concentrations when inventory is not known.
*** C-S-H loading was calculated on the basis of 33.3 wt.% C-S-H in HCP (see Section 2.2, Tab. 2-3).
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Tab. B-5:  Loading of C-S-H phases under near-field conditions in DS-II

Element Rq value® Aqueous C-S-H Sorption mode |Interlayer sites| Surface sites

(redox state) concentr.” loading loading loading
[m3/kg HCP] [mol/L] [mol/kg] [mol/kg] [mol/kg]

Fe(Il) 0.05 1071073 1.4 -10/0.14 50% Int./ 7.0 - 1090.07 | 7.0 - 10°/0.07

50% Sur.

Fe(IID) 100 107/10°¢ 0.03/0.27 Interlayer 0.03/0.27

Ac 100 7.9 - 101 2.2-107 Interlayer 2.2-107

Ag 1.0-10# 3.9-107 1.1-107 Surface 1.1-107

Am 100 521010 1.4-10% Interlayer 1.4-10%

Cm 100 1.0 -10? 2.7-10% Interlayer 2.7-10%

Cs 1073 5.9-10° 1.6 - 107 Surface 1.6 - 107

Eu 100 2.6- 101 7.2-10° Interlayer 7.2-10°

Hg 1.0-10# 3.4-107 9.3-10% Surface 9.3-10%

Ho 100 2.1-101 5.8-10° Interlayer 5.8-10°

Nb 1 34-108 9.4-107 Interlayer 9.4-107

Ni 0.1 41-10° 2.7-103 Surface 2.7-103

Np(V) 50 9.7-1010 1.3-10% Interlayer 1.3-10%

Np(IV) 100 9.7- 1010 2.6-10% Interlayer 2.6-10%

Pa(V) 50 2.4-10* 32.7 Interlayer 32.7

Pb 3 7.6 108 5.2-10° Surface 5.2-10°

Pu(V) 20 5.0 - 1010 2.7-103 Interlayer 2.7-103

Pu(IV) 100 2.4-1012 6.5-107 Interlayer 6.5-107

Ra 0.05 8.3 10 1.3-103 Surface 1.3-107

Sn 20 1.5-10° 8.0 - 107 Interlayer 8.0 - 107

Sr 0.01 1.7 - 107 4.6 - 102 Surface 4.6 - 102

Th 100 1.4-101° 39107 Interlayer 39107

Ti 10 1.4-10° 3.9-102 Interlayer 3.9-102

uav) 100 1.6 - 1010 4.4-103 Interlayer 4.4-103

0/4%)) 20 8.1- 10710 44-10° Interlayer 44- 107

Zr 10 5.1-108 1.4-103 Interlayer 1.4-103

Total 33.2/32.8 33.1/32.8 0.05/0.12

5

Ra values relate to HCP as reported in Tab. 7-1 except for Ni, which is based on Missana et al. (2022).

Porewater concentrations were calculated based on inventory (Tab. B-2) and R4 values from Tab. 7-1, or solubility-

limited porewater concentrations when inventory is not known.

*** C-S-H loading was calculated on the basis of 36.7 wt.% C-S-H in HCP.
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Tab. B-6: Loading of C-S-H phases under near-field conditions in DS-III
Element Rq value® Aqueous C-S-H Sorption mode |Interlayer sites| Surface sites
(redox state) concentr.” loading™* loading loading

[m3/kg HCP] [mol/L] [mol/kg] [mol/kg] [mol/kg]
Fe(Il) 0.05 1071073 7.4 -10°/0.074 50% Int./ 3.7 -10°%/0.037 [3.7 - 10%/0.037
50% Sur.

Fe(IID) 100 107/10°¢ 0.015/0.15 Interlayer 0.015/0.15
Ac 100 7.9- 101 1.2-103 Interlayer 1.2-103
Ag 1.0-10# 3.9-107 58-10% Surface 5.8-10°8
Am 100 521010 7.7 - 107 Interlayer 7.7 -107
Cm 100 1.0 -10? 1.5-10% Interlayer 1.5- 10*
Cs 5.0-10* 8.6 - 10° 6.4 -10° Surface 6.4 -10°
Eu 100 2.6- 101 3.9-10° Interlayer 3.9-10°
Hg 1.0-10# 3.4-107 5.0-10% Surface 43-10%
Ho 100 2.1-101 3.1-10° Interlayer 3.1-10°
Nb 1 34-108 5.1-107 Interlayer 5.1-107
Ni 4.2 9.9-10% 6.1-10* Surface 6.1-10*
Np(V) 100 9.7-1010 1.4-10% Interlayer 1.4-10%
Np(IV) 100 9.7- 1010 1.4-10% Interlayer 1.4-10%
Pa 100 3.0-10% 44.4 Interlayer 44 .4
Pb 30 7.5-107 2.8 1073 Surface 2.8 1073
Pu(V) 100 5.0 - 1010 74107 Interlayer 7.4 107
Pu(1V) 100 2.1-1012 3.1-107 Interlayer 3.1-107
Ra 0.1 8.3 10 1.2-103 Surface 1.2-107
Sn 20 1.5-10° 43-103 Interlayer 43103
Sr 1.0 - 107 1.1-1072 1.7 - 102 Surface 1.7 - 10
Th 100 1.4-101° 2.1-103 Interlayer 2.1-103
Ti 10 1.4-10° 2.1-102 Interlayer 2.1-102
uav) 100 1.6 - 1010 2.4-107 Interlayer 2.4-107
U(VI) 100 1.6 - 10710 2.4-10°3 Interlayer 2.4-10°3
Zr 10 5.1-108 7.6 - 10% Interlayer 7.6 - 107
Total 44.5/44.7 44.5/44.5 0.03/0.2

5

Ra values relate to HCP as reported in Tab. 7-1 except for Ni, which is based on Missana et al. (2022).

Porewater concentrations were calculated based on inventory (Tab. B-2) and R4 values from Tab. 7-1, or solubility-

limited porewater concentrations when inventory is not known.

*** C-S-H loading was calculated on the basis of 67.5 wt.% C-S-H in HCP.
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Tab. B-7:  Upper bound of the loading of C-S-H phases under near-field conditions in DS-II
Element Rq value® Aqueous C-S-H Sorption Interlayer Surface sites
(redox state) concentr. ™" loading™* mode sites loading loading

[m3/kg HCP] [mol/L] [mol/kg] [mol/kg] [mol/kg]
Fe(Il) 0.05 1.0 - 107 0.14 50% Interl./ 0.07 0.07
50% Surf.
Fe(III) 100 1.0 - 10 0.27 Interlayer 0.27
Ac 100 7.9 - 101 2.1-107 Interlayer 5.5-107
Ag 1.0-10# 3.9-107 1.5-107 Surface 1.5-107
Am 100 521010 1.4-10% Interlayer 1.4-10%
Cm 100 1.0 -10? 2.7-10% Interlayer 2.7-10%
Cs 1.0 - 107 1.0 - 107 2.7 103 Surface 2.7 1073
Eu 100 5.8-10° 1.5-103 Interlayer 1.5-103
Hg 1.0-10# 3.4-107 1.3-107 Surface 1.3-107
Ho 100 6.2-10° 1.7-1073 Interlayer 1.7-103
Nb 1 1.0 - 10 2.8-103 Interlayer 2.8-103
Ni 0.1 5.7-10° 1.5-107 Surface 1.5-107
Np(V) 50 9.7-1010 1.32-10% Interlayer 1.32-10%
Np(IV) 100 9.7- 1010 2.6-10% Interlayer 2.6-10%
Pa 50 3.0-10% 46.3 Interlayer 46.3
Pb 3 6.3 101 5.5-10° Surface 5.5-10°
Pu(V) 20 2.4-1012 1.3-107 Interlayer 1.3-107
Pu(1V) 100 2.4-1012 6.3-107 Interlayer 6.3-107
Ra 0.05 8.3 10 1.1-103 Surface 1.1-1073
Sn 20 54-107 2.9- 107 Interlayer 2.9-102
Sr 0.01 1.2-107 3.3-1072 Surface 3.3-1072
Th 100 1.2-10? 3.3-10% Interlayer 33-10%
Ti 10 5.6 - 107 1.53 Interlayer 1.53
uav) 100 4.4-10° 1.2-103 Interlayer 1.2-103
U(VI) 20 1.0 - 107 0.54 Interlayer 0.54
Zr 10 3.1-10° 8.4 107 Interlayer 8.4 107
Total 48.4 48.2 0.2

5

Ra values relate to HCP as reported in Tab. 7-1 except for Ni, which is based on Missana et al. (2022).

Porewater concentrations were calculated based on inventory (Tab. B-2) and R4 values from Tab. 7-1, or solubility-
limited porewater concentrations when inventory is not known.
*** C-S-H loading was calculated on the basis of 36.7 wt.% C-S-H in HCP.
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B.8 Comparison of elemental loadings and sorption capacity on C-S-H
phases

For an appraisal of sorption competition, the estimates for the maximum loadings of interlayer
and surface sites of C-S-H phases have to be compared with the maximum sorption capacity of
the two different sites on C-S-H phases.

i.) Estimate of the sorption capacity of C-S-H phases

The structure of tobermorite is used as an example to illustrate structural aspects of sorption
competition. The “Dreierketten” structure of tobermorite, which has a low C/S ratio, consists of
non-bridging silica tetrahedra connected by bridging silica tetrahedral (Fig. B-1b). The Si in each
non-bridging silicate tetrahedron shares all its oxygen atoms with other Si ions or with Ca in the
octahedral plane. The Si in the bridging silica tetrahedra, however, have two unshared oxygen
atoms neutralised by H", thus forming a (=Si-(OH), group). Furthermore, the silicate end-groups,
i.e., silicates connected to only one other silicate group (Si[Q']), also carry an unshared oxygen
atom. With increasing pH, the silandiol groups in the interlayers and the silanol end-groups at the
edges become dissociated and form potential sorption sites for Ca** or other cations (Richardson
2004). With an increase of the C/S ratio, the bridging silica tetrahedra are removed from the
“Dreierketten” structure, resulting in the formation of additional Si[Q!] groups on the remaining
non-bridging silica tetrahedra, which carry one unshared oxygen atom. In terms of negatively
charged sites, an increase in the C/S ratio results in the replacement of a silandiol site carrying
two unshared oxygen atoms with two silanol sites that each carry one unshared oxygen atom.

Synchrotron-based spectroscopic studies showed that the local coordination environment of
cations sorbing in the C-S-H interlayer is typically characterised by the presence of three (high
C/S ratio) to five (low C/S ratio) neighbouring Si atoms from the silica tetrahedral chains forming
the C-S-H interlayer (e.g., Mandaliev et al. 2010, Gaona et al. 2011, Mancini et al. 2020). Hence,
three to five Si atoms form one interlayer sorption site (Fig. B-4). The uncertainties on the Si
coordination numbers (Ng;) in the EXAFS studies is always rather high (£ 1). For the current
estimate of the number of interlayer sorption sites, we therefore assume an average value of
Nsi= 4 irrespective of the C/S ratio. The four Si atoms in the C-S-H structure form one interlayer
sorption site.

Synchrotron-based spectroscopic studies further indicated that cations sorbing on the surface of
C-S-H phases generally form monodentate bonds to only one silanol site (e.g., Rose et al. 2000,
Wieland et al. 2008). Thus, we assume that each surface silanol group forms one potential surface
sorption site.
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Si-tetraedra

Si-tetraedra

Fig. B-4:  Np(IV) sorption into the interlayers of C-S-H phases with low (a) and high (b) C/S
ratios

Figure taken from Gaona et al. (2011)

Both the number of interlayer sorption sites and the number of surface sorption sites are related
to the amount of silica tetrahedra associated with the C-S-H structure. This value can be calculated
from the C-S-H composition, i.e., the CaO, SiO, and H>O contents of the C-S-H phases. This
composition is defined by the C/S ratio of the C-S-H phases and varies depending on the cement
degradation stage. For the calculation of the composition, we take a C/S of 1.58 (DS-I and DS-II),
and a C/S of 0.77 (DS-III). In the case of DS-II and DS-III, the selected C/S ratios correspond to
the C-S-H phases at the end of the degradation stage. The H,O content was quantified in view of
the C-S-H structure. Miiller et al. (2013) distinguished between interlayer water and gel water in
C-S-H phases. Including the gel water, C-S-H phases contain 4 — 6 H,O molecules per Si atom,
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two of which are positioned in the C-S-H interlayer and, depending on the degree of hydration,
2 — 4 are positioned in the gel pores. For the present assessment, we assume 4 moles H,O per
mole C-S-H. The molecular weight of C-S-H phases (mw) is defined as follows:

mwC-S-H = (C/S) - mwCaO + mwSiO> + 4 mwH-O [kg/mol] (B-2)

with mwCaO, mwSiO; and mwH>O as the molecular weights of CaO (= 0.05608 kg/mol), SiO;
(=0.06009 kg/mol) and H,O (= 0.01802 kg/mol), respectively. This definition means that one
mole C-S-H phase contains one mole Si atoms.

Using Eq. B-2, the mw values of C-S-H phases with C/S ratios of 1.58 and 0.7 were calculated to
be 0.2205 kg/mol and 0.1712 kg/mol, respectively.

The above considerations allowed us to calculate the Si content (csi) of the C-S-H phases for
different C/S ratios:

csi= 1/mwC-S-H [mol/kg] (B-3)

Applying Eq. B-3 results in Cs; values of 4.54 mol/kg and 5.84 mol/kg, for the C-S-H phases with
C/S ratios of 1.58 and 0.70, respectively.

The sorption capacity of the surfaces of C-S-H particles (csi*™) was estimated based upon the
measured surface area after Brunauer et al. (1938) (BET surface area) (~ 148 m*g; Tits et al.
2006b) and accepting a density of 4.8 silanol groups per nm? previously calculated by
Labbez et al. (2006) on the assumption that the C-S-H structure closely resembles the structure
of 14-A tobermorite. This latter value is comparable to the density of surface hydroxyl groups on
amorphous SiO; (5 sites per nm?) reported earlier by Schindler (1984). The combination of the
silanol surface density with the BET surface area reported by Tits et al. (2006) results in a surface
sorption site density per unit mass of 1.2 mol/kg. Note that the sample treatment applied prior to
a BET measurement (2 hours under vacuum at 80 °C) can change the C-S-H structure dramati-
cally and thus the BET surface area. Hence, the surface area reported by Tits et al. (2006) and
used in this study is taken as a lower bound. This implies that a surface sorption site density per
unit mass of 1.2 mol/kg can be used as a lower limit.

The interlayer sorption capacity of C-S-H phases (csi™) was estimated as follows: the amount of
Si-forming interlayer sorption sites (csi™) was obtained from the difference between the total
amount of Si of C-S-H phases (cs;) and the amount of Si-forming surface sorption sites (csi™"):

csi™ = cgi — csi™f [mol/kg] (B-4)

On the assumption that four interlayer Si atoms form one interlayer sorption site, the interlayer
sorption capacity was obtained by dividing csi™ by 4. This results in the following interlayer
sorption capacities: 0.83 mol/kg (C/S =1.58) and 1.16 mol/kg (C/S = 0.7). Note that the interlayer
sorption capacities estimated above are absolute maximum capacities based on the total number
of dissociated silanol and silandiol sites per kg of C-S-H phase. Under real conditions, the
maximum sorption capacity could be lower because not every interlayer sorption site might
accommodate one radionuclide cation, for example due to steric constraints, charge compensation
(electroneutrality), etc.
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I1.) Comparison

The elemental loadings on C-S-H phases estimated based on the inventories of the stable isotopes
and their maximum sorption capacity were compared for the three stages of cement degradation
(Tab. B-8). The results show that loadings of all stable isotopes and radionuclides competing for
sorption are much higher than the maximum sorption capacity of the C-S-H phases. The reason
for this is the extremely high Pa(V) loading caused by the high solubility of Pa(V) under alkaline
conditions (3 - 10* M) along with the high R4 value (40 — 100 m*/kg) for this element in Tab. 7-1.
These high Pa(V) loadings seem very unlikely. Therefore, the table also shows values for the
C-S-H loadings in which the contribution of Pa(V) is ignored. The latter, more realistic, values
are generally lower than the maximum sorption capacity both of the interlayer and the surface
sites in all stages of cement degradation. In the further discussion, only the loadings without the
Pa(V) contribution will be considered. In the case of the interlayer sites, the maximum
occupancies depend on the scenario considered for Fe(ILIII) uptake. Maximum occupancies are
as follows: DS-I: 7.8/54.5%, DS-II: 9.1/49.3%, DS-III: ~ 1.4/4.2%. The lower site occupancies
in DS-I and DS-II were estimated by assuming that, at best, the Fe(IlI) concentration reaches
107 M by solubility limitation. The calculations imply that loading of the interlayer sites by
impurity elements is not negligibly small. In the case of the surface sites, less than 20% of the
sites are expected to be occupied by metal cations in all degradation stages, predominately to
Fe(III) by assuming the higher Fe loadings. However, site occupancy reduces to less than 10% on
the assumption that the Fe(IIT) concentration reaches 10" M by solubility limitation.

The above findings reveal that structural information on the Fe(ILIII) uptake by C-S-H phases
and maximum Fe(ILIII) loadings on the C-S-H phases are essential with a view to the current
assessment of sorption competition. The maximum sorption capacities on the surface of C-S-H
phases and in the interlayer are comparable. Thus, it is essential to identify the binding
mechanisms of radionuclides on C-S-H phases, i.c., whether or not a metal cation of interest is
preferentially bonded to interlayer sites, CaO layer sites or surface sites, respectively.

Tab. B-8:  Comparison of C-S-H loadings in the three stages of cement degradation with the
maximum sorption capacity of interlayer and surface sites for the base case

Total sites Interlayer sites Surface sites
[mol/kg] [mol/kg] [mol/kg]

Stage 1
Maximum sorption capacity 2.03 0.83 1.2
Estimated loading ( 0.2/0.6" 0.1/0.5" 0.07/0.14"
Tab. B-4)
Stage I1
Maximum sorption capacity 2.03 0.83 1.2
Estimated loading (Tab. B-5)" 0.1/0.5" 0.1/0.4" 0.05/0.12"
Stage 111
Maximum sorption capacity 2.36 1.16 1.2
Estimated loading (Tab. B-6)" 0.1/0.3 0.1/0.1° 0.03/0.2"

5

value) Fe loadings.

C-S-H loadings neglecting the contribution of Pa(V) (see text) and referring to low (first value) and high (second
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In the case of the upper bound estimate, it emerges that the maximum sorption capacities of the
interlayer sites are significantly lower than the maximum loadings of metal cations, e.g., compare
48.2 mol/kg (Tab. B-7) with 0.83 — 1.16 mol/kg (Tab. B-8). In the case of the surface sites, the
maximum loading is lower than the maximum sorption capacity, e.g., compare 0.2 mol/kg
(Tab. B-7) with 1.2 mol/kg (Tab. B-8). However, it should again be noted that the main
contributions are related to Pa(V) (40.9 mol/kg) in the case of interlayer loading. The current
estimate supports our previous conclusion that a more detailed assessment would be required on
the basis of elemental inventories in the near-field. The availability of elemental inventories
would allow us to assess the upper bound case with regard to the underlying assumption that the
porewater concentration of an impurity element is controlled solely by solubility limits if the
elemental inventory is sufficiently large.

B.9 Recommendation for an appraisal of sorption competition in the
cementitious near-field of an L/ILW repository

The current appraisal of sorption competition has been based on the assumption that HCP present
in the cementitious near-field is the main source of impurity elements (“base case”), with the
exception of a few elements for which their content in cement is not known. This assumption
implies that the inventories of the impurity elements in waste are much smaller. It should be noted
that HCP is the major component of the L/ILW near-field. Therefore, it is anticipated that the
partitioning of the impurity elements between HCP and porewater determines the maximum
loading of most elements on C-S-H phases. Nevertheless, for some impurity elements, the content
in HCP is not known, while they could be present in the waste in significant amounts. For this
reason, the maximum concentration in CPW determined by solubility limitation was considered
as input parameter for those elements with unknown content in HCP. This approach implies that
i) the inventory of an impurity element controlled by solubility is sufficiently large in the near-
field in order to actually reach the solubility of the element considered, and ii) a solid phase
precipitates above the threshold concentration, which limits the loading on C-S-H phases of the
element considered. It should be noted that the above assumption of the maximum concentration
of the impurity elements to be controlled by solubility can be expected to contribute a high level
of conservatism to the current assessment and increase the safety margin. For example, Tab. B-2
shows that the concentration of the elements calculated on the basis of HCP inventories is, in most
cases, much lower than the maximum concentration estimated on the basis of solubility limits
(Tab. B-3). For example, the porewater concentration of Cs was estimated to be 5.9 - 10°M on
the basis of its content in HCP, while its solubility is not limited under cementitious near-field
conditions. Comparison of maximum metal loading with maximum sorption capacities of C-S-H
phases shows that the underlying assumptions regarding elemental inventories in the near-field is
important for a more refined and more precise appraisal of sorption competition, i.e., by consider-
ing impurity elements associated with HCP and the waste.

The current assessment of sorption competition implies the possibility of a sorption competition
between dose-relevant radionuclides and Fe(ILII). In particular, Fe(Ill) at maximum loadings
may occupy a significant portion of the interlayer sites or surface sites, respectively, of C-S-H
phases. The maximum loading, however, depends on the Fe(Ill) concentration expected in the
porewater of the cementitious near-field. It should be noted that the latter concentration was
estimated to be much higher on the basis of laboratory studies (Mancini et al. 2020, 2021) as
compared to estimated solubility limits under near-field conditions (Wersin et al. 2003, Hummel
etal. 2022). In addition to Fe(ILIII), the presence of stable isotopes may also contribute to sorption
competition and reduce the uptake of the dose-relevant radionuclides by C-S-H phases. In the
current appraisal of sorption competition, HCP is considered as the main source of the stable
isotopes of a radionuclide in the cementitious near-field.
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The current assessment is further based on a simplified consideration of the sorption capacity for
the retention of metal cations in the real cementitious near-field. C-S-H phases are considered as
the main sorbent for metals cations, thus neglecting additional sorbents that can be expected in
the cementitious near-field, such as iron corrosion products as well as cement phases present in
smaller amounts (e.g., hydrotalcite, calcite) and cement alteration products (e.g., zeolites). It
should be noted that sorption onto these minerals could reduce the cation loading of the C-S-H
phases.

On the basis of the above considerations, we conclude that, for the base case, sorption competition
can be neglected as the loading of metal cations does not exceed the maximum sorption capacity
of C-S-H phases. However, sorption reduction factors related to sorption competition could be
considered for pessimistic scenarios. In this case, a sorption reduction factor of 10 is recom-
mended for all radionuclides preferentially taken up into the interlayer of C-S-H phases. The
recommended value is based on expert judgement. The same reduction factor has been assigned
to surface-bound radionuclides in DS-III.

The pessimistic value is based on the following appraisal:

e Site occupancies on C-S-H phases by Fe(ILIII) could be significant in all stages of cement
degradation and irrespective of the C/S ratio of C-S-H phases, which may result in maximum
loadings ranging between 10 and 20% of the total sorption capacity of C-S-H phases.

e Impurity elements present in the near-field (stable isotopes) could additionally occupy
sorption sites on C-S-H phases.

e Sorption capacities estimated for both surface and interlayer sites are maximum capacities
based on the total number of dissociated silanol and silandiol sites per g C-S-H phase. In
reality, the maximum sorption capacities could be lower because not every dissociated Si-O-
site of C-S-H might accommodate one radionuclide cation. The reasons are steric constraints,
charge compensation, etc. This means that sorption sites may have different affinities with
regard to metal binding, and subsets of sites may exist.

The sorption reduction factors due to sorption competition are listed in Tab. 7-6.
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App. C Influence of EDTA on radionuclide speciation

C.l1 Database and code

The calculations of the EDTA “solubility enhancement factors” discussed in Section 6.3.3 were
performed with the most recent version of the GEM Software (GEMS, https://gems.web.psi.ch/)
using the PSI Chemical Thermodynamic Database 2020 (TDB 2020, Hummel & Thoenen 2023)
imported by G.D. Miron into GEMS format and combined with the CEMDATA18 TDB adjusted
to TDB 2020 (Lothenbach et al. 2019; https://www.empa.ch/web/s308/cemdata). TDB 2020
contains thermodynamic data for all radionuclides considered in this modelling study, and thus
no additional thermodynamic data were needed from other sources.

C.2 Porewater compositions

The solubility calculations were performed in a cement porewater representing cement degrada-
tion stage II under reducing conditions (DS-II) (Tab. 2-3).

C3 Operational approach for deriving “EDTA solubility enhancement
factors”

“EDTA solubility enhancement factors” were calculated for a total EDTA concentration of
0.025 M, the maximum concentration in certain waste forms (Tab. 6-1). The calculation proce-
dures followed and the database used for EDTA complexation calculations are described in
Hummel et al. (2022). Solubilities were first calculated without EDTA as described in Hummel
et al (2022) followed by an “all-in-one” recalculation in the presence of EDTA, meaning that the
speciation several radionuclides of interest is calculated in a cement-type porewater in the
presence of EDTA (Tab. C-1) (see Hummel et al. 2022 for details on the calculation procedure).
The GEMS recipe is described in Tab. C-1. The predefined composition objects (compos)
“CEMIPWDS2ZrE20” and “RedoxMtpy” are defined in Tab. C-2 and Tab. C-3.

After calculating the porewater composition without EDTA, 0.048 mol Na,H,EDTA were added
as described in composition object “CEMIPWDS2ZrE20” (Tab. C-2). To obtain the desired total
concentration of 0.025 M EDTA, half the amount introduced in the composition object
“CEMIPWDS2ZrE20” was subtracted again in the GEMS recipe described in Tab. C-1.

Reducing conditions were obtained by adding 0.3 g of a magnetite — pyrite FeS, redox buffer
defined in composition object “RedoxMtPy”.

The resulting porewater compositions for selected elements in the absence and presence of
0.025 M EDTA can be found in Tab. 6-3.
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Tab. C-1: GEMS recipe of the anoxic all-in-one system in the presence of 0.025 M EDTA
Recipe: PW_SGT3:G:DS2ZreSLhAIl:21:0:1:25:1:
Property | Compos. name Quantity Units | Property | Compos | Quantity Units
name
xa_ BaSOa4 1E-5 Mol bi_ Cm 3E-9 Mol
Xa_ CEMIPWDS2ZrE20 1 Mol bi_ Cs 1E-9 Mol
xa_ Ca(OH): 0.1 Mol bi_ Eu 1E-8 Mol
xa_ HC1 7.72182E-05 Mol bi_ Hg 3E-6 Mol
xa_ Na;H:Edta -0.0242535 Mol bi_ Ho 1E-8 Mol
Xa_ NaOH 1E-9 Mol bi_ Nb 1E-6 Mol
xa_ Ni(OH)» 0.1 Mol | bi_ 0 0.0045 Mol
xa_ NpO2 3E-5 Mol bi_ Pa 0.001 Mol
xa_ PuOz 1E-6 Mol bi_ Pb 1E-9 Mol
xa_ RedoxMtPy 0.3 g bi_ Po 1E-6 Mol
bi_ Ra 4E-5 Mol
xa_ SrCOs3 0.001 Mol bi_ Sn 1E-6 Mol
Xa_ U0z 0.003 Mol bi_ Th 1E-8 Mol
bi_ Ac 3E-9 Mol bi_ Ti 0.001 Mol
bi_ Ag 1E-6 Mol bi_ Zr 1E-8 Mol
bi_ Am 1E-9 Mol dul_ ?H)I(OH)z 0 Mol
cr

xa_: Compos object quantity to add
bi_: IComp object quantity to add
dul_: Upper on amount of DComp




Tab. C-2:

Tab. C-3:

Composition of composition object “CEMIPWDS2ZrE20”

C-3
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symIC PCO Units
Al e 1.55E-05 Mol
Ba e 2.91E-05 Mol
Br e 9.84E-10 Mol
e 1.62E-05 Mol
Ca e 0.06523348 Mol
Cl e 0.1965899 Mol
Edta a 0.04846979 Mol
F e 0.00017399 Mol
Fe e 2.51E-08 Mol
H h 107.3644 Mol
K e 0.06507773 Mol
Mg e 5.45E-09 Mol
Mn e 6.47E-07 Mol
N atma 9.98E-10 Mol
Na e 0.2619995 Mol
O o 53.71747 Mol
S e 0.00084123 Mol
Si e 2.63E-05 Mol
Sr e 0.00202777 Mol

Composition of composition object “RedoxMtPy” equivalent to 1 mol of magnetite

and 1 mol of pyrite

symIC PCO
Fe e 4
O o 4
S e 2
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App. D Cement sorption values for the cement-based near-field for
Nagra’s safety analysis

Lukas Martin (Nagra), Erich Wieland (CWL Solutions)
D.1 Introduction

D.1.1 Data basis for deriving the cement sorption values

Nagra will consider the sorption of radionuclides in the cement-based near-field in its models as
part of the safety analysis (Nagra NTB 24-18 planned).

For this purpose, the compositions of cement porewaters and the cementitious materials for
cement degradation stages I to III were calculated (see Kosakowski et al. 2023, Appendix A) and
used to derive the current cement sorption database (SDB). In addition, based on the derived
porewater composition for cement degradation stage II, which is considered to be the most
representative stage for the cement-based near-field (see Nagra 2023a), Hummel et al. (2022)
calculated the solubility limits for the to be considered dose-relevant radionuclides for safety
analysis under oxidising and reducing conditions. The solubility limits derived by Hummel et al.
(2022) serve to ensure that the measured concentrations in solution analysed in the cement
sorption experiments compiled in this report are related to sorption processes and not to solubility
limitations.

Based on the calculated solid phase and porewater compositions in the different cement
degradation stages (Kosakowski et al. 2023), cement sorption data were extracted and tabulated
for the following conditions:

e sorption values for unperturbed hardened cement paste (HCP) in cement degradation
stages [ — III under oxidising (oxid.) and reducing (red.) conditions including uncertainty
factors for experimental data (Tab. 7-1)

e sorption values for cement degradation stage IV under oxidising (oxid.) and reducing (red.)
conditions including uncertainty factors for experimental data (Tab. 7-7) to calculate the
“what-if scenario” based on the assumption that the cement is completely degraded in the
near-field

The species distribution of the dominating complexes in the aqueous solutions as calculated by
Hummel et al. (2022) indicates which redox state dominates for multivalent radionuclides, i.e.,
whether the radionuclides are present as reduced species, as expected due to the Hy-rich
atmosphere in the L/ILW repository (Kosakowski et al. 2023), or whether they occur in a more
oxidised state. On this basis, the corresponding sorption value can be selected from Tab. 7-1 for
the consequence analysis according to the procedure described below (cf. Sections D.2 and D.3).

In general, it must be assumed that the waste in the cement-based near-field is heterogeneous in
composition (Nagra 2023a, Nagra NTB 24-18 planned), leading to locally different chemical
conditions for the retention of radionuclides. Most radionuclides are retained by sorption on
cement minerals or by the low solubilities in the corresponding high-pH environment (Nagra
2023a). However, according to the MIRAM-RBG database (Nagra 2023b), some waste types
contain substances (i.e., complexing ligands) that can increase the mobility of radionuclides by
complexation. This may result in a sorption reduction of radionuclides by the cement. According
to Cloet et al. (2014), Nagra (2023a) and Kosakowski et al. (2023), the most important substances
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in terms of their concentration in the porewater of the near-field and their complex-forming
properties are:

e isosaccharinic acid (ISA)

e gluconic acid (GLU)

e cthylenediaminetetraacetic acid (EDTA)
e nitriloacetic acid (NTA)

e cyanide

e nitrate/nitrite

To account for the possibility of increased mobility of radionuclides and/or the potentially
unfavourable retention of the radionuclides by these substances in the case of increased cement
degradation that affects sorption, waste is to be classified into two groups as implemented in the
approach presented in Nagra (2023a). For this purpose, the following data were extracted as part
of this report:

e sorption reduction factors for the complexation of radionuclides in waste group 1 (WG 1)
(Tab. 7-4)

e sorption reduction factors for the complexation of radionuclides in waste group 2 (WG 2)
(Tab. 7-5)

In addition, adsorption of radionuclides onto colloids could also increase their mobility, similarly
to complexing ligands, which is accounted for by:

e colloid factors considered to account for the mobilisation of radionuclides by colloids
(Tab. 7-3).

In Stage 2 of the Sectoral Plan for Deep Geological Repositories, a reference sorption value was
only derived for waste groups 1 and 2, as well as an upper guideline value for each (see
Nagra 2014, Tab. A3.4-3). However, for the probabilistic analyses for the safety analysis (Nagra
NTB 24-18 planned), sorption values are to be derived for a reference scenario for waste groups
1 and 2, as well as optimistic and pessimistic sorption values, respectively.

The methodology described in Nagra (2023a) for classifying the waste group and deriving the
cement sorption values is based on the so-called mixing tank approach with a homogenised, fully
saturated near-field, as also used for the abstraction in the consequence analysis calculations
(Nagra NTB 24-18 planned). 1t is to be noted that partially saturated conditions within the L/ILW
near-field are expected to dominate for at least about 100,000 years, as shown by Papafotiou
et al. (2016), explained in Martin et al. (2023) and documented in Nagra NTB 24-18 (planned).
However, as robust calculations of chemical thermodynamic equilibrium can only be performed
for fully saturated conditions and these conditions represent a conservative abstraction of the
conditions within a repository, a full mixing tank is considered for the waste group classification,
cement degradation as well as for the derivation of the cement sorption values. In fact, the lack of
availability of water within the upper part of the L/ILW caverns (see Fig. 7-4 in Martin et al. 2023,
Nagra NTB 24-18 planned) limits the mobility of colloids (Martin et al. 2023), the degradation
of cement (Kosakowski et al. 2023) and the release of complexing ligands. Therefore, the mobility
of radionuclides will be significantly lower, which means that a consequence analysis performed
with the cement sorption values derived here can be considered very conservative.
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D.1.2 Influence of the composition of C-S-H phases on the sorption behaviour
of HCP

Sorption of radionuclides onto cement in the L/ILW near-field is primarily determined by the
mineralogy of the HCP. The recalculation of cement mineral equilibria with cement porewaters
based on the recently published, revised PSI-Nagra thermodynamic database (Hummel &
Thoenen 2023) showed that AFm phases, which were considered particularly responsible for
anion sorption in earlier cement SDBs (e.g. Wieland 2014), are not stable in the long term. This
is a consequence of new thermodynamic data determined experimentally for iron-containing
hydrogarnet. The high thermodynamic stability of this phase (incorporation of Fe and Al) leads
to thermodynamic instability of the AFm phases (Al is preferentially bound in hydrogarnet). As
a consequence, the C-S-H phases, which are considered to be responsible for cation sorption, are
also considered to be responsible for anion sorption. Therefore, the presence of C-S-H phases is
particularly decisive for both cation and anion sorption. As indicated in Section 3.3.4, C-S-H
phases with a higher Ca/Si molar ratio have a higher anion sorption capacity compared to C-S-H
phases with a Ca/Si ratio < 1.1. The reason is that the latter C-S-H phases have a negative surface
charge due to negatively charged silanol groups, which strongly reduces anion sorption. If the
Ca/Si ratio of the C-S-H phases is > 1.1, Ca* ions sorb on these negatively charged silanol groups
and cause a reversal of the surface charge, i.e., a positive instead of a negative surface charge
dominates, which favours anion sorption.

In Nagra (2023a), it is shown that the molar Ca/Si ratio of the calculated cement paste agrees well
with that of the C-S-H phases with a Ca/Si ratio of 1.1. For this reason, this criterion was applied
as the limit for cement sorption in the waste group allocation (see Nagra 2023a, Section 2.3),
which is also consistent with the experimentally determined sorption values in this report.

For cement degradation stage II, the investigated C-S-H has a Ca/Si ratio of ~ 1.5 and for cement
degradation stage III, the Ca/Si ratio is 1.1. It should be noted that the differences in the values
extracted for degradation stages II and III for the RBG are very small for most radionuclides (see
Tab. 7-1). Mostly minor differences occur only for Ca, Al, Si, Sr, Ra, '*COs>, Mo and Pb. This
does not apply to Al, Si and Pb, which show significantly higher sorption in cement degradation
stage III.

D.1.3 Complexing ligands

Complexing ligands, i.e., substances that can increase the mobilisation of radionuclides by
complex formation after their release from the waste, are present in elevated concentrations in
various types of waste binders. In Cloet et al. (2014) and in Nagra (2023a), waste package types
have been divided into waste groups 1 and 2 based on concentration limits of complexing ligands
in the cement pore solution (see Section 2.4 in Nagra 2023a). For waste in waste group 2 with
elevated concentrations of complexing ligands, sorption reduction factors were derived for the
corresponding reference sorption values (Tabs. 7-4 and 7-5). It is to be noted that with the update
of the PSI-Nagra thermodynamic database (Hummel & Thoenen 2023), quality-checked data for
EDTA have been added to the thermodynamic database. Work by DiBlasi et al. (2021) has shown
that strong quaternary Ca-Pu(IV)-OH-EDTA complexes could form in cement porewaters, which,
according to the calculations by Hummel et al. (2022), could lead to a strong increase in the
solubilities of Ni, Np, Pu and U. Based on the assumption that an increase in solubility could also
lead to a reduction in sorption of the corresponding radionuclide on HCP, sorption reduction
factors corresponding to the increase in solubility were defined. However, it should be noted that
this assumption has not yet been verified and may be very conservative. The quaternary
complexes for waste group 2 are currently assumed to reduce radionuclide sorption by the inverse
factor affecting solubility (factors of 811, 7,800 and 31,900 for Np, Pu and U, respectively). For
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this reason, the resulting cement sorption values for waste group 2 used for the pessimistic case
in the safety analysis for the RBG (Nagra NTB 24-18 planned) are much lower than those
previously used in Stage 2 of the Sectoral Plan (Wieland 2014, Nagra 2014).

D.2 Derivation of the sorption values for the cement-based near-field for the
safety analysis

D.2.1 Approach

The derivation of the sorption coefficients for the cement-based near-field is based on the broad
set of data documented in the present cement SDB, derived through careful analysis and taking
into account the specific conditions of the cement-based near-field. These data form the basis for
the derivation of the sorption values used in the safety analysis. Chapter 7 presents the databases
based on which the sorption values have been calculated:

e The sorption coefficients for cement degradation stages I to III (DS-I to DS-III) for oxidising
(ox.) and reducing conditions (red.) are documented in Tab. 7-1.

e Sorption reduction factors for colloids are documented in Tab 7-3.
e Sorption reduction factors for waste group 1 (WG 1) are documented in Tab 7-4.
e Sorption reduction factors for waste group 2 (WG 2) are documented in Tab 7-5.

e Sorption coefficients for cement degradation stage IV are documented in Tab 7-7. These

values are used for the “what-if scenario” assuming “no cement sorption present in the near-
field”.

e  Waste group assignments are documented in Nagra (2023a) and in the associated spreadsheet.

e The corresponding valences of radionuclides have been assigned based on the species
distributions obtained from the calculations of solubility limits in the cementitious near-field
according to Hummel et al. (2022).

The sorption coefficients (Ra™) were calculated with Eq. D-1 (Eq. 2 in this report):

0
ReT — Rq (D-1)

d Feolloid sorpt. red.fact.‘FComplexation sorpt.red.fact.’FSorption Comp.red. fact.

Ry Reference sorption value of radionuclides on HCP

Fcotoid sorpt.red. fact.: Factor to account for sorption reduction of radionuclides through the
presence of colloids

Fomplexation sorpt.red.fact.: ~ Factor to account for sorption reduction of radionuclides through the
presence of complexing ligands

Fsorption comp. red fact.: Reduction factor due to possible sorption competition, which can be
set to one (= 1), since the sorption capacity of the HCP is not
exceeded
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For waste group 1, the sorption values were calculated as follows:

For the reference sorption values, the reference sorption values for DS-II (red.) were selected
as initial values (Tab. 7-1) and modified according to Eq. D-1 by taking into account the
colloid factors (Tab. 7-3) and the sorption reduction factors for waste group 1 (Tab. 7-4).

For the optimistic sorption values, the calculated reference sorption values were multiplied
with the associated uncertainty factor from Tab. 7-1.

For the pessimistic sorption values, the reference sorption values for DS-III (red.) were
selected as initial values and modified according to Eq. D-1 by taking into account the colloid
factors (Tab. 7-3) and the sorption reduction factors for waste group 1 (Tab. 7-4) and finally
dividing the result by the uncertainty factors (Tab. 7-1). The lower solubility limits were used
for Ni, COs*, Ca, Al and Si (see Section D.4).

For waste group 2, the sorption coefficients were calculated as follows:

For the reference sorption values, the reference values for DS-II (red.) were chosen as initial
values (Tab. 7-1) and modified according to Eq. D-1 by taking into account the colloid factors
(Tab. 7-3) and the sorption reduction factors for waste group 2 (Tab. 7-5).

For the optimistic sorption values, the optimistic sorption values derived for waste group 1
were chosen as initial values and modified according to Eq. D-1 by taking into account the
sorption reduction factors for waste group 2 (Tab. 7-5). Note that in the case of the optimistic
sorption values for waste group 1, the colloid factors and uncertainty factors have already
been considered.

For the pessimistic sorption values, the reference sorption values for DS-III (red.) were
chosen as initial values and modified according to Eq. D-1 by taking into account the colloid
factors (Tab. 7-3), the sorption reduction factors for waste group 2 (Tab. 7-5) and finally
dividing the result by the uncertainty factors (Tab. 7-1). The lower solubility limits were used
for Ni, COs%, Al and Si (see Section D.4).

For the “what-if scenario” (no cement in the near-field; DS-IV), the sorption values were
calculated as follows:

For the optimistic sorption values, the column “Degraded near-field in DS-IV (70 wt.%
calcite)” was selected as the initial values from Tab. 7-7 and multiplied with the uncertainty
factors (Tab. 7-7).

For the pessimistic sorption values, the column “Degraded near-field in DS-IV (70 wt.%
calcite)” was selected as the initial values from Table 7-7 and divided by the uncertainty
factors (Table 7-7).

It should be noted that sorption values assigned to DS-IV do not account for sorption reduction
by colloids and complexing ligands.
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D.3
The

Extended assumptions for the derivation of the sorption values
following extended assumptions were made:

For U and Pa, the values under oxidising conditions in DS-II (ox.) were used to derive the
reference and optimistic values due to the mixed solubilities and speciation reported by
Hummel et al. (2022). Under these conditions, U(VI) and Pa(V) are the predominant redox
states. For the pessimistic values, the values under reducing conditions in DS-II (red.) were
used with the appropriate sorption reduction factors.

For Al, Si, and Pb, the pessimistic values were calculated for both waste groups using an
alternative approach regarding the conservatism of the values. Since for these elements, the
initial values for DS-III (red.) were found to be substantially higher than the initial values for
DS-II (red.), the pessimistic values were higher than the reference values in each case.
Therefore, for the calculation of the pessimistic values, the reference values were divided by
the uncertainty factors.

For Pu, a sorption reduction factor of 1 was used for waste group 1 because all EDTA-
containing wastes have been assigned to waste group 2 (see Nagra 2023a).

For Pa, no experimental and modelled solubility and speciation data are available. Because
of the uncertainty regarding the redox state, the initial values assigned to oxidising conditions
in DS-II (ox.) were used for conservatism.

As previously mentioned, there are no EDTA-containing wastes in waste group 1. Therefore,
no sorption reduction factors involving EDTA were taken into account in the case of waste
group 1. For the other complexing ligands to which sorption reduction factors were assigned,
these factors were taken into account accordingly.

According to Nagra (2023a), GLU is only present in waste package types assigned to waste
group 1. For this waste group, sorption reduction by GLU has to be considered only in the
case of tetravalent actinides (Th(IV), Np(IV), Pu(IV)). Thus, the corresponding sorption
reduction factors for waste group 1 were used. When calculating the optimistic sorption
values for waste group 2 from the optimistic sorption values for waste group 1, the sorption
reduction due to GLU was not taken into account, since GLU is not present in the binder types
of waste group 2.

In Stage 2 of the Sectoral Plan for Deep Geological Repositories (Nagra 2014), the values for
DS-I were chosen for Cl, Cs, and Se because they were lower (more pessimistic) than the
values for DS-II. For the RBG, the values for DS-II (red.) are lower (more pessimistic) in the
case of Cl and Se and were selected accordingly.

In the case of Se, for the sake of conservatism, the lowest (pessimistic) sorption values for
DS-II were chosen for the reference and optimistic cases, and for the pessimistic case for
DS-III, in each case under reducing conditions.

In Stage 2 of the Sectoral Plan, so-called “shared solubilities” were used for Cinorg, Co, and
Ni because experimental data did not support the idea of a sorption process on HCP. It was
shown that cobalt is not a dose-relevant nuclide, and therefore no values are selected for the
RBG. In the case of Cinorg and Ni, the values for DS-II (red) are based on a “shared solubility”
approach.

For dissolved organic carbon compounds, the reference Ry value of 0 m3/kg was set for waste
group 1 and waste group 2. For the pessimistic and optimistic case, the following values were
selected for both waste groups: pessimistic value Rq = 0; optimistic value Rq = 10~ m?/kg.
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D4 Derivation of lower pessimistic limits for waste groups 1 and 2 based on
the solubility calculations of dose-relevant nuclides in the cement
porewater

In the case of Ni, CO;%, Ca, Al, and Si, whose retention in the cementitious near-field is assumed
to be based on “shared solubility”, the lowest ranges of solubility limits derived by Hummel et al.
(2022) were considered as an alternative approach to determining the lowest sorption values for
pessimistic calculation cases for waste groups 1 and 2 (see excerpt from Tab. 4-3 and 4-5 of this
report):

Tab. D-1:  Estimated Rq values for >*Ni and “CO;* for the three stages of cement degradation
in the L/ILW repository (accessibility factors f = 0.1 for **®Ni and f = 0.01 for
14co32-)

Alias Tab. 4-3

Radionuclide Ra value
[m3/kg]
Best estimate” Lower bound™
3%63Ni — all stages 0.41 0.01
14co32-
Stage I 4.6 - 10" (suboxic) 10"
Stage 11 1.55 (anoxic) 1.0
Stage 111 2.04 (anoxic) 1.0

Estimated with Eq. (3) using the parameters given in Tab. 4-2.
*  Estimated based on uncertainty ranges of the parameters.

5

To ensure that the conservative sorption coefficients for the pessimistic case of the safety analysis
are used nonetheless, the calculated sorption coefficients were compared to the lower solubility
limits for the elements Ni, CO;>, Ca, Al and Si and the lowest values from Tabs. D-1 and D-2
were used (see Tab. D-3).

In the implemented approach to derive the pessimistic sorption values, mostly the sorption values
for DS-III (red.) were used and accounted for the sorption reduction by complexing ligands and
colloids as well as sorption competition according to Eq. D-1. It should be noted that the
calculated sorption reduction factors for EDTA (Tabs. 7-4 and 7-5) are based on the calculated
solubility limits reported by Hummel et al. (2022). In case these calculated (pessimistic) values
were higher than the reference sorption values, the sorption values for DS-III were divided by the
uncertainty factors to estimate the lowest (pessimistic) sorption values.

As previously mentioned, the sorption reduction factors in the presence of EDTA for waste
group 2, especially those for the actinides, are associated with a large uncertainty because full
sorption reduction is considered, while possible adsorption of the quaternary complexes to cement
phases, where Ca is the surface-bound counterpart, is excluded. In this regard, Hummel et al.
(2022) writes: “Note that although the mentioned Ca-Pu(IV)-OH-EDTA complex completely
dominates the aqueous cementitious Pu system, there is no experimental data yet whether and to
what extent this and chemically analogous complexes may sorb to cement solid phases.”
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Tab. D-2:  Estimated operational Ry values for *'Ca, 2°Al and 32Si for the three stages of cement
degradation in the L/ILW repository (accessibility factor f=0.1 for all radionuclides)
Alias Tab. 4-5
Radionuclide Ravalue
[m3/kg]
Best estimate” Lower bound™
41Ca
Stage I 3.2-10" 1.0 - 10!
Stage 11 5.8 107 1.0 - 102
Stage 111 1.0 - 102 1.0 - 107
26A1
Stage I 2.5 0.5
Stage 1T 0.1 0.02
Stage 111 45 10
3zsi
Stage 1 52 1
Stage IT 0.2 0.05
Stage 111 1.5 0.5

5

Estimated based on the uncertainty ranges of the parameters

Estimated with Eq. (3) using the near-field parameters given in Tab. 4-4.

Tab. D-3:  Comparison of the sorption values calculated according to the above procedure
(Eq. D-1) or alternatively taking into account the solubility limits in the cement
porewater (m>/kg)

The pessimistic values used are marked in bold.
Element Waste group 1 Waste group 2
Calculated Solubility-limited Calculated Solubility-limited
according to concentrations according to concentrations
Eq. D-1 Eq. D-1
Ni 0.29 0.01 0.014 0.01
COs* 1.41 1.0 1.41 1.0
Ca 7.14 - 107 1.00 - 103 7.14 - 10 1.00 - 1073
Al 7.14 - 102 2.00 - 102 7.14 - 102 2.00 - 102
Si 0.143 0.05 0.143 0.05
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Derived sorption values for the safety analysis
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The cement sorption values have been calculated according to the approach outlined in

Sections D.2 to D.4. The values are listed in Tab. D-4.

Tab. D-4:  Extracted sorption values (Rp) for the cementitious near-field for use in the safety
analysis
optimistic value (optim.), pessimistic value (pess.)
Waste group 1 Waste group 2 What-if scenario
DS 1V

m3/kg reference optim. pess. reference optim. pess. optim. pess.
Ca 5.80-102 | 8.12-102 | 1.00-103 | 5.80 107 8.12-10° |7.14-10*| 1.16 - 10* | 1.06 - 10
Al 0.10 0.14 2.00 - 102 0.10 0.14 2.00 - 102| 1.16 - 10* | 1.06 - 1075
Si 0.20 0.28 0.05 0.20 0.28 0.05 0 0
Cs 5.00 - 10* | 1.65-103 | 1.52-10* | 5.00-10* | 1.65-10% |1.52-10% 0 0
Sr 1.00 - 102 | 1.40-102 | 7.14-10* | 1.00 - 10 1.40 - 102 |7.14-10*| 1.16 - 104 | 1.06 - 107
Ra 5.00 - 102 | 7.00 - 102 | 3.57-102 | 5.00 - 10 7.00 - 102 [3.57-102| 1.16 - 10* | 1.06 - 10?
HCos* 1.60 224 1.00 1.60 224 1.00 2.94-103|1.50 - 1073
Organics 0 1.00 - 1073 0 0 1.00 - 1073 0 0 0
Cl 1.00 - 10* | 3.30-10* | 3.03-10° | 1.00-10* | 3.30-10* [3.03-103 0 0
1 1.00 - 10* | 3.30-10* | 3.03-10° | 1.00 - 10* 3.30 - 10* |3.03 1073 0 0
Se 1.00 - 10* | 3.30-10* | 3.03-10° | 1.00 - 10* 3.30 - 10* [3.03 1073 0 0
Mo 2.50-102 | 3.50-102 | 1.43-102 | 2.50-102 | 3.50-102 |1.43-1072 0 0
Te 1.0 1.40 0.71 1.0 1.40 0.71 0 0
Fe 5.00 - 102 | 7.00 - 102 | 3.57-102 | 4.76 - 10* | 6.67-10* |3.40-10%|4.90-10*|2.50 - 10+
Ni 0.41 0.57 0.01 2.73 - 102 3.83-102 [4.76-10%|4.90 - 104 | 2.50 - 10*
Ti 9.80 32.35 2.83 0.98 3.24 0.28 8.33-10% | 4.25- 10+
Zr 9.80 32.35 2.83 0.98 3.24 0.28 8.33-10*|4.25-10*
Nb 1.0 1.40 0.71 1.0 1.40 0.71 0 0
Ag 1.00 - 10* | 3.30-10* | 3.03-10° | 1.00 - 10* 3.30 - 10* [3.03 1073 0 0
Hg 1.00 - 10* | 3.30-10* | 3.03-10° | 1.00 - 10* 3.30 - 10* [3.03 1073 0 0
Sn 19.23 63.46 541 1.92 6.35 0.54 3.72-10%|1.90 - 10*
Pb 3.0 4.20 2.14 0.60 0.84 0.43 1.96 - 102 0.01
Po 0 0 0 0 0 0 9.24 - 10 | 8.48 - 10°¢
Ho 83.33 275 15.15 8.25 - 102 272107 |1.49-102| 1.27 - 10" | 6.50 - 10
Ac 83.33 275 15.15 8.25 - 102 272107 |1.49-102| 1.27 - 10" | 6.50 - 10
Th 9.80 32.35 1.52 4.17 - 102 1.62 - 107 |7.58 - 10| 4.41 - 102 | 2.25 - 10
Pa 44.64 147.32 15.15 4.17 14.73 7.58 -103| 4.51 - 103 | 2.30 - 1073
U 19.23 63.46 15.15 1.67 6.35 4.59-10%)9.31-102 | 4.75- 10
Np 9.80 32.35 1.52 4.17 - 102 1.62 - 107" |7.58 103|539 - 102 | 2.75 - 10
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Tab. D-4:  Cont.

Waste group 1 Waste group 2 ‘What-if scenario

DS1V

m3/kg reference | optim. pess. reference optim. pess. optim. pess.
Pu 9.80 32.35 1.52 9.26 - 107 | 3.59-102 | 1.68- 107 1.96 1.00
Am 83.33 275 15.15 8.25-102 | 2.72-107" | 1.49 - 102 0.98 0.50
Cm 83.33 275 15.15 825-102% | 2.72- 10" | 1.49-102 | 8.53-10" |4.35 10"
Cf 83.33 275 15.15 825-10% | 2.72- 10" | 1.49-102 | 8.53-10" |4.35 10"
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